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Abstract: Global mangrove deforestation has resulted in substantial CO2 emissions to the
atmosphere, but the extent of emissions from soil organic carbon (C) loss remains difficult to assess.
Here, we sampled 5 intact and 5 deforested mangrove plots from Tsimipaika Bay, Madagascar, to
examine the loss of soil C in the 10 years since deforestation. We estimated tree biomass and
analysed grain size, 21°Pb activities, organic C and total nitrogen (N) and their stable isotopes in soils
as well as dissolved organic C in surface waters. Deforested soils revealed evidence of disturbance in
the upper 14 g cm (~ 40 cm) when compared to reference intact soils, indicated by lower porosity,
higher dry bulk density, an order of magnitude higher soil mixing and loss of C and N despite no
significant soil erosion. While C loss from biomass was unequivocal and was estimated at 130 Mg C
hal, the C loss from soils was more difficult to assess given the large heterogeneity of intact forest
soils. We estimated that the loss of C due to mangrove clearing and soil exposure over 10 years was
equivalent to ~ 20% of the upper meter soil C stock, and ~ 45% of the C stock accumulated during
the last century. Soil C loss rate was 4.5 times higher than the C sequestration rate in reference intact
soils. These results emphasize the importance of mangrove conservation for CO2 emissions
mitigation, as they suggest that deforestation-C losses will take substantially longer to offset with

mangrove restoration.

Keywords: Mangroves, deforestation, soil carbon, soil disturbance, CO> emissions, Madagascar.
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1. Introduction

Mangroves are an important natural resource in the tropics and sub-tropics and provide a
wide range of ecosystem services, including coastal protection, support of fisheries and biodiversity,
nutrient cycling and carbon sequestration (Barbier and others 2011). Their high rates of primary
production and the low rates of organic matter decomposition in their flooded soils lead to
mangroves having some of the highest soil organic carbon (C) stocks among forested ecosystems
(Donato and others 2011; McLeod and others 2011). However, the C stored in their soils is
vulnerable, as mangroves have been widely degraded and converted to alternative land-uses,
resulting in losses of ecosystem services (Alongi 2002) and significant carbon dioxide emissions
(COy) to the atmosphere as previously stored C is remineralized to CO. (Lovelock and others

2017D).

Consequences of mangrove soil disturbance include subsidence; as roots die, soil volume
collapses and erosion occurs, resulting in loss of soil C. These effects are generally most severe and
longer lasting when caused by anthropogenic versus natural perturbations (Ellison and Farnsworth
1996; Twilley and Day 2012). Soil C loss has been observed, for instance, where soils have been
excavated for the construction of aquaculture ponds (Ong 1993; Kauffman and others 2014). At sites
where mangroves have been removed or uprooted due to human activities or where there have been
intense storms, losses of soil C have been inferred from changes in soil elevation (Cahoon and others
2003; Lang’at and others 2014) or measured as CO- efflux (Lovelock and others 2011; Sidik and
Lovelock 2013; Lang’at and others 2014). Although deforestation has been the major cause of forest
loss in the past, there are few studies that have directly measured the change in soil C content in
mangrove soils when forests are degraded, but soils remain in place (Kauffman and others 2016;

Grellier and others 2017; Adame and others 2018).
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A change in soil C content with mangrove deforestation may occur directly as a consequence
of biomass loss and/or indirectly due to factors affecting soil biogeochemical processes, such as a
change in temperature, physical protection or aeration. For example, variations in mangrove biomass
may reduce inputs of labile C and nutrients from detritus, and increased soil temperature from direct
sun exposure may result in further loss of soil C (Granek and Ruttenberg 2008). Destructive
practices, such as clear cutting, mechanically redistribute C in the soil (Yanai and others 2003;
Zummo and Friedland 2011; Lundquist and others 2014), enhancing oxygen diffusion, altering
microbial communities and organic C remineralization (Kristensen and Alongi 2006). Physical
mixing processes modify the soil structure, transport conditions and soil chemistry, hence potentially
changing the availability of C and N for associated microbial and plant communities (Balesdent and
others 2000). For instance, the addition of biodegradable C to deep stable C stores promotes
microbial respiration of the added and existing organic pools through a priming mechanism (Bianchi
2011), and may accelerate C mineralization beyond that directly derived from mechanical mixing,
contributing to elevated CO2 emissions from soils. Soil C may also be lost as a consequence of soil
erosion or exported as dissolved C, a process which may be accelerated through direct exposure of
mangrove soils to tidal inundation, rainfall, and waves (Thampanya and others 2006; Labriere and
others 2015), as well as through changes in the composition and biomass of benthic mats driven by a
reduction in mangrove litter loading (Delgado and others 1991; Duke and Wolanski 2001; McKee

2011; Grellier and others 2017).

Overall, soil C storage represents a balance of C inputs and losses, and because soil is the
largest reservoir of C in many mangrove ecosystems (Donato and others 2011), small changes in its
pool size may translate into significant CO2 emissions and changes of C fluxes to coastal waters
(Atwood and others 2017; Gillis and others 2017). While it is well established that the harvesting of

terrestrial forests results in a loss of C in organic and mineral soil horizons (Yanai and others 2003;
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Diochon and others 2009; Zummo and Friedland 2011), the impact of mangrove deforestation on soil
C storage remains limited. Direct assessment of these C losses is important for quantifying CO>
emissions from mangrove deforestation and in the value associated with avoiding emissions achieved
through conservation projects (Herr and others 2017). Currently, guidance by the International Panel
for Climate Change on CO2 emission from coastal wetlands (IPCC 2014) has a “tier 1” (i.e., default)
assumption that soil COz emissions and removals are zero for forest management practices in
mangroves. However, the IPCC allows for country-specific “tier 2” (i.c., based on direct
assessments) to be adopted by using a C stock-difference method in order to account for any

emissions associated with forest management practices.

In this study we aim to quantify the C loss from deforested mangrove soils in northwest
Madagascar. Madagascar contains Africa’s fourth largest national extent of mangroves, representing
approximately 2% of the global mangrove area. Since 1990, more than 20% of Madagascar’s
mangrove ecosystems have been heavily deforested because of the increasing demand for charcoal
and timber by urban populations (Jones and others 2016a), which is the primary cause of mangrove
deforestation in the broader East African region (FAO [Food and Agriculture Organization of the
United Nations] 2007). We sampled soil cores from plots that were either within deforested and
intact forest areas to assess the change of soil C after clearing. We described the physical
characteristics of soils with depth, quantified the variation in C and N contents, and estimated
sediment accumulation rates, soil mixing and potential erosion using the natural radionuclide lead-
210 (?*°Pb) (T2 22.3 yr) (Appleby 2001; Arias-Ortiz and others 2018). We also measured
dissolved organic C (DOC) in adjacent coastal surface waters to assess the effects of deforestation on
DOC export 10 y later. Finally, we use our data to estimate the fate and total change of soil C since

mangrove clearance.

2. Methods
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2.1 Study site

This study was conducted in Tsimipaika Bay (previously referred to as Ambanja Bay; Jones
and others 2016a) in northwest Madagascar (48°28°E, 13°30°S), where anthropogenic mangrove loss
is particularly prominent due to extensive extraction for charcoal and timber (Jones and others 2014).
Together with Ambaro Bay, the Tsimipaika-Ambaro Bay complex forms Madagascar's second most
extensive mangrove ecosystem, with over 40,000 ha of mangrove forests (Jones and others 2014,
2016a). The site is characterized by a humid sub-tropical climate and is influenced by semi-diurnal
tidal ranges varying between maximums of 3.0 — 3.5 m (Rasolofo and Ramilijaona 2009). Mangrove
soils in this region are underlain by alluvial and lake deposits (Jones and others 2016b) flooded by
sea level rise. Contemporary localized mapping supported by field observations indicated that, in
2010, anthropogenic activities had driven substantial deforestation (1,000 ha) mostly near the
southwest region of the peninsula that separates the two bays (Jones and others 2014) (Fig. 1).
Deforestation heavily targets closed canopy mangrove forests followed by open canopy mangroves
(Benson and others 2017), which represent 30 and 56% of the total mangrove area at the Tsimipaika-
Ambaro Bay complex, respectively (Jones and others 2014). Rhizophora mucronata is favored for
the charcoal production process, in which trees are felled by hand and carried to nearby temporary
Kilns to be carbonized. Non-Rhizophora species and unwanted prop roots are burned to heat kilns,

although large volumes of downed wood are often discarded at the site.

In November 2016, we sampled soil cores from 5 plots that were cleared between 2006 and
2008 and from 5 plots from an intact forest (Fig. 1). The deforested and forested plots were spatially
separated by ~5 km but had relatively similar environmental conditions such as species composition,
hydroperiod, type and proximity of bedrock and nutrient inputs. Within the sampled plots, four
species of mangroves were present: Rhizophora mucronata, Bruguiera gymnorhiza, Ceriops tagal

and Sonneratia alba (Table 1). Intact plots were all well-formed, closed (> 60%) canopy mangroves,
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consisting of high stature trees (mean height: 9.0 + 0.5 m) of variable density (800 - 4,700 ha). The
average diameter at breast height (1.3 m, dbh) was 12 + 2 cm. Deforested plots used to contain
closed canopy mangrove forests (Blue Ventures, personal communication) and this was evident from
plots comprised of Ceriops tagal or Bruguiera gymnorhiza where the boles left in place after tree

removal lead to stump densities ranging from 1,000 to 11,400 ha™* (Table 1).

Aboveground tree biomass at each plot (Table S1) was derived from tree diameter and height
measurements using generalized species-specific allometric equations (Clough and Scott 1989; Cole
and others 1999; Chave and others 2005; Kauffman and Donato 2012) and wood density values
(Chave and others 2009; Zanne and others 2009). These equations were chosen based on the region
in which they were developed and the parameters used to derive them, and have been previously
described in Jones and others (2016b) for use in the same area. The maximum tree diameter and
height measured (18 cm and 10 m, respectively) were within the range of trees used to develop the
equations. Tree belowground-biomass was calculated using the generalized equation presented in
Komiyama and others (2005) and equations from Kauffman and Donato (2012) were used to
estimate the biomass of standing dead wood. From biomass density estimates, the total biomass C
stocks (Mg C ha!) were estimated using conversion factors of 0.50 and 0.39 for above and
belowground estimates, respectively (Kauffman and Donato 2012), and should therefore be
considered as approximate estimates of biomass C. Plot size for tree measurements was 100 m? and

estimates of biomass and C stocks were scaled to the hectare-level.

2.2 Sampling and analytical methods
In order to characterize soil biogeochemical properties, PVC tubes (1.5 m long, 6.2 cm inner
diameter) were hammered into mangrove soils (one at each plot; Fig 1), extracted by hand and

transported to the laboratory. Prior to extracting the core, the depth to the sediment surface inside and
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outside the core was measured in order to assess core shortening during sampling (Glew and others
2001), which averaged 36 £ 10% and 50 + 13% in intact and deforested mangrove soils,
respectively. The PVC corers were cut lengthwise, and the soils inside the corers were sliced at 0.5
cm-thick intervals throughout the first 20 cm, and at 1 cm-thick intervals below this depth. Soil depth
layers were weighed wet and then dried at 60°C until a constant weight was achieved. Soil water
content and dry bulk density (DBD) were then calculated. Soil mass per unit area (g cm) was also
estimated at each layer by dividing the dry sample mass by the core tube area sampled. The lack of a
reference elevation marker in sampled intact and deforested soils made comparisons of soil
properties based upon depth or volume limited and less precise (Gifford and Roderick 2003; Wendt
and Hauser 2013). We thus used the cumulative mass approach. The cumulative soil mass of each
core was calculated by summing their respective soil mass layers to the bottom of the core. Soil
profiles were displayed in terms of cumulative mass rather than depth to accommodate the impact of
changes in the DBD, and thus surface elevation change, which may occur through soil collapse after
deforestation (Cahoon and others 2003; Krauss and others 2010; Lang’at and others 2014), the
influence of trampling (Kauffman and others 2004), swelling and shrinking with changes in moisture

content (Haines 1923) and due to variable soil shortening and compaction during coring.

Soil C and total nitrogen (subsequently notated as N) contents were measured at 1 cm
resolution throughout the upper 30 cm, and in alternate slices every 5 cm below this depth. Prior to
analysis, soil samples were sieved (1.5 mm) to exclude belowground biomass before being ground to
a fine powder. Sub-samples (~ 20 mg) were weighed into silver cups, acidified with 1 M HCI, dried
at 60°C and then analysed using an elemental analyser (Carlo Erba NA1500). No visual evidence of
effervescence was observed during sample acidification, which indicates that minimal inorganic C
was present. Analytical precision (s.d. of n = 26) was + 0.3% for C, £ 0.02% for N and + 4 for molar
C:N ratios. Stable isotopes of sediment C and N (8*3C and §'°N) were analyzed at one core per

treatment location using an elemental analyzer—isotope ratio mass spectrometer (Hilo Analytical
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Laboratory) at the University of Hawaii. Sub-samples for stable isotope analyses were encapsulated
in silver cups and acidified as described above. The use of a weak 1 M HCI solution was chosen
following the recommendations in Kennedy and others (2005). Replicate and control samples (NIST
8704) were also run and the accuracy and precision of 3'3C and 8°N data were of + 0.2%o and *

0.07%o, respectively.

Grain size analyses were conducted down core to evaluate potential erosion, which results in
selective and preferential loss of smaller size grain fractions (Arata and others 2016). Sediment
grain-size was measured with a Mastersizer 2000 laser diffraction particle analyzer following
digestion of bulk samples with hydrogen peroxide to remove organic matter. Sediments were

classified as sand (63 - 1,000 um), silt (4 - 63 um) and clay (< 4 um) (size scale: Wentworth 1922).

Specific activities of 2°Pb were measured down core in order to assess soil accumulation
rates and soil erosion. Total 2°Pb was determined through the analysis of its granddaughter 2X°Po by
alpha spectrometry after complete sample digestion in a HNO3:HF mixture (9:3 ml) using an
analytical microwave in the presence of a known amount of ?°Po added as a tracer (Sanchez-Cabeza
and others 1998). Certified reference materials IAEA-447 and IAEA-385 were analyzed alongside
soil samples. Accuracy of the 21°Ph(?'°Po) measurements averaged 96 + 4%. The specific activities
of 21%Phy used to obtain the age models were determined as the difference between total 2:°Pb and
226Ra (supported 21%Pb). Specific activities of 22°Ra were determined for selected samples within each
core by gamma-spectrometry through the measurement of 2?Ra decay product emission lines of
214pp at 295 and 352 keV and using calibrated geometries in a HPGe detector (CANBERRA, Mod.
SAGe Well). Total 21%Pb activities at depth derived by alpha and ??°Ra specific activities via gamma
were within error of one another confirming agreement between alpha and gamma methods. Mean
sediment accumulation rates over the last several decades to century were estimated for intact
mangrove soils using the Constant Flux:Constant Sedimentation (CF:CS) model applied below the

surface mixed layer (Krishnaswamy and others 1971) following the recommendations in Arias-Ortiz

9
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and others (2018). Mass accumulation rates (MAR) are expressed in cumulative dry mass units (g
cm? y1) and accretion rates (SAR) in mm y*. Carbon accumulation rates (CAR) were estimated as
the product of the fraction of %C accumulated down to the excess 2°Pb horizon (C) by the MAR of
that period (MARy):

CAR = C, - MAR, (Eq.1)
The same equation can be applied to estimate N accumulation rates. Potential soil erosion triggered
by mangrove removal was assessed by comparing the 21°Phys inventories (*1°Pbys activity per unit

area) at deforested mangrove soils against the inventories measured in intact mangrove soils.

Soil C stocks were quantified using equivalent soil mass layers rather than depth to account
for variations in bulk density across sites and down core. The soil mass layers used as the basis for
comparison were 14 g cm (upper), which represented soils accumulated in the last century (based
on the average 21°Phys horizon), 14 - 45 g cm (bottom), and 45 g cm™ (total), which was the average
cumulative mass equivalent to approximately 1 m of soil. Estimates of soil C stocks integrated to a
depth of 1 m are also reported for comparison to global estimates. For the latter purpose, we
corrected soil depth for core shortening by linearly distributing the spatial discordance between the
length of the recovered soil and the depth penetrated by the core tube to the sliced soil layers
following Morton and White (1997). We acknowledge that by using a whole-core value, differential
interval shortening with depth might be underestimated and could lead to erroneous conclusions
regarding the magnitude of deformation and the need for depth corrections. Here, cumulative mass
intervals were used as a reference for detailed depth-dependent quantitative comparisons. A different
coring method that reduces shortening (Hargis and Twilley 1994) or the taking of several intermittent
measurements of soil shortening during coring (Morton and White 1997) would have been necessary

to use depth-based approaches.

Surface water samples were collected over a tidal cycle at 8 sites along the shore adjacent to
the intact (stations 1-4) and deforested (stations 5-8) mangrove areas. The intact sites were sampled

10
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during the flood to high slack tide. The deforested sites were sampled during the ebb to low slack
tide. Samples for total organic C were collected in 20 mL combusted glass vials, acidified to pH of 2
and stored at 4°C until analysis. Samples were analyzed as both filtered (using acid-washed and pre-
combusted syringe GF/F filters) and unfiltered samples. Total and dissolved organic C were
measured using high temperature (720°C) catalytic oxidation (Pt-alumina) on a Shimadzu TOC-V
CPN analyzer (Benner and Strom 1993). Analytical replication (5 injections, 100 L) of consensus
reference material (Florida Straight at 700 m, DOC-CRM program) was run every 10 samples. High
concentrations were also measured diluted with distilled and deionized water. Total organic C versus
filtered DOC concentrations, and high concentration versus diluted samples were found to be the

same within error (+ 50 zmol C L).

2.3 Statistics

Water content, DBD, C and N content and molar C:N ratios in soils as well as DOC
concentrations in surface waters were not normally distributed, and thus non-parametric tests were
used to assess significant differences between intact and deforested areas (Mann-Whitney test) at a
level of significance of < 0.05. We used principal component analysis (PCA) to assess the
relationship between soil properties and the two areas studied (intact and deforested mangroves).
Sediment grain size, 2*°Phys inventories, §°C and 8*°N, and stocks did follow a normal distribution,
hence a two-sample t-test was used to assess significant differences between intact and deforested
mangrove soils. Mean £ SE values are reported throughout the manuscript together with median

values where variables were not normally distributed.

2.4 Emissions from mangrove forest deforestation
We analysed C losses and potential emissions from mangrove deforestation based upon the

variation in C content in the mangrove soil profiles between intact and deforested soils. Likewise,

11
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biomass C loss was estimated as the difference between vegetation C stocks in intact and deforested
plots. The losses of C were reported as CO> equivalents (CO2e), obtained by multiplying C loss
values by 3.67, i.e., the molecular ratio of CO> to C. The mean annual rate of C loss from deforested
soils was estimated as the total soil C stock loss divided by the time elapsed since disturbance (10

years).

3. Results

The effect of deforestation was obvious due to differences in mangrove vegetation compared
to undisturbed sites. Total estimated biomass C stocks in intact plots ranged from 113 to 254 Mg C
hat, while in deforested plots these were substantially lower (0.06 to 9.5 Mg C ha!) and contained
negligible belowground biomass (i.e., roots) (Table 1 and Table S1). The effects of deforestation
were less clear in soils from deforested mangroves, which contained similar average C and N
contents to intact mangroves over the total soil profile (P > 0.05) (Table 2). This was in part because
variability in soil properties within the five intact mangrove cores was large and data followed a
bimodal distribution (Fig. S1). Intact soils Cc19 and Cc20, hereafter referred to as high-DBD intact
soils, were depleted in water content and had significantly higher soil DBD and lower C and N
contents relative to deforested soils (P < 0.01). In contrast, intact plots Cc18, Cc28 and Cc29,
hereafter referred to as low-DBD intact soils, had significantly lower DBD and higher water, C and
N contents than deforested soils (P < 0.01). As a consequence, physico-chemical properties of
deforested soils fell between those of high-DBD and low-DBD intact soils (Table 2).

Multivariate analyses further confirmed that soils from intact mangroves were represented by
two clusters of data and that deforested soils were comparable to a mixture of low- and high-DBD
intact soils, with characteristics closer to low-DBD intact soils (Fig. 2). Principal components Pcl
and Pc2 explained 75% of the total variance among sampled soils. Pc1 comprised 50% of the

variance and was strongly correlated with soil DBD (r = -0.90), water, and C and N contents (r =

12
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0.95, r = 0.95 and r = 0.94, respectively). Pc2 explained 25% of the variance and was strongly

correlated with clay (r = 0.91) and moderately correlated with C:N ratios (r = 0.53).

Concentrations of DOC in surface ocean waters varied widely between stations, with 8 times
higher median concentrations measured during ebb tide (Fig. 3). Stations 1- 3, adjacent to the intact
mangrove area and sampled during the flood tide, had the lowest DOC concentrations (320 £ 30
umol C L) contrasting with those measured at station 4 (3,500 + 50 pmol C L), also adjacent to
the intact forest, but sampled during the high slack to ebb tide. All surface waters nearshore of the
deforested mangroves were sampled during the ebb to low slack tide, leading to some of the highest
DOC concentrations, ranging between 1,000 and 19,400 pmol C L. Due to tidally-driven
variability, no significant differences could be observed in median surface water DOC concentrations

between intact and deforested nearshore areas (P = 0.19).

3.1 Soil physico-chemical properties downcore

Changes in soil physico-chemical properties over the soil profile were observed in low-DBD
intact and deforested mangrove soils only. In soils from low-DBD intact mangroves, DBD increased
linearly and water content decreased with soil cumulative mass (or depth in g cm, hereafter).
Deforested soils, however, displayed a constant and significantly higher DBD, with decreasing water

content over the upper 14 g cm (or ~ 40 cm) (P< 0.01; Table S2) (Fig. 4a and b).

Carbon and N content (%DW) in low-DBD intact mangrove soils decreased steadily
downcore, opposite to the pattern observed in deforested soils, which increased with depth in the
upper 14 g cm (Fig. 4c and d). The mean soil C content of low-DBD intact soils was 8.4 + 0.2% C
in the upper 14 g cm?, 2-fold higher than that in deforested soils (4.7 + 0.2% C). Below this horizon,

however, no significant differences were observed in water, C or N contents between deforested and
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low-DBD intact soils (Fig. 4) (Table S2). In contrast, soil properties of high-DBD intact soils
remained relatively constant and differed significantly from those in low-DBD intact and deforested
soils throughout the soil profile (Table 2).

Molar C:N ratios were high in all sampled soils with averages ranging from 29 to 33, and
increased downcore in low-DBD intact and deforested soils. Correlation between C:N ratios and soil
cumulative mass was positive and significant in all treatments (P < 0.001) except for the high-DBD
intact soils (P > 0.05). The relationship was strongest in the upper 14 g cm? of deforested soils (rs =
0.54) and the slope higher than in the low-DBD intact soils (rs = 0.41) (Fig. S2). Although,
deforested soils were characterized by higher average C:N molar ratios over the total soil profile no
significant differences were observed in bottom layers between low-DBD intact and deforested soils
(Table S2).

Stable isotopes of C and N were analysed for one low-DBD intact and one deforested soil.
Both mangrove soils showed 5'3C values close to -28%o although C in the deforested soil had lighter
average 5'3C values (-28.16 + 0.05%o) than C in the intact soil (-27.5 £ 0.1%o) (P < 0.001). In
contrast, the 3*°N signal averaged 0.92 = 0.10%o and was not significantly different between the two
soil types (P = 0.70). Soil C in low-DBD intact soil showed §*3C values that became slightly heavier
(+1.2%o) over the upper layer and relatively constant in the bottom layer (Fig. 4c). The deforested
soil showed an initial change from heavy to lighter 83C values at ~ 3 g cm™ before becoming
heavier downcore (Fig. 4d). 8'°N showed a similar pattern as §!3C in the intact soil but showed

scattered values down core in the deforested soil.

The grain size distribution of all intact and deforested mangrove soils was relatively
homogeneous over the soil profile. Silt accounted for 52 + 5% and 58 + 6% of dry weight,
respectively. However, the average clay content (< 4 um) in deforested soils (28 + 1%) was about

twice that of high-DBD (11 + 1%) and low- DBD intact soils (15 £ 1%) (Fig. S3). No significant
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differences in clay content were observed with depth in any of the sampled soils (P > 0.01; Table

S2).

3.2210pp

In all intact mangrove soils, the excess 21°Pb (*1°Phys) specific activity decreased from the
surface to below detection at depths between 7 and 17 g cm™ (Fig. 5a). The CF:CS model was used
to estimate average mass accumulation rates over this depth horizon (Krishnaswamy and others
1971), which ranged between 0.070 + 0.014 g cm™? y* and 0.223 + 0.012 gcm? y* (or 0.85 + 0.11
and 8.4 + 0.4 mm y!; Table 3) at intact sites. In deforested mangrove soils, 2*°Pbys horizons were
reached at 10 to 26 g cm (18 + 3 g cm®) but intense soil mixing, indicated by uniform specific
activities of 21°Phys throughout deforested soil profiles, precluded the determination of a valid age
model and sediment accumulation rates at these sites. Indeed, the cumulative mass of the soil mixed
layer was on average 10 times greater in deforested than in intact soils (14 g cm versus 1.4 g cm?)
(Table 3). The 2°Phys inventories in intact mangrove soils varied widely (600 - 4,800 Bq m™),
although the average (2,210 + 800 Bg m™) was not significantly different to that observed in
deforested mangrove soils (mean 1,930 + 220 Bq m™) (P = 0.74), where the 2°Pbys inventory was
redistributed over the soil profile via mixing. It should be noted that high-DBD intact soils contained
the lowest 22°Phys inventories (600 + 100 Bq m). This could potentially mask significant differences
between intact and deforested 2'°Pbys inventories, and therefore, erosion patterns using the targeted
inventory comparison. However, the mean ?1°Phy inventory of low-DBD intact soils was also not
significantly different than that of deforested soils (P = 0.08), indicating the lack of erosion at

deforested sites relative to reference intact sites.

3.3 C and N accumulation rates and stocks
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Mean soil C and N burial rates during the last century within the closed canopy forest ranged
from 18 t0 176 g C m? y* and from 0.7 to 7.2 g N m? y%, respectively, not including belowground
biomass accumulation. In low-DBD intact soils, C and N burial rates averaged 110 + 40 g C m?y!
and 4 + 2 g N m?2 y!, respectively and were similar to burial rates estimated globally (Breithaupt and
others 2012) but 5 times higher than those found in high-DBD intact soils (Table 4). In deforested
plots, soil C and N burial rates could not be estimated due to soil mixing over the entire 2°Phys

record.

Evidence for soil C and N losses was clear between deforested and low-DBD intact soils in
the upper 14 g cm2, which encompasses soils accumulated during the last century, as indicated by the
average depth of 22%Pbys horizon in all sampled soils (Table 3). Over this depth and equivalent period
of accumulation, stocks of C and N in deforested soils were half those of low-DBD intact soils
(Table 4). No significant differences, however, were observed if high-DBD intact soils were included
in the comparison or if stock comparisons were made over the upper 45 g cm or 1 m of soil (P >

0.05 in all cases).

4. Discussion

Changes in soil C stocks following deforestation can be an important component of the
ecosystem C budget and therefore climate mitigation. This is particularly true for ecosystems such as
mangrove forests. In Madagascar, clearing and harvesting of the mangrove forest between 1990 and
2010 has resulted in an estimated net loss of ~ 21% of mangrove cover (Jones and others 2016a), but
the effects of these activities on soil C storage are poorly known. Carbon losses from soils following
mangrove clearance are more difficult to assess than aboveground stocks. The slow rate at which soil
C stocks change and their inherently large spatial variability make quantification of recent changes

unclear, especially when soils have remained on site but have been mixed and/or compacted and
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reference soil depths are no longer valid. As evidenced from the low- and high-DBD intact mangrove
soils in this study and reported elsewhere (Chmura and others 2003; Ferreira and others 2010;
Kauffman and others 2014; Otero and others 2017), intact mangrove soils are heterogeneous. Soil
heterogeneity can be increased by mangroves themselves through biotic processes such as
colonization, root activity and distribution, and decomposition (Boto and Wellington 1984). It can
also occur from environmental processes such as coastal evolution and changes in creek
configuration (Macnae 1969; Semeniuk 1996; Ferreira and others 2010), differences in tidal water
flooding or sediment supply (Chmura and others 2003). We observed a wide range and variability in
soil physico-chemical properties and C and N stocks and accumulation rates in soils from intact
mangroves in Tsimipaika Bay that were independent of aboveground biomass, mangrove species or
distance from shore, but showed a 5-fold difference in soil accretion rates between soils in high- and
low-DBD intact mangrove plots. In contrast, soil properties including ?*°Phbys inventories and C and
N profiles appeared spatially homogeneous among cleared soils, suggesting that deforestation and
the continuous exposure of soils caused a general loss of natural variability. This pattern was also
reported by Stoke and Harris (2015) in New Zealand and, although often overlooked, may be an
additional sign of ecosystem function and service loss (Stover and Henry 2018).

The effects of deforestation and the continuous exposure of soils over 10 years were clear in
the upper 14 g cm™ (or apparent ~40 cm). Over this depth, all deforested soils showed evidence of
disturbance as indicated by lower water content, higher DBD, 10-times higher soil mixing and a
higher depletion of C and N contents at the surface. Pre-existing soil properties and C and N stocks
were unknown at deforested plots. However, the strong convergence of soil properties between
deforested and low-DBD intact soils below 14 g cm (Fig. 4; Table S2) allowed us to use the latter
as a reference for pre-deforestation conditions. This approach has been used previously (Grellier and
others 2017), and gives first-order estimates of biomass and soil C and N loss. Both low-DBD intact

and deforested soils showed isotopic 5'°C values of sedimentary organic C similar to those of
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mangrove vegetation (-29.4 to -27%o; Bouillon and others 2008b) suggesting that the source of
organic matter was predominantly of mangrove origin at both sites. The enrichment of §*°C and §'°N
with depth in low-DBD intact soils was consistent with organic matter decomposition with age
(Fourqurean and Schrlau 2003) and with the Suess effect, i.e., the temporal decrease in atmospheric
CO2 8*3C signature from the burning of fossil fuels (Keeling 1979). This was not observed in the
deforested soil because of sediment mixing in the upper layers. The 10-fold larger soil mixing at
deforested sites could have been caused by trampling by harvesters and dragging of logs during
clearcutting. As shown in the felling of terrestrial forests, most soil damage occurs during wood
transportation from the stump area to the landings (Jamshidi and others 2008; Cambi and others
2015). In addition, 10 years of subsequent exposure of reworked soils could have led to increased
erosion of cleared soils with tides and run off as observed in Grellier and others (2017) two years
after mangrove clearing. However, unlike the study of Grellier et al. (2018) in Vietnam, our data do
not show a winnowing of fine particles at deforested sites. Indeed, our deforested soils contained
twice as much clay per soil volume as intact soils throughout the soil profile suggesting that their
location at the bottom of the U-shaped bay might favor the retention of sediments regardless of
mangrove loss. This is confirmed by similar average 2'°Pbys inventories measured within deforested
and low-DBD intact soils. Despite the large variability at intact sites, results suggest that net soil
erosion was not enhanced at deforested sites, hence could not explain the depletion of C and N

observed in the upper 14 g cm™.

In our study, the observed C depletion measured in the upper 14 g cm? of deforested soils
could have occurred largely because of the lack of new litter supply and the enhanced C
remineralization promoted by soil physical mixing and the exposure of deforested surface soils to
direct solar radiation after canopy loss (Bosire and others 2003; Lovelock and others 2017a). Soil
mixing can impact C processing in multiple ways: by aeration, by mixing labile organic matter to

deeper layers as well as by breaking the soil structure and exposing organic material previously
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protected by burial (Burdige 2007; Middelburg 2018). All these processes promote C mineralization
and CO. emissions to the atmosphere (Lovelock and others 2017a). Assuming that low-DBD intact
soils best represent deforested soils before mangrove clearance, we estimated that soil C loss caused
by deforestation accounted for 50 + 14 Mg C ha %, as indicated by the comparison of C stocks over
the upper 14 g cm™ (Table 4). This C loss would have occurred at a mean rate of 5.0 + 1.4 Mg C ha!
yr during the 10-yr following clearcutting, which is 4.5 times higher than the annual C

sequestration rate estimated in low-DBD intact soils.

Roughly 20% of the upper 1-m C stock, and 45% of that accumulated in the last century,
would have been lost since deforestation relative to low-DBD intact soils. The magnitude of C loss
in the upper 14 g cm was, however, as important as the variability of the C stocks in the upper 45 g
cm (apparent ~1 m) of low-DBD and deforested soils. This may explain why differences in soil C
stocks at a depth of 1 meter could not be detected in this study and others (Lang’at and others 2014),
unless specific soil mass-depth increments that encompass similar accumulation periods were
analyzed. Proportional changes in N stocks were comparable. Results indicated a preferential loss of
N with age (or depth) under natural conditions that was enhanced with disturbance as deforested
soils showed a greater increase in average C:N ratios than intact soils throughout the upper 14 cm
(Fig. S2). Soil C loss occurred in addition to the loss from standing biomass, which was estimated at
130 + 14 Mg C ha® (Fig. 6). Soil C and N losses (versus tree biomass) could have been lower if
deforestation had occurred for mangroves in high-DBD intact plots given their smaller organic C and

N soil content (Lovelock and others 2017a).

Pathways for soil C loss likely include atmospheric emissions as COz and lateral export as
dissolved C to coastal waters. Most research has focused on constraining C losses from soils as
fluxes of CO> following disturbance (e.g., references in Table 5). For comparison, the mean C loss

rate estimated in deforested soils here is equivalent to emissions of 18 + 5 Mg CO ha y*, which
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compare well with CO; efflux measurements after mangrove clearing reported by others (e.g.,
Lang’at and others 2014; Bulmer and others 2015; Grellier and others 2017) and is similar to CO-
emissions inferred from peat collapse due to hurricane damage (Cahoon and others 2003) and from
stock change methods after conversion to cattle pastures (Kauffman and others 2016) (Table 5).
However, our estimated emissions were about 4 times lower than those reported when soils were
excavated and converted to shrimp ponds (Sidik and Lovelock 2013; Kauffman and others 2014,
2018).

Lateral fluxes of dissolved C from cleared mangroves have been rarely considered (Sippo and
others 2019), despite this being the major fate of C from healthy mangrove forests (Bouillon and
others 2008; Maher and others 2018). Although our data were limited, DOC concentrations of waters
nearshore of the deforested and intact forests were very high, even during flood tide, far exceeding
those typical of seawater and coastal waters (~100 and 200 umol C L™, respectively; Barrén and
Duarte 2015), which confirms the importance of mangrove forests, whether intact or degraded, as a
source of DOC to the coastal ocean. The lack of samples taken along river sources and coastal areas
at the same tidal stage precluded assessing the effect of mangrove deforestation on the magnitude of
DOC export. However, because mangrove deforestation limits the supply of new C inputs to the
forest floor, the presence of high DOC concentrations (median: 2,000 umol C L) in waters
nearshore of the cleared area even 10 years after deforestation may suggest that existing soil C
reserves are being depleted. This is consistent with the findings by Maher and others (2017), who
showed that even aged sequestered C in mangroves is susceptible to remineralization and export to
the coastal ocean. This process reintroduces aged C into the modern C cycle and thus could lead to

increased CO> emissions in coastal waters if bioavailable and oxidized (Drake and others 2019).

Mangrove deforestation promotes changes in soil physico-chemical properties and functions

(soil C storage, nutrient processing and vertical accretion) (Grellier and others 2017; Otero and
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others 2017) that enhance the susceptibility of C stocks to remineralization, resulting in potential
changes in C fluxes to the coast and large amounts of CO> to the atmosphere. Using “tier 2”
approaches, we estimate that mangrove deforestation for timber and charcoal in Tsimipaika Bay has
resulted in measurable reductions in total ecosystem C stocks that represents a combined potential
loss of 180 + 20 Mg C ha! from standing biomass and soil organic C stocks in the 10 years since
clearing. While C losses from standing biomass are unequivocal and could contribute significantly to
CO emissions if harvested timber is used as fuel-wood, emissions from soils are more difficult to
assess because of the large soil heterogeneity of intact mangrove forests and the partial export of C to
adjacent aquatic coastal systems. However, our data show that even in the absence of excavation of
soils (e.g. for aquaculture ponds, Kauffman and others 2014) or soil erosion, C losses would have
occurred at a rate that is 4.5 times that which C accumulates in soils of intact closed-canopy forests.
In Tsimipaika-Ambaro Bay, closed-canopy mangrove forests cover 14,000 ha in contrast to 1,000 ha
of deforested soils, which thereby reduce the annual C sequestration capacity of the dense mangrove
ecosystem by 32%. Nation-wide, Madagascar has lost 20,300 ha of mangroves between 2000 and
2010 (Jones and others 2016a). If our results are broadly representative, C loss from cleared
mangrove soils could be significant and account for approximately 20% of total national C emissions
from fossil fuel combustion over that 10 year period (Boden and others 2017). Although rates of
mangrove deforestation have slowed in the last decade (Hamilton and Casey 2016), deforestation of
mangroves is still a nationally important source of emissions for many nations, particularly those
with high rates of deforestation and moderate emissions from other sectors (Taillardat and others
2018). Our results show the importance of avoiding CO2 emissions associated with mangrove
deforestation, particularly, given that establishing high rates of carbon uptake through restoration of
mangroves can take decades (Osland and others 2012). Thus, conservation is an effective mechanism

for reducing CO> emissions. Conservation projects seeking to account for C emissions and removals
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should take into consideration avoided emissions from soils as well as from loss of biomass, even in

cases where excavation of soils has not taken place.

Data availability

Data supporting the findings of this study (DBD, water content, grains size distribution, C and N

contents, 83C and §*°N, 21°Pb and DOC) are available at https://ddd.uab.cat/record/216456 with the

identifier doi:10.5565/ddd.uab.cat/216456
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Table Legends

Table 1. Site characteristics for sampled mangrove plots of Tsimipaika Bay, Madagascar.
Average values for tree height (m), diameter at breast height (dbh) (cm) and trees per hectare (ha™).
Dead tree density in deforested plots equals stump density and regeneration density equals number of

seedlings per unit area. Cc stands for Closed-canopy, De for Deforested, and n.d. for “no data”.

Table 2. Intact and deforested soil characteristics over the upper 45 g-cm2. U and t values of
Mann-Witney and Two-sample t- test results are included for the comparison of soil properties
between intact and deforested mangrove soils. ***Significant at 0.001 level, ** at 0.01 and * at 0.05.

NS is not significant.

Table 3. Sedimentation rates and ?!°Pbxs inventories in intact and deforested soils. The
uncertainties represent the SE resulting from the CF:CS model to obtain the mass accumulation and
accretion rates (MAR and SAR), and ??°Ra specific activities represent the mean and the standard
deviation (n = 5 at each core). Accretion rates (SAR) were corrected for core shortening thus should

be considered as apparent rates.

Table 4. Soil carbon and nitrogen accumulation rates and stocks. Stocks in the upper 1 meter are
also included for reporting purposes and should be considered apparent stocks due to the soil

shortening correction applied.

Table 5. Published C loss rates from degraded mangrove soils. To facilitate comparison among
most other assessments and this study, C losses are expressed as CO> equivalents (CO2e) obtained by
multiplying C loss rate by 3.67. Where rates of C loss were not reported, we estimated a mean annual

C loss as the total soil C stock loss divided by the time since disturbance.
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769 Table 1.

Live Dead

Cor D Spssomange UM T T T et Sy s
(m) (et (had) (Mg C ha)
Cc18 S. alba Riverine freq. 8 18 800 0 0 94 160
Cc19 B. gymnorhiza Riverine infreq. 10 13 2400 200 5200 95 254
Cc20 R. mucronata Basin freq. 9 10 4700 200 800 95 238
Cc28 R. mucronata Basin infreq. n.d. 10 2900 400 2800 93 128
Cc29 R. mucronata Riverine freq. 9 9 2900 600 0 98 113
De27 B. gymnorhiza Riverine freq. 5 7 200 100 0 0.9 3.0
De30 B. gymnorhiza Basin infreq. 0 1000 2000 0.2 1.8
De31 R. mucronata Basin freq. 0 100 0 0.2 0.1
De32 C. tagal Riverine infreq. 0 3000 2400 7 1.4
De33 C. tagal Basin infreq. 0 11400 4400 0.2 9.5
770
771 Table 2.
Soil Class  C%"®  statistic Water DBD (gcm?)  C(%DW) N (%DW) C:N Clay (%)
1D content (%)
';'ng Cc19, Mean+SE 30.1+0.6 0.881 +£0.013 240+0.08 0.095+0.003 28.6+0.6 11.2+1.0
Intact 20 Median 29.1 0.88 2.3 0.093 28.0 10.3

_ Ccl8, Mean +SE 56.9+0.7 0.347 £ 0.008 7.7+0.2 0.314 £ 0.012 29.6+04 153+1.1
Low-DBD 28
Intact 29' Median 58.7 0.36 7.4 0.30 28.9 15

Ccl8, Mean+SE 47.4+0.9 0.580 +0.015 57+0.2 0.231+0.011 29.3+0.3 140+0.8
19,

Intact (all) 20, .
28 Median 48.7 0.49 5.5 0.20 28.8 13.1

29

De27, Mean + SE 445 +0.4 0.415+0.006 511+0.15 0.173+0.003 33.5+0.6 28.1+1.3

Deforeste 22
d 32 Median 44.3 0.41 4.8 0.17 32.6 26.4
33
Treatment Prob>|U| Prob>|t|
Intact (all) vs. Deforested 0.007 ** 1.1.1079 *** 1.00 NS 0.11 NS 2.6-10°8%%*  1.1.1014 ***
High-DBD Intact vs. Deforested Q *** 5.6-10-53*** 4.1.10-26%** 1.7-10°25%** 7.0-10°6%**  9.4.10°10 ***
Low-DBD Intact vs. Deforested Q *** 2.6-109%** Q*** Q*** 2.6:106%**  3.4.10710 **x
772
773
774
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775  Table 3.
COFE MIXII’]g 210Pbxs 226 210 H
D Type depth horizon Ra MAR SAR Pbxs inventory
g cm g cm? Bq kg gcm?yrt mm yr? Bg m?
Ccl9 High-DBD 1.7 7 132 + 15 0.070 = 0.014 085 =+ 011 500 + 50
Cc20 g 2.0 9 126 = 1.3 0.099 = 0.013 111 = 0.15 690 + 40
Cc18 0.8 11 19 + 4 0.094 = 0.007 41 £ 0.2 3170 = 90
Cc28 Low-DBD 1.2 13 13 £ 4 0.10 = 0.02 23 £ 04 1920 £+ 80
Cc29 15 17 13 £ 2 0.223 = 0.012 84 = 04 4750 + 80
Mean (SE) high-DBD 1.9+0.2 8.0+0.8 0.085 + 0015 098 =+ 0.13 600 + 100
Mean (SE) low-DBD 12+0.2 13+£2 014 + 0.04 5 £ 2 3280 = 820
Mean (SE) Intact 14+0.2 11+£2 0.12 + 0.03 34 = 14 2210 = 800
De27 4 14 25 = 6 1940 £ 90
De30 6 14 18 £ 4 1200 £ 70
De3l Deforested 25 24 130 + 14 2580 = 90
De32 8 10 21 = 6 1870 £ 170
De33 26 26 15 £ 2 2040 = 100
Mean (SE) Deforested 145 18+3 1930 + 220
776
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777  Table 4.
Core ID Type C accumulation rate N accumulation rate C stock N stock C stock N stock
0-14gcm?  0-45gcm? 0-14 g cm? 0-45 g cm? 1m 1m

gCm?yri gNm2yrt Mg C ha't Mg N ha? Mg Cha! MgN ha?

Ccl9 . 18 + 4 068 =+ 0.14 32 109 1.3 4.1 218 8

High-DBD

Cc20 25 * 118 * 0.15 33 91 15 3.9 192 8

Ccl8 7% £ 6 34 + 03 108 279 4.4 11 190

Cc28 Low-DBD 64 + 11 22 = 04 87 248 31 8.9 250

Cc29 176 + 9 73 = 04 135 305 5.8 13 229

Mean (SE) High-DBD Intact 21 + 3 09 = 03 324+04 100+9 1.40 £0.12 3.99 +0.06

Mean (SE) Low-DBD Intact 110 + 40 4 = 2 110+ 14 28020 441038 11.0+£1.1

Mean (SE) Intact 70 = 30 30 + 12 8020 200 40 29+0.8 82 220+10 8.3%0.3

De27 64 268 2.1 8 268 8

De30 69 344 2.2 10 279 8

De31 Deforested 53 194 2.1 7 181 6

De32 57 261 31 10 166 6

De33 52 170 2.2 7 135 5

Mean (SE) deforested 60 +3 250 + 30 23+%0.2 8.2+0.7 21030 7.0x05

778
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779  Table 5.
. Years since Method for estimating C €Oz emissions
References Disturbance type disturbance l0ss
Mg COze hal yr
1
This study Clearing 10 C stock change 18 + 5
Grellier and others Clearing ) C stock change 37
(2017) Gas flux chambers 4 o+ 7
Bulmer and others Clearing 0.1-8 Gas flux chambers 21 + 6
(2015)
Lang’at and others Cleari ) C stock change 35 + 45
2014) earing
( Gas flux chambers 25 + 7
Lovelock and others . 1 106
Clearin Gas flux chambers
(2011) g 20 30
Kauffman and others Conversion to cattle 7 16 =+ 6
(2016b) pastures 30 C stock change 7 + 2
Kauffman and others Conversion to
(2014) aquaculture 29 C stock change 82
10-12 107 = 40
Kauffman and others Conversion to
(2018) aquaculture 10-12 C stock change 184 + 10
8 13 + 5
Gas flux chambers in pond 16
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Figure Legends
Figure 1. Map of Tsimipaika Bay in northwest Madagascar with sampled plot locations in

intact and deforested mangrove areas. St. labels are surface water sampling locations.

Figure 2. Principal component analysis on physico-chemical properties of soils from
deforested and intact mangroves. Biplot of variable vectors showing correlation between the
variables, the component and individual factor map. Superimposed on the plot are the
confidence ellipses for categorical variables: deforested soils (orange circles), low-DBD

intact mangrove soils (grey squares) and high-DBD intact mangrove soils (black triangles).

Figure 3. Concentrations of DOC in surface water at 8 stations along the shores of the intact

and deforested mangrove areas.

Figure 4. Soil properties (bulk density, water, carbon and nitrogen contents) with cumulative
mass in intact and deforested mangrove soils. Insets contain soil carbon (8*3C) and nitrogen
(8'°N) stable isotopes with cumulative mass in a low-DBD intact and a deforested mangrove
soil. The line at 14 g cm indicates the separation between the upper and bottom reference

soil mass layers.

Figure 5. Excess 2'°Pb specific activity profiles with cumulative mass in intact (a) and

deforested mangrove soils (b). The filled area illustrates excess ?:°Pb inventories.

Figure 6. Total ecosystem C stocks of intact and deforested mangrove forests of Tsimipaika
Bay, Madagascar. C stocks to 1 m have been corrected for shortening during coring as

described in the Methods and should be considered apparent C stocks.
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