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Abstract

Coastal wetlands are among the most productive and crucial ecosystems on Earth,
providing essential ecosystem services such as carbon sequestration, nutrient burial,
contaminant retention, shoreline protection and biodiversity support. At the same
time, these environments have been exposed to multiple anthropogenic pressures,
including agriculture, urbanization, mining, hydrological modifications, species
introduction, and climate change. Due to their nature as land-sea interfaces, coastal
wetlands integrate material inputs from different sources in their sediments, and in
this context, sedimentary archives constitute powerful tools to reconstruct past
environmental changes and evaluate how human activities have altered ecosystem
functioning through time. This thesis deepens the understanding of anthropogenic
impacts on coastal wetlands through i) the reconstruction of historical metal
contamination, fluxes, and sources in the Mar Menor coastal lagoon (Spain); ii) the
assessment of long-term changes in sedimentary carbon and nitrogen dynamics,
organic matter sources, and nutrient burial associated with agriculture and
hydrological modifications in the same lagoon; and iii) the evaluation of sedimentary
carbon and nitrogen responses and greenhouse gas evolution to tidal wetland
restoration in Hill Slough marsh (California, USA). The results demonstrate that
sediment records provide reliable reconstructions of environmental changes and
their drivers. In the Mar Menor lagoon, sedimentary metal concentrations reflected
the historical influence of mining activities in the nearby mining mountain range and
the more recent influence of urban metal sources. Anthropogenic nutrient loading
due to agricultural intensification and urbanization, hydrodynamic alterations, and
the expansion of allochthonous macroalgae increased nutrient burial and changed
organic matter sources to the sediment in the same lagoon. Finally, this work shows
how tidal wetland restoration rapidly modifies sediment carbon and nitrogen cycling
and greenhouse gas dynamics, highlighting the importance of combining sediment-
based measurements with other techniques such as eddy covariance to achieve a
more complete understanding of ecosystem functioning. Overall, this thesis
underpins the value of sedimentary archives for understanding the evolution of
anthropogenic impacts on coastal wetlands and provides new insights into the

interactions between human pressures and ecosystem buffering mechanisms.
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Thesis structure

This thesis is organized into six chapters:

Chapter 1 constitutes a general introduction to coastal wetlands as dynamic land-
sea interfaces and to their role in regulating sediment, nutrient, carbon, and
contaminant fluxes, and how anthropogenic impacts alter said fluxes. The chapter is

divided into five main sections:

1) A general description of coastal wetlands, including their definition,
diversity, biogeochemical functioning, ecosystem services, and global
vulnerability.

1i) An overview of anthropogenic pressures as perturbations to element
fluxes in coastal wetlands, with emphasis on hydrological and
sediment alterations, trace metal inputs, carbon and nitrogen cycling,
biological fluxes, and other pollutants.

1) A description of conservation and restoration strategies after coastal
wetland degradation.

iv) A summary of sediments as archives of ecosystem change, including
their use as time-integrated environmental records, the application of
geochronological tools, and the interpretation of geochemical proxies.

V) A description of the general and specific objectives of the thesis.

Chapter 2 focuses on the general methodologies employed throughout this thesis,
particularly those applied across multiple chapters or central to their development.

More specific methodological details are provided within each chapter.

Chapter 3 analyzes the spatial distribution and decadal variability of
sedimentary metal concentrations, fluxes, and sources in a Mediterranean
coastal lagoon, the Mar Menor, during the last century. This work was
published in Marine Pollution Bulletin in 2025.
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Chapter 4 assesses the anthropogenic nutrient inputs and ecosystem responses
in the Mar Menor coastal lagoon. This includes quantifying organic carbon
(Corg) and total nitrogen (TN) stocks and burial rates, evaluating their spatial
and temporal variability, and identifying changes in sedimentary nutrient
sources using stable isotope mixing models. This work will be submitted to

Limnology & Oceanography.

Chapter 5 examines biogeochemical changes in soils and greenhouse gas
fluxes following wetland restoration at Hill Slough, a tidal wetland in the
Sacramento-San Joaquin Delta, California (USA). This work is currently in

preparation.

Finally, Chapter 6 synthesizes the main findings related to this thesis and

provides perspectives to develop future work related to it.
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1. Introduction



Living in the earth-deposits of onr bistory.

Adrienne Rich



1.1 Coastal wetlands

1.1.1 Definition and diversity

Wetlands, as defined under the Ramsar Convention on Wetlands (UNESCO, 1971),
are “areas of marsh, fen, peatland or water, whether natural or artificial, permanent
or temporary, with water that is static or flowing, fresh, brackish or salt, including
areas of marine water the depth of which at low tide does not exceed six meters”.
While this definition focuses on physicochemical characteristics, wetlands are
increasingly recognized as complex social-ecological systems (Newton et al., 2020),
shaped by long-standing interactions between biophysical processes and human
activities. This perspective is particularly relevant in coastal zones (<100 km from
the coast), where more than one third of humanity lives (Reimann et al., 2023).
Wetlands include a broad range of ecosystems and habitats, such as inland peatlands,
unvegetated mudflats, coastal vegetated ecosystems, macroalgal beds, lagoons, river
mouth systems, and shallow bays. Coastal vegetated ecosystems, often referred to as
blne carbon ecosystems, include mangrove forests, tidal marshes, and seagrass meadows.
Macroalgal beds, coastal lagoons, and bays can be considered wetlands when they
fall within the depth limits defined above. In total, wetlands occupy approximately
6% of the global land surface (Junk et al., 2013).

Coastal wetlands are estimated to occupy 1.42 X 10¢ km? (N. C. Davidson &
Finlayson, 2019), which represents approximately 9% of wetlands worldwide.
Coastal wetlands function as transitional zones between land and sea, where
exchanges of sediments, nutrients, and pollutants are central to ecosystem
functioning. The diversity of coastal wetland types supports a wide range of primary
producers that structure ecosystem functioning, including microbial mats,
herbaceous plants, shrubs, mangroves, seagrasses, and macroalgae, with different
characteristics in terms of productivity, nutrient burial, and global area lost (Table
1.1). These habitats have been identified as areas of global importance for
biodiversity, constituting key areas for migratory routes of bird populations and
critical breeding habitats for fisheries (Ghosh et al., 2024; Hamza et al., 2024).



Table 1.1 Global comparison of main characteristics for coastal wetland habitats.
Values are global ranges or medians, except for underlined references, which were
chosen when global estimates were unavailable.

Area Net primary C,rg sediment N sediment Corg burial rates Lost area
(km?) production stocks stocks ([gCmZyrt) (% yr)
(TgCyr?) (Mgha?) (Mg ha'!)
Tidal marshes 32,000~ 21(b) 270 (c) 3-23(d,e) 200 (f) 0.28(g)
, 60,000 (a)
7
Mangroves 150,000 (h) 54 (b) 500 (i) 50 (j) 140 (k) 0.14(l)
Seagrass 160,000 - 83- 140 (n) 78 (o) 4.7-11(p,d) 27(q) 7(r
meadows w 270,000 (m)
Macroalgal 6.1 million (s) 1,300(s) 23-62 (%) 3-7.2(t,%) 5-45(t,u,”)
beds
Y
Tidal flats 128,000 (v) 11 (w) 86 (x) 14 (y) 130 (x) 0.5(v)

(a) (Worthington et al., 2024) (b) (Alongi, 2025) (c) (Maxwell et al., 2024) (d) (Martins et
al., 2022) (e) (Jiménez-Ramos et al., 2025) (f) (Martinetto et al., 2023) (g) (Campbell et al.,
2022) (h) (Jia et al, 2023) (i) (Alongi, 2020a) (j) (Alongi, 2020b) (k) (Breithaupt &
Steinmuller, 2022)(l) (Bunting et al., 2022) (m) (McKenzie et al., 2020) (n) (Gomis et al.,
2025) (o) (Krause et al., 2025) (p) (Apostolaki et al., 2024) (q)(Arias-Ortiz et al., 2026) (1)
(Waycott et al., 2009) (s) (Duarte et al., 2022) (t) (de los Santos et al., 2022) (u)(Moreda et

al., 2024) (v) (Murray et al., 2019) (w) (Lin et al., 2020) (x) (Z. L. Chen & Lee, 2022) (y)
(Jatoba-Tunior et al., 2026) & *this thesis.

1.1.2 Coastal wetlands as land-sea interfaces and
biogeochemical hotspots

Coastal wetlands are located at the interface between terrestrial and marine
environments, where they integrate fluxes and process materials transported from both
land and ocean. This transitional position makes them hotspots of biogeochemical
activity, characterized by intense transformations and by the regulation of nutrients,
carbon, metals, and other contaminants fluxes and storage. Inputs from river discharge,
groundwater fluxes, atmospheric deposition, and tidal exchange converge in these

systems, linking catchment processes with coastal biogeochemistry.



Among these processes, nutrient cycling —particularly nitrogen cycling—is especially
important. Coastal wetlands receive large inputs of nitrogen from natural soutrces and
anthropogenic activities. In this context, nitrogen refers to reactive nitrogen, which
includes biologically available inorganic forms such as ammonium (NH4*%) and nitrate
(NO3) and organic compounds (Galloway et al., 2003). Once in the system, nitrogen
undergoes multiple microbial transformations (Fig. 1.1), including assimilation by

primary producers, nitrification, denitrification, and mineralization.

Under the anoxic conditions that dominate coastal wetlands’ waterlogged soils, this
organic nitrogen is continuously recycled through mineralization (Mishra et al., 2005),
producing NH4* which can accumulate through adsorption to sediment particles (Liang
et al., 2024), taken up by plants and microorganisms, or released to the water column
(Ratmaya et al., 2022), thus sustaining internal nitrogen cycling even when external inputs

are low.

Coupled nitrification-denitrification processes regulate nitrogen losses from the system.
While nitrification is restricted to oxic microsites, denitrification dominates under anoxic
conditions, converting NOs3- into gaseous nitrogen (N2), thereby removing nitrogen
permanently from the ecosystem (Martinez-Espinosa et al., 2021; Newton et al., 2020)
and contributing to eutrophication mitigation (Fig. 1.1). However, denitrification is a
stepwise process in which nitrous oxide (N20) is produced as an intermediate product
(Fig. 1.1). This behavior is often conceptualized using the “hole-in-the-pipe” model (E.
A. Davidson & Verchot, 2000), where N2O can escape during nitrogen transformations

depending on environmental conditions.

A large fraction of nitrogen is stored in wetland sediments as organic nitrogen derived
from plant production, microbial biomass, and external inputs (Schulten & Schnitzer,
1997). This sedimentary storage represents an important, though often overlooked,
pathway for long-term nitrogen retention in coastal wetlands, linking nutrient cycling to
sediment accumulation. The balance between nitrogen removal through denitrification,
temporary retention in biomass, and long-term burial ultimately determines the capacity

of coastal wetlands to regulate nutrient loads and mitigate eutrophication.
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Figure 1.1 Schematic representation of nitrogen transformations within coastal
wetlands (Reddy & DeLaune, 2008).

Carbon cycling in coastal wetlands is tightly linked to primary production and the
fate of organic matter within the system (Fig. 1.2). Coastal wetland ecosystems rank
among the most productive on FHarth (Millennium FEcosystem Assessment
(Program), 2005) due to high water, nutrient, and light availability that promote
atmospheric CO» fixation through photosynthesis by plants, algae, and
microphytobenthos. The balance between gross primary production (GPP) and
respiratory losses determines net primary production (NPP), which represents the
excess amount of organic matter available for accumulation, export, or

decomposition.



Figure 1.2 Schematic representation of carbon cycling showing storage of carbon
(Reddy & DeLaune, 2008).

In waterlogged wetland soils, persistent anoxic conditions limit decomposition and
enhance organic matter preservation, leading to the accumulation and burial of
organic carbon in sediments over long timescales. Additionally, coastal wetlands
import and export carbon from and to hydrologically connected surrounding
environments and this is an important component of the carbon cycle within these
ecosystems (Bogard et al., 2020; Yao et al., 2022). As a result, coastal wetlands act as
efficient carbon sinks, burying autochthonous and allochthonous organic carbon (H.
Kennedy et al,, 2010; J. Zhang et al., 2024), with important implications for long-
term carbon sequestration and climate change mitigation (Mcleod et al., 2011). This
burial is evidenced by organic deposits that can reach several meters deep,
representing thus continuous carbon burial for centuries to millennia (Mateo et al.,
1997; McKee et al., 2007) when ecosystems remain undisturbed. Notably, seagrasses,
tidal marshes, and mangroves contribute to 8-13% of the global carbon burial in the

oceans (Arias-Ortiz et al., 2026) despite occupying a relatively small global area.
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However, not all produced organic carbon is buried. A substantial fraction is
returned to the atmosphere through microbial and abiotic processes, which are also
strongly regulated by oxygen availability. Under oxic conditions, organic matter is
primarily mineralized to CO; through autotrophic and heterotrophic respiration and
photooxidation. In contrast, under anoxic conditions, microbial metabolism shifts
towards methanogenesis, leading to the production of methane (CHy). Methane can
be emitted through diffusion, ebullition, or plant-mediated transport. As a result,
coastal wetlands, while acting as long-term carbon sinks, are also the largest natural
source of atmospheric methane, contributing approximately to 30% of global
emissions (Saunois et al., 2020). Indeed, the increase in global atmospheric CH4
concentrations observed since 2007 has been partly attributed to enhanced emissions

from tropical wetlands (Nisbet et al., 2016; Saunois et al., 2020).

The net exchange of carbon between wetlands and the atmosphere can be expressed
as net ecosystem exchange (NEE), which integrates the balance between carbon
uptake through photosynthesis and multiple pathways of carbon loss, including
respiration and methane emissions (Chapin et al., 2006). Unlike NPP, which reflects
only biological production, NEE captures the combined effects of biotic and abiotic
processes and ultimately determines whether a wetland functions as a net carbon
sink or source at a given time. In this context, carbon accumulation rates can be

interpreted as a proxy of NEE integrated over time (Arias-Ortiz et al., 2021).

The balance between carbon burial and atmospheric carbon losses in coastal
wetlands is controlled by multiple interacting environmental factors, including
hydrology, oxygen availability, temperature, salinity, organic matter availability,
vegetation type, and nutrient loading. These drivers regulate both primary
production and the pathways of organic matter decomposition, thereby influencing
whether carbon is stored in sediments or returned to the atmosphere as CO, or
CH,4. For example, higher salinity conditions tend to suppress methanogenesis, as
sulfate-reducing bacteria outcompete methanogens for common substrates (Maltby
et al., 2018; Poffenbarger et al., 2011), resulting in lower CH,4 emissions in tidal and
saline wetlands compared to freshwater systems (Arias Ortiz et al., 2024; Vizza et al.,
2017). Overall, the interplay between carbon sequestration and atmospheric carbon
emissions ultimately determines whether coastal wetlands act as net carbon sinks or

sources.
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In parallel, coastal wetland sediments play a key role in the retention of metals and
other contaminants. Metals delivered from terrestrial and marine sources can be
immobilized in sediments through adsorption to organic matter, precipitation under
reducing conditions, and physical burial. These processes allow wetlands to act as
effective sinks that integrate natural and anthropogenic inputs over long timescales.
However, the mobility and bioavailability of these elements (Chapman et al., 2011)
are strongly influenced by environmental conditions such as salinity (Forstner et al.,
1980), redox state (Williams, 1992), and sediment disturbance, meaning that changes
in these factors can promote the remobilization of previously stored contaminants
(Cactano et al., 2003; Santos-Echeandia et al., 2023).

All these biogeochemical functions underpin many of the ecosystem services
provided by coastal wetlands, which support human well-being at local and global
scales. Following the Millennium Ecosystem Assessment (2005), these services can
be grouped into four main categories: i) supporting services, including fundamental
ecosystem processes such as nutrient cycling, oxygenation of seawater by seagrasses
(Ward et al., 2022), and the provision of habitat for diverse fauna (Malone &
Newton, 2020); ii) provisioning services, derived from the direct use of wetland
resources, such as fisheries, timber, fuelwood, pharmaceutical and natural
compounds; iii) regulating services, including water quality improvement through
nutrient and contaminant retention, global and microclimate regulation (Lima &
Galvani, 2013) , and coastal protection via attenuation of storm surges (Méller et al.,
2014); and 1v) cultural services, encompassing recreational, aesthetic, scientific, and
spiritual values associated with these ecosystems, such as birdwatching and
ecotourism in saltmarshes, navigation in lagoons and bays, or the religious practices
closely related to the largest mangrove forest in the world, the Sundarbans
(Bangladesh and India) (Friess et al., 2020).

Among these, regulating services are particularly linked to the biogeochemical
functioning described above, as they are directly derived from processes such as
carbon burial, nutrient removal, and sediment accumulation. This has led to
increasing recognition of coastal wetlands as nature-based solutions for climate
change mitigation and adaptation, as well as for coastal protection and water quality

improvement (S. F. Jones et al., 2024; Temmerman et al., 2023). More broadly, this
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highlights their role as socioecological systems in which ecosystem functioning and

human well-being are tightly interconnected.

1.1.3 Global loss and vulnerability of coastal wetlands

An estimated 50% of coastal wetlands have disappeared globally since 1900 (Q.
Wang et al., 2015), due to a combination of human pressures, sea level rise, warming,
and extreme climate events (Fig. 1.3). Their intrinsic characteristics and proximity to
highly populated areas render them particularly vulnerable to both climatic and
anthropogenic disturbances (Fitzgerald et al., 2008). Coastal development, land
reclamation, and land-use conversion have historically been the primary causes of
wetland loss (Fluet-Chouinard et al., 2023). Large extensions of coastal wetlands
have been transformed into urban zones, agricultural fields, aquaculture ponds, and
other infrastructure. Although resident population size around a wetland can provide
a useful indication of human pressure, it does not fully capture the magnitude of
anthropogenic impacts. In many systems, tourism significantly amplifies these
pressures and should therefore also be considered (Petrisor et al., 2020). This is the
case of the Venice lagoon, where a relatively small resident population (around
85,000) is accompanied by an exceptionally high number of visitors (20 million per
year) (Newton et al., 2020).
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Figure 1.3 Reconstructed global (total, coastal and inland) wetland loss between
1700 and 2020. a) Percentage of wetland loss since 1700. b) Map of cumulative
percentage wetland loss as a fraction of wetland cover in 1700. Adapted from Fluet-

Chouinard et al., (2023).
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The location of coastal wetlands strongly shapes the type and intensity of the
anthropogenic pressures they are subjected to. Boreal and tropical regions host the
largest global extents of wetlands (Martinez-Espinosa et al., 2021). Within boreal
regions, polar coastal wetlands are typically characterized by low population densities
and predominantly traditional land uses, resulting in comparatively limited direct
pressures. However, they are highly vulnerable to rapid environmental changes
driven by high-latitude amplification of climate warming (Forbes, 2019; Martini et
al., 2019) due to the presence of thawing permafrost. Additionally, the progressive
reduction of sea ice, which is increasing navigation and economic investment in the
area, is expected to further intensify environmental changes (Forbes, 2019).
Wetlands located in temperate and tropical areas, more densely populated, are

subject to greater direct anthropogenic pressures.

Rising sea levels represent one of the most significant threats to coastal wetlands, as
these ecosystems often occupy narrow elevation ranges relative to tidal levels
(Tornqgvist et al.,, 2021). Wetlands can respond to gradual sea-level rise through
vertical accretion and landward migration (Enwright et al., 2016). However, these
adaptive mechanisms are often limited by anthropogenic barriers or naturally rising
land, and lead to the phenomenon known as coastal squeeze (Doody, 2004). Rising
sea levels may also promote saltwater intrusion into coastal wetlands, altering salinity

regimes and affecting vegetation composition (M. Yu et al., 2019).

Additional pressures further contribute to the degradation of coastal wetlands.
Hydrological alterations such as river regulation through dam construction (Jin et al.,
2016), channelization (Nakamura etal., 1997), and groundwater extraction (Mancuso
et al, 2020) can modify freshwater inputs and sediment delivery. Nutrient
enrichment derived from agricultural runoff and wastewater inputs represents
another major pressure, altering biogeochemical cycles and promoting
eutrophication in many coastal systems (Ballut-Dajud et al., 2022; S. R. Conrad et al.,
2019). Biological invasions can also modify ecosystem structure and functioning,
sometimes leading to large shifts in dominant vegetation and organic matter sources
(I. C. Davidson et al., 2018).

These pressures ultimately act by modifying sediment, nutrient, and contaminant

fluxes that control coastal wetland functioning.
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1.2 Anthropogenic pressures as perturbations to element
fluxes in coastal wetlands

Coastal wetlands are systems governed by fluxes of water, sediments, and elements
such as carbon, nutrients, and contaminants, as described above. Anthropogenic
activities alter the magnitude, composition, and direction of these fluxes. These
anthropogenic pressures can be both direct (e.g. the direct point source release of
sewage effluents into the wetland) or indirect (e.g. sea level rise, derived from

anthropogenically-induced climate change) (Mengel et al., 2016).

Alterations of this kind are particularly evident in highly impacted coastal wetlands.
Within this context, this thesis examines alterations in metal and nutrient fluxes to
coastal wetlands, as well as the changes in carbon cycling associated with ecosystem
shifts, the spread of non-indigenous species, and hydrological restoration. The thesis
is based in two coastal wetlands subject to significant anthropogenic pressures that
have altered their ecological functioning and chemical cycling: i) Mar Menor (Spain),
a Mediterranean coastal lagoon that has historically received long-term inputs of
trace metals and nutrients from anthropogenic activities (mainly agriculture and
mining), has been affected by the introduction of the macroalgae Canulerpa prolifera,
and that has suffered recurrent eutrophic crises; i) the Sacramento-San Joaquin
Delta (California, USA), another historically impacted system, where subsidence and
land use transformations have significantly altered sediment and carbon dynamics,

including greenhouse gas (GHG) emissions.

1.2.1 Hydrological and sediment flux alterations

Changes in the hydrological land-ocean connectivity —either to the terrestrial (e.g.
rivers, streams, groundwater) or the marine part— alter flows of water, nutrients, and
sediment to wetlands. Alterations to sediment dynamics include modifications to the
quantity and type of sediments reaching coastal wetlands, coastal erosion, and
wetland subsidence and drowning. One of the main drivers of reduced sediment

delivery to coastal wetlands is the construction of dams. River damming has existed
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for millennia, but the first hydroelectric dam appeared in 1882 in Wisconsin, and
since then, their implementation across the globe has escalated quickly (Sternberg,
20006). As a consequence, the flux of sediments reaching the world’s coasts has been
reduced by 20% (a reduction of 1.4 £ 0.3 x 1012 kg yr!) through retention within
reservoirs (Syvitski et al., 2005). Reduced sediment delivery can limit the capacity of
wetlands to maintain elevation relative to rising sea levels and therefore lead to
wetland loss. Wetland drowning occurs when rates of sea-level rise exceed the speed
of vertical accretion driven by mineral sediment and organic matter accumulation, as
well as because of drainage and impoundment (Mount & Twiss, 2005). Many deltas
and coastal wetlands in the world have been drained for agriculture, resulting in
subsidence and soil Coy oxidation (Drexler et al, 2009). Several feedback
mechanisms have been identified between plant growth and geomorphology that
make wetlands resilient to sea level rise (Kirwan & Megonigal, 2013). However,
under many climate change scenarios, numerous coastal wetlands are expected to
cross sensitivity thresholds within the coming decades, potentially leading to
widespread wetland loss (Osland et al., 2024). Climate change can also increase the
frequency of extreme precipitation events (Kysely et al., 2012; Myhre et al., 2019)
and thus impact the magnitude of sediment loads to some coastal wetlands through
surface runoff and erosion (Cahoon, 2006; Tweel & Turner, 2014).

Another important anthropogenic pressure affecting sediment dynamics is dredging,
which impacts sediment composition and perturbs benthic habitats (Cox et al., 2021;
Mielck et al.,, 2020). Changes in wetland vegetation can also strongly influence
sediment fluxes, as shifts in plant cover or root systems modify particle trapping and
accretion processes. In addition, coastal erosion can decrease sediment budgets
(Cahoon, 2006), and may be exacerbated under scenarios of increased storm
frequency and severity, contributing to the loss of coastal wetlands (Michener et al.,
1997). Finally, land use and land cover changes can further modify sediment
dynamics by increasing sedimentation rates and inducing siltation, an increase in the

fine-grained proportion of sediments (Farias et al., 2024).

1.2.2 Trace metal flux alterations

Trace metal fluxes to coastal wetlands have increased since the 19% century with the

evolution of several human activities such as mining, industry, and urban
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development (Paul et al., 2024). Although metal contamination is not as dominant
as other drivers of coastal wetland degradation at the global scale, it can be highly
significant locally and regionally, particularly in areas influenced by intensive

industrial or mining activities (Newton et al., 2020).

Metal mining was among the first human activities to significantly enhance the
release and accumulation of metals in coastal environments. Although earlier
exploitations, such as those during the Roman Republic and Empire (5% — 4th c. BC
- 31 ¢, AD), also contributed to increased metal fluxes (Larsen et al., 2012; Silva-
Sanchez & Armada, 2023), modern and contemporary mining has had a far greater
global impact. Between 1959 and 1990, while the world population doubled in size,
the production of the six major non-ferrous metals (zinc, copper, lead, tin, nickel,
and aluminium) increased eightfold, exceeding the total minerals extracted from the
Earth during previous human history (Sheoran & Sheoran, 2006). Mill and mining
tailings represent a major associated issue to this (Aswathanarayana, 2003). Water
infiltration through these materials can generate acid drainage that mobilizes metals
and other toxic substances used in mineral processing, often persisting long after
mine closure (Modis et al., 1998). Indeed, constructed wetlands have been used as
biogeochemical systems to treat acid mine drainage in some cases of contemporary
mining (Mays & Edwards, 2001).

In addition to mining, a wide range of anthropogenic sources contribute to metal
inputs in coastal wetlands. Industrial emissions from processes such as smelting,
battery manufacturing, and iron and steel production have contributed substantially
to metal inputs (Aiello et al, 2025; Dang et al., 2021; Valette-Silver, 1993).
Infrastructure such as airports, ports, and roads, as well as antifouling boat paints
and vehicle emissions, also represent significant sources of metals to wetlands (Costa
et al.,, 2016; Fang et al., 2018; J. W. Readman, 2006). Urban development contributes
to both point source and diffuse inputs of metals through sewage discharge and
runoff (Rouff et al., 2013; Xu et al., 2019). Environmental protections and new
regulations, such as the ban of leaded gasoline in 2000 in Europe, have contributed

to the decline in contamination in coastal ecosystems (Palanques et al., 2017).

Once delivered to wetlands, metals are often efficiently retained in sediments, where

they can accumulate over time. This accumulation has important ecological
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implications, and the resuspension of sediments containing legacy pollution has been
identified as an additional source of metals to the water column, especially in systems
with permanent water cover (Santos-Echeandfa et al., 2023). Metal contamination
can have potentially toxic effects on biota (Jordi et al.,, 2012), and elements with
widely known harmful effects such as mercury (Hg), cadmium (Cd), copper (Cu),
and lead (Pb) have been the most studied in coastal wetlands (C. Li et al., 2022).
Metals can bioaccumulate and biomagnify through the trophic web, potentially
affecting human health as well (Sharifuzzaman et al., 2016). Their toxicity depends
not only on their concentrations, but also on their speciation and bioavailability

(Bayen, 2012), as well as the organism affected (Langston, 1990).

1.2.3 Carbon, nitrogen, and organic matter flux alterations

Anthropogenic pressures can modify carbon and nitrogen cycling in coastal
wetlands, either by altering the regime of production and cycling of autochthonous
organic matter or by modifying the inputs of nutrients or allochthonous organic
matter from the surrounding catchment. Agriculture and urban development have
substantially increased nutrient fluxes to coastal ecosystems through fertilizer runoff,
livestock production, wastewater discharges, and stormwater inputs (Amaral et al.,
2023; Clarke et al., 2003; Fong et al., 2020; McKergow et al., 2012; Savage, 2005). An
important fraction (~25%) of the anthropogenic nitrogen released in coastal
watersheds is estimated to reach coastal ecosystems (Purvaja et al., 2008), primarily
as nitrate (NO3"). The increased availability of nutrients, especially nitrogen, can lead
to higher primary production in coastal wetlands, where this nutrient is often limiting
(Purvaja et al., 2008). Enhanced phytoplankton growth and biomass production by
primary producers can generate higher loads of organic matter, both to the

sediments and the water column.

This increase in organic matter, which can be internally produced or imported,
stimulates microbial respiration and remineralization of the organic matter,
increasing oxygen consumption in the water column and sediments (Xie et al., 2023).
When driven by excessive nutrient inputs, this sequence of processes is referred to
as eutrophication, originally defined as an increase in the rate of supply of organic

matter to an ecosystem (Nixon, 1995), which can result from an excessive nutrient
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supply (mainly labile, inorganic nitrogen and phosphorus) (Malone & Newton,
2020). As oxygen demand exceeds supply, hypoxic or anoxic conditions may
develop, and different states of oxygen depletion, like hypoxia and anoxia, can cause
massive die-off of fish and macrophytes, including benthic seagrasses and
macroalgae (Bernardeau-Esteller et al, 2023; Riedel et al., 2012). The loss of
vegetated habitats can promote sediment resuspension and limit the burial of organic
matter (Dieter, 1990; Lovelock et al., 2017), while promoting the release of nutrients

back to the water column, reinforcing eutrophic conditions (C. Tang et al., 2020).

In addition, higher microbial respiration increases CO2 emissions, particularly when
sediments are exposed to oxygen through drying, drainage, disturbance, or
resuspension (Kasak et al., 2026; Martinsen et al., 2019). The degradation of coastal
vegetated ecosystems has been identified as a source of greenhouse gas emissions
(Pendleton et al., 2012). For example, heatwaves that can increase the mortality of
seagrasses can cause an increase in emissions from their previously accumulated
carbon stocks (Arias-Ortiz, Serrano, et al., 2018). Any activity that disturbs sediments
can cause a release in the form of GHG emissions of the carbon stored in them.
These processes can shift coastal wetlands from net carbon sinks to net sources
(Pendleton et al., 2012).

Enhanced primary production and organic matter inputs, whether autochthonous
or allochthonous, can increase carbon accumulation in sediments if they exceed
decomposition (Watanabe & Kuwae, 2015). However, the net effect on carbon
storage depends on the balance between primary production, heterotrophic
respiration, and sedimentation rates, as well as environmental conditions such as

oxygen availability and hydrology (Gattuso et al., 1998).

Under anoxic conditions, increased organic matter availability or flooding can
stimulate methanogenesis, important in low-sulfate-concentration environments
(Maltby et al., 2018; Poffenbarger et al., 2011). Enhanced methanogenesis can lead
to increased CH4 emissions, potentially offsetting the climate benefits of carbon

burial and reinforcing the role of coastal wetlands as sources of greenhouse gases
(Hemes et al., 2018).
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Alterations in organic matter cycling also modify microbially mediated processing of
nitrogen within wetland sediments. Increased microbial respiration can promote
ammonium release during decomposition. This can alter the balance between key
nitrogen transformation processes such as nitrification and denitrification, which are
typically strongly coupled in wetland sediments. For example, in the case of limited
nitrification, nitrogen removal through later denitrification can be compromised.
(Galloway et al., 2003). If nitrogen removal capacity is exceeded, the ecosystem can
shift from a nitrogen sink to a nitrogen source, exporting reactive nitrogen to
adjacent coastal waters such as the open ocean (Alongi, 2020). Alterations in
nitrification and denitrification can also increase N2O production (E. A. Davidson
& Seitzinger, 2006), further contributing to greenhouse gas emissions. Elevated N,O
emissions are generally associated with anthropogenically impacted systems
receiving high nitrogen inputs (Seitzinger & Kroeze, 1998), where excess nitrate and

fluctuating redox conditions promote incomplete denitrification.

1.2.4 Perturbations of biological fluxes and ecosystem
engineering

The introduction of non-indigenous species represents an important biological flux
perturbation in coastal wetlands. When these species are primary producers,
differences in organic matter production relative to native communities can
significantly alter organic matter inputs, nutrient cycling, and greenhouse gas
emissions (I. C. Davidson et al., 2018; A. Fuchs et al., 2025).

Moreover, species-specific traits such as root architecture, growth form, and canopy
structure can modify sediment redox conditions and influence dominant
biogeochemical pathways (Yamuza-Magdaleno et al., 2024). These traits also modify
hydrodynamic conditions by altering flow and turbulence, thereby impacting
sediment deposition, transport, resuspension, and erosion processes (Gacia et al.,
2002). Beyond primary production, introduced species may also restructure trophic
interactions and have effects on consumer organisms and broader ecosystem

functioning (Ning et al., 2021).

A well-documented example is the introduction of macroalgal species in seagrass-

dominated ecosystems, which are often better adapted to eutrophic or disturbed
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conditions (Robertson & Savage, 2021). In the Mediterranean Sea, species of the
green macroalgal genus Canlerpa have extensively colonized coastal environments
(Belando et al.,, 2021). Three species of the genus are relevant here: C. prolifera
(Forsskal) J.V. Lamouroux, 1809, native but opportunistic, C. faxifolia (M. Vahl), and
C. racemosa (Forsskal) J. Agardh, which are invasive in the Mediterranean basin
(Hendriks et al., 2010) and have negatively affected native seagrasses like Posidonia
oceanica (Villele & Verlaque, 1995). Although some Canlerpa species (C. racemosa and
prolifera) can form dense canopies, like those of seagrasses, with a high capacity for
flow attenuation and particle trapping, important functional differences exist.
Particularly, C. racemosa and C. taxifolia exhibit a marked reduction of their biomass
in winter without a pronounced rhizome structure, which increases sediment
susceptibility to erosion and resuspension (Hendriks et al., 2010). The native C.
prolifera presents a gross primary productivity and a sediment stabilization capacity
40% lower than native seagrass Cymodocea nodosa (Tuya et al., 2014). These species
typically thrive at temperatures between 20 and 30 °C (KKomatsu et al., 1997; Ukabi
et al., 2013), and salinities above 20 (West & West, 2007). The expansion of C.
prolifera has been notable in the Mar Menor coastal lagoon, where it coexists with C.
nodosa, although the latter has experienced substantial declines after hypoxic events
(Belando et al., 2021). Outside the Mediterranean, it has expanded into several
regions of the North Atlantic (Alexandre & Santos, 2020; Brewton & Lapointe, 2023;
Cacabelos et al., 2019).

1.2.5 Fluxes of other pollutants

In addition to the alterations described above, other contaminant fluxes to coastal
wetlands have increased in recent decades. Oil and gas extraction activities have
increased the delivery of toxic polycyclic aromatic hydrocarbons (PAHs) and saline
drilling fluids (Thienpont et al., 2013). In polar regions, these wastes were historically
stored in permafrost sumps, which are now collapsing due to rising temperatures
and increasing contaminant release (Thienpont et al., 2013). Other persistent organic
pollutants, such as polychlorinated biphenyls (PCBs), tend to accumulate in wetland
sediments due to their degradation resistance and affinity for organic matter and
have been proven to have negative effects on wetland organisms (Girones et al.,

2021). In addition, emerging contaminants like pharmaceuticals, personal care
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products, and pesticides and herbicides are increasingly detected in these systems,
reaching them mainly through wastewater inputs and runoff (Clark et al., 1993;
Moreno-Gonzalez et al., 2015; Pinto et al., 2016). Overall, the accumulation of these
contaminants can affect organism survival and ultimately alter ecosystem
functioning (Soriano et al., 2024). Macro- and microplastics have also been widely

found in coastal wetlands, with very diverse sources and exerting negative effects on
biota (Ouyang et al., 2022).

1.3 Conservation and restoration after coastal wetland
degradation

Global wetland conservation efforts have been internationally recognized since the
1971 Ramsar Convention, and further reinforced under Indicator 6.6.1 of the United
Nations’ Sustainable Development Goals (Fluet-Chouinard et al., 2023). In parallel,
countries like the United States of America have implemented a “no net loss of
wetlands” policy (Maron et al., 2018), while the European Union has multiple pieces
of legislation (including the Water Framework Directive, the Habitats and Birds
Directive, and the EU Nature Restoration law) that protect and aim to maintain good

ecological status of wetlands (Ignar & Grygoruk, 2015).

The widespread modifications of coastal wetland functioning have led to increasing
efforts to restore these ecosystems. Ecosystem restoration has been defined as an
intentional activity that initiates or accelerates the recovery of an ecosystem that has
been degraded as a result of human activities, with respect to its health, integrity, and
sustainability (Society for Ecological Restoration International, 2004). Over the last
20 years, restoration projects have expanded globally, culminating in the United
Nations Decade on Ecosystem Restoration (2021-2030) (Cadier et al., 2020).

Restoration measures in coastal wetlands often consist of levee breaching or
building, sediment dredging, tidal inundation, and/or autochthonous revegetation
(X. Li et al., 2018). Historically, most restoration projects have been implemented to
recover habitat for birds and fish, reverse subsidence, or improve flood regulation
(Murphy, 2021), with carbon sequestration emerging more recently as an additional

objective. As a result, climate change mitigation has often been considered a co-
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benefit rather than the primary driver of restoration efforts, although its importance
is increasingly recognized in the context of natural climate solutions (Fennessy &
Lei, 2018; S. F. Jones et al.,, 2024). To be considered effective in that framework,
restoration projects need to provide climate cooling benefits that otherwise would
not have occurred (additionality), be implementable (feasibility), and persist over
management-relevant time periods (permanence) (S. F. Jones et al., 2024). However,
restoration actions can involve trade-offs among desired and unwanted outcomes.
For example, wetland reflooding usually increases carbon accumulation in the
sediments, but concurrently it can increase CH4 emissions (Hemes et al., 2018).
Additionally, restoration does not necessarily lead to a return to pre-disturbance
conditions (H. P. Jones et al, 2018), as ecosystems may follow alternative

trajectories, especially under omnipresent stressors like climate change (Hobbs &
Cramer, 2008).

The evaluation of the success of restoration strategies has been widely discussed, but
general consensus indicates that long-term records are needed to assess the success
of restoration efforts (Cadier et al, 2020). Reconstructing past or reference
conditions is therefore essential to determine the trajectory and extent of ecosystem
degradation and recovery. These conditions can be inferred from records that
preserve information on previous wetland functioning, including sediments,
historical data, images, and traditional and local ecological knowledge (Bir6 et al.,
2019; Stahl & Weimann, 2022).

1.4 Sediments as archives of ecosystem change

Ecosystem changes can be assessed by multiple methods. Contemporary ecological
observations and monitoring are often limited by their short temporal coverage
(Estes et al., 2018). For example, remote sensing observations and water quality
monitoring can only provide datasets that began once the necessary infrastructure
and technology for them were developed. Additionally, present-day ecosystem shifts
may be influenced or driven by legacy contamination if it becomes available through
new onset processes (Santos-Echeandia et al., 2023). Furthermore, time lags may
exist between current anthropogenic pressures and ecosystem responses (X. Chen

et al,, 2023), complicating the interpretation of curtent observations. These
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limitations can be particulatly relevant in coastal wetlands, where many ecological
processes operate over long timescales and responses to disturbance or restoration
may take decades to fully manifest. For instance, Posidonia seagrass meadows can
require nearly two decades to develop the structural and functional characteristics of

mature ecosystems (Marba et al., 2015).

Overall, the determination of baseline conditions before anthropogenic impacts or
restoration is a very important process for advancing ecological knowledge. This
includes, for instance, a detailed understanding of past metal, nutrient, and carbon
stocks and fluxes. In this context, sediments are a valuable tool to assess ecosystem
changes that overcomes many of the above-mentioned limitations. Sediments act as
a reservoir for metals, nutrients, and other chemicals, accumulate layer by layer and
have the capacity of preserving physical, chemical, biological, and genetic signals of
past environments (Ellegaard et al., 2020). Therefore, they are long-term,
continuous, and integrative records of ecosystem change, allowing the
reconstruction of past environmental conditions, such as past biogeochemical fluxes
and ecosystem functioning (Canuel et al., 2017), and in some cases, they can help
define a baseline predating major anthropogenic pressures (O. Serrano et al., 2010).
Their interpretation relies on understanding the processes governing sediment
deposition and preservation, as well as the use of geochemical proxies and

geochronological tools.

Sediments accumulate in wetlands, from both autochthonous sources, such as in situ
primary production, and allochthonous inputs delivered from the surrounding
catchment (Komada et al., 2022). Wetland vegetation plays a key role in sediment
accumulation by enhancing particle trapping and reducing hydrodynamic energy
(Hendriks et al., 2010; Mudd et al., 2010). In addition, the accumulation and partial

preservation of organic matter further contribute to sediment accretion.

The preservation of sedimentary signals is influenced by a combination of physical,
chemical, and biological processes. Burial, presence of fine sediments, and anoxic
conditions can limit the decomposition of organic matter and protect deposited
materials from degradation (Howard, 2018; Hulthe et al., 1998). However, post-

depositional processes such as early diagenesis, including microbial decomposition
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and redox-driven transformations, can alter the original composition of sediments
(Reimers et al., 2013).

Despite their advantages, sedimentary records are not free from limitations.
Processes such as physical mixing, bioturbation, erosion, and resuspension can
disturb stratigraphic integrity, potentially obscuring or altering the temporal signal of
ecosystem change (Arias-Ortiz, Masqué, et al., 2018). The fidelity of sedimentary
records depends on several conditions, including relatively low-energy settings that
allow for the deposition of fine-grained sediments, sedimentation rates that are
compatible with the temporal resolution of the processes under study, and limited
disturbance by bioturbation or physical mixing (Bentley et al., 2006; Edwards, 2007).
Together, these processes determine the extent to which environmental signals are

preserved or modified within the sediment column.

1.4.1 Sediments as time-integrated environmental records

Sediments serve as time-integrated records of ecosystem functioning, capturing
changes in material fluxes from both the surrounding watershed and in situ
physicochemical and biological processes. When stratigraphic integrity is preserved,
vertical sediment profiles can be interpreted as temporal sequences of environmental
change, with each layer partially recording the conditions at the time of its
deposition. The temporal resolution of these records depends largely on

sedimentation rates, with higher rates allowing finer resolution of short-term events
(Larson et al., 2018) (Fig. 1.4).
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Figure 1.4 Effect of sedimentation rate on the temporal resolution of sediment
records.

When combined with geochronological tools, these stratified materials enable the
reconstruction of environmental changes over time. A range of dating approaches
can be applied, including radiometric methods (such as 2!Pb and #C), marker
horizons (137Cs) or event stratigraphy (i.e. volcanic ash deposits from explosions).
The temporal resolution of reconstruction depend on the method employed,
spanning from recent decades to millennia. Within these dated records,
concentrations and accumulation rates of substances can reflect long-term fluxes.
Mass accumulation rates (MAR) reflect material inputs, while elemental
accumulation rates (CAR for carbon, NAR for nitrogen) reflect biogeochemical

fluxes.

1.4.2 Geochronology and historical reconstruction

Sediment dating converts depth profiles into chronological timelines, enabling the

reconstruction of temporal trends and the calculation of accumulation rates.
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Geochronological tools are thus essential for linking sedimentary signals to specific

time periods and environmental changes.

In this context, 2'9Pb dating constitutes a key approach for reconstructing
environmental change over the last 100-150 years, a period that includes the
intensification of most anthropogenic pressures affecting coastal wetlands. Because
20Pb is efficiently scavenged from the atmosphere and water column and
incorporated into settling particles, its distribution in sediments reflects the balance
between atmospheric supply, sediment deposition, and post-depositional processes.
As a result, 21Pb profiles provide not only a chronological framework but also
insights into sedimentary dynamics, including variations in accumulation rates,
sediment focusing, and erosion. Beyond providing age-depth relationships, 21°Pb-
based chronologies enable the quantification of sediment accumulation rates, which
then allow for converting geochemical concentration profiles into fluxes and
accumulation rates of the analyzed variable (Velandia-Aquino et al., 2023). This is
particularly important in coastal wetlands, where changes in sedimentation are
closely linked to anthropogenic drivers such as land-use change or hydrological
alteration. By resolving decadal-scale variability, 2°Pb allows the identification of
shifts in material inputs and ecosystem responses that cannot be captured by short-
term monitoring records. Moreover, the use of 219Pb-derived accumulation rates
provides a framework for distinguishing between changes driven by variations in
sediment supply and those resulting from changes in geochemical composition. This
distinction is critical when interpreting sedimentary records, as increases in
contaminant or nutrient concentrations may reflect either enhanced inputs or

reduced dilution due to lower sedimentation rates.

Other radionuclides, such as 137Cs can be used as complementary dating marker to
20Pb (Arias-Ortiz, Masqué, et al., 2018). Cs-137 is an artificial radionuclide that
appeared in the 1950s following atmospheric nuclear weapons testing, with a well-
defined global fallout peak corresponding to 1963. These atmospheric production
and fallout events are transferred to aquatic systems and become recorded in
sediments, where they are preserved as distinct activity peaks corresponding to
specific time periods. In the Northern Hemisphere, an additional peak is associated
with the Chernobyl disaster in 1986. These distinct chronological markers are

commonly used to validate and constrain 219Pb-derived age models (Foucher et al.,
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2021). However, its use as a tracer has become increasingly challenging because
approximately 2.5 half-lives have elapsed since peak fallout, meaning that more than
three quarters of the original activity has decayed. This limitation is particularly
relevant in the Southern Hemisphere and in environments with low sediment

accumulation rates.

In contrast, radiocarbon (14C) dating enables the reconstruction of longer-term
environmental changes over much longer timescales, from centuries to millennia
(until 55,000 years ago) (Hajdas et al., 2021). However, its applicability in coastal
wetland systems is often constrained by the relatively recent formation of many
depositional environments following post-glacial sea-level rise, as well as by potential

reservoir effects that can complicate age interpretations.

By combining geochronological tools with geochemical proxy data, sediment
records can be used to reconstruct the timing, magnitude, and drivers of ecosystem
change, providing a robust basis for understanding long-term environmental

dynamics.

1.4.3 Geochemical proxies in sediment studies

Sediments preserve a wide range of geochemical signals (i.e. proxies) that provide
insights into past environmental conditions and ecosystem functioning. In
sedimentary research, a proxy is a measurable physical, chemical, or biological
variable that provides indirect information about an environmental process that
cannot be observed directly from the past. The interpretation of these proxies
requires careful consideration of how these elements are produced, transported,

deposited and altered after burial.

Among the most widely used geochemical proxies in sediment studies are elemental
concentration, elemental ratios, and stable isotope ratios (Algeo & Liu, 2020;
Rothwell & Croudace, 2015). Elemental concentrations of metals like Pb, Zn, and
Hg, can serve as indicators of pollution derived from anthropogenic activities,
including mining, urbanization and industrial processes. Likewise, the concentration
of redox-sensitive elements such as molybdenum and rhenium can be used to infer
hypoxic or anoxic conditions in depositional environments (Gooday et al., 2009).

Nutrient concentrations (C, N, P) can also provide information on sources and
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cycling of organic matter, while nutrient elemental ratios of these elements can also

inform on productivity and broader ecosystem change (Rumolo et al., 2011).

Stable isotopes of elements of interest can be powerful proxies because they record
variations in the isotopic composition of the materials incorporated in the sediment.
Stable isotopes do not decay over time, and their relative abundance is expressed
using delta (3) notation as the deviation, in parts per thousand (%o), from an
international standard. Stable isotope ratios of nutrients, such as 8'*C and 85N are
particularly used in the study of biogeochemical transformations (Hadas et al., 2009;
Torres et al., 2012). For example, 8'*C values are widely used to distinguish among
different sources of organic matter, such as terrestrial plants, phytoplankton,
seagrasses, or macroalgae, because these producers often differ in their carbon
acquisition pathways and isotopic signatures. For example, terrestrial 8'*C values for
C3 plants range from -31.5 to -23 %o (Kohn, 2010), while marine phytoplankton
range from -26 to -19 %o (Magozzi et al., 2017). Similarly, 815N values can provide
information on nitrogen sources and transformations, helping to identify the relative
influence of wastewater, fertilizers, atmospheric deposition, or in situ
biogeochemical processing such as nitrification and denitrification (Vizzini et al.,
2005). When interpreted together with elemental concentrations and ratios, these
isotopic proxies can offer a more robust understanding of shifts in ecosystem
functioning and organic matter origin (Yamamuro, 2000). To quantitatively interpret
these signals, isotopic compositions of potential sources —commonly referred to as
endmembers—are first characterized, and a mixing model is applied to estimate the

proportional contribution of each endmember to the sedimentary organic matter
(Parnell et al., 2013).

However, since geochemical proxies are not direct measurements, their
interpretation requires caution, as sedimentary signals may be altered by diagenetic

processes and influenced by multiple, overlapping environmental drivers.
1.5General and specific objectives
Coastal wetlands are increasingly exposed to multiple anthropogenic pressures that

alter sediment, nutrient, and contaminant fluxes, with important consequences for

ecosystem functioning, resilience, and climate regulation. In highly impacted coastal
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lagoons such as Mar Menor (Spain), long-term inputs of nutrients and contaminants
from agriculture, mining, and urban development have led to severe ecosystem
degradation, including eutrophication and hypoxia events. Despite the general
awareness of these processes, important uncertainties remain regarding the historical
evolution of fluxes, their sources, and the extent to which they have driven observed

ecosystem changes.

At the same time, wetland restoration is increasingly implemented in coastal wetlands
to recover ecosystem functioning and enhance carbon sequestration. However, the
biogeochemical responses of restored wetlands remain insufficiently understood,
particularly with respect to greenhouse gas fluxes and soil carbon and nitrogen
dynamics. This is especially relevant in highly impacted deltas such as the
Sacramento-San Joaquin in California (USA), where tidal restoration may
simultaneously promote carbon accumulation and increase methane emissions,

leading to uncertain net climate outcomes.

Within this context, sediment records provide a unique opportunity to reconstruct
past environmental changes and disentangle the effects of multiple stressors over
decadal to centennial timescales. The overall objective of this thesis is to reconstruct
and quantify the impact of anthropogenic pressures (including mining,
agriculture and urban expansion) on sediment, nutrient and metal fluxes to
coastal wetlands and how these changes are linked to shifts in ecosystem
functioning.

The main goal is divided into three specific objectives:

1. To reconstruct the spatial and temporal variability of sedimentary metal
concentrations, fluxes, and sources in a coastal lagoon sediments and link
them to the development of mining industry and other anthropogenic
activities.

2. To evaluate how anthropogenic nutrient inputs derived from agriculture and
urban expansion alter carbon and nitrogen cycling, including organic matter
sources, stocks, and burial rates in coastal lagoon sediments.

3. To assess the effects of wetland restoration on biogeochemical functioning,

focusing on soil carbon and nitrogen dynamics and greenhouse gas fluxes.
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2. General Methods



Time may change me
But I can(‘t) trace time.

David Bowie
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2.1 Sediment core sampling and subsampling

Sediment coring was the primary sampling method used in this thesis (Fig. 2.1). PVC
tubes of different lengths (30 cm to 1 m) and diameters (6.5 to 8.5 cm) were driven
into the sediment using a mallet by researchers or a collaborating diving team. A
vacuum was created by sealing the upper end of the tube to create a vacuum, and
the sediment core was slowly extracted and covered with a lower lid. Coring was
conducted carefully to ensure that the sediment column remained as vertical as
possible and to minimize sediment disturbance and compaction. Cores were
subsampled by using a vertical core extruder into sections of varying thickness,
typically 1 in lagoon sediments and 2.5 cm in marsh sediments. The choice of the
subsampling resolution was based on the expected sedimentation rates, typically
higher in marshes than in seagrass habitats (Duarte et al., 2013), and the sediment
was sliced using knives or spatulas. The samples were later stored in sealed plastic

bags and dried at 65°C until constant weight was achieved.

Before geochemical analyses, identifiable plant remains and shell fragments were
removed from the samples. In lagoon sediments, a portion of each sample was
preserved for grain size analysis, while visible shell fragments larger than
approximately 0.2 cm were manually removed. Smaller shell fragments were
common throughout the samples and were retained, as their complete removal
would have been impractical given the similar size of coarse lithological fractions. In
marsh sediments, plant remains larger than 0.5 cm were removed by hand and
sediment samples were then passed through a sieve with the same mesh size to
remove any extra coarse plant debris before grinding. These materials generally
represented a small fraction of the total sample volume and were excluded to focus
analysis on the finer sediment matrix. While this procedure may influence carbon
stock estimates in sediments containing large quantitities of macro-remains, the
abundance of removed material was generally low and is not expected to

substantially affect the interpretation of carbon burial patterns in this study.
Keeping a minimally disturbed, continuous sediment record is particularly important

for geochronological analyses such as 21Pb dating. The superficial layers, where

most recent changes and anthropogenic impacts are recorded, are especially prone
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to collapse or disturbance during sampling. However, even when cores are carefully
collected, natural processes such as bioturbation, physical mixing, erosion, or
resuspension can disrupt sediment deposition, potentially limiting the reliability of

the geochronological reconstruction and the interpretation of past environmental

changes.
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Figure 2.1 Sediment coring and processing workflow. (a) Sediment sampling using
PVC tubes inserted into the substrate under downward pressure. (b) Transport of
sediment cores with sealed ends to preserve stratigraphy. (c) Core subsampling
using a vertical extruder, where pressure is applied from below to extrude the
sediment from the tube, and sediments are sectioned into discrete intervals for
further analysis (dark, bold arrows represent the direction of exerted pressure). (d)
Storage of subsamples in sealed bags.

2.2 2'9pp dating

2.2.1 Principles of the method

210Pb, a naturally occurring radioisotope in the 233U decay chain, has a half-life (ti/2)
of 22.3 years (i.e., the time required for half of an initial quantity to decay). In aquatic
environments, 219Pb readily adsorbs onto particles and is transported and deposited
with sediments (Baskaran & Santschi, 1993). Therefore, it constitutes a valuable
tracer of sedimentary processes during the last century, particularly for

reconstructing patterns of sediment deposition and erosion.
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The 219Pb present in sediments has three sources: i) the in-situ decay of 22°Ra (ti1/2 =
1600 years) in the geological matrix, i) atmospheric deposition (both dry and wet),
and iii) 2'9Pb produced in the water column from dissolved 22°Ra. In coastal systems,
the contribution from the water column is generally negligible. These sources can be
grouped into two fractions. The first is supported 219Pb (319Pby,,), which is
continuously produced in situ from the decay of 2?Ra and is therefore in secular
equilibrium with it in sediments. The second is excess or unsupported 21°Pb (210Pbyy),
which corresponds to the fraction supplied primarily through atmospheric fallout

and subsequently delivered to the sediments via particle scavenging.

The time span over which a radionuclide can be used for dating is approximately
seven half-lives. After that, the remaining activity is considered negligible. In the case
of 219Pb, with a half-life of 22.3 years, this corresponds to a theoretical dating range
of approximately 150 years. This is because unsupported 219Pb decays progressively
after deposition, eventually leaving only supported 21°Pb activity. In practical terms,
the effective dating range depends on the magnitude of unsupported 2Pb relative
to supported 21Pb and analytical uncertainty. As unsupported 21°Pb activities
decrease with depth, they eventually become too low to be reliably distinguished
from background levels. In coastal environments, where surface 21Pb activities may

be low, this often limits the method to the most recent decades to a century.

A key step in 21Pb dating is the determination of 219Pbgy, to constrain 210Pby.
Supported 21°Pb can be estimated in two ways. First, it can be directly quantified
through the measurement of 22°Ra, once secular equilibrium between the two
isotopes has been reached. Alternatively, supported 2'9Pb can be inferred from the
deeper sections of the sediment core, where 219Pby, has decayed to negligible levels,
and total 219Pb activity approaches a constant background value. This approach
assumes relatively homogeneous sediment composition at depth and is less reliable.
In both cases, the unsupported 2!°Pb fraction is obtained by subtracting supported

20Pb from total 21Pb activity.

2.2.2 Dating models, inventories, and sedimentation rates
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Several models have been developed to use 21°Pb for dating sediments, which are
based on modelling the accumulation and decay of the unsupported 29Pb. They
derive the age-depth relationships from the temporal change of Pb activity with
depth, the Pb flux, and the sediment accumulation rate. The main assumption of the
models is that the sediment is a closed system without post depositional ''Pb
mobility. The models most commonly used, which are also the ones applied in this
thesis, are the Constant Flux: Constant Supply (CF:CS) (Krishnaswamy et al., 1971)
and the Constant Rate of Supply (CRS) (Appleby & Oldfield, 1978). The Bayesian
model Plum has also been increasingly used in recent years, and it is also applied in
this thesis as a comparison (Aquino-Lépez et al., 2018). The models usually allow to
calculate a sediment mass accumulation rate (MAR; g cm-?), from which a sediment

accumulation rate (SAR; cm or mm yr') can be calculated.

Constant Flux: Constant Supply (CF:CS) is one of the simplest and most widely
used 2Pb dating models (Eq. 2.1). It assumes a constant flux of 21Pby to the
sediment and a constant sediment mass accumulation rate (MAR) over time. Under
these conditions, the vertical distribution of 219Pby in the sediment follows an
exponential decrease with cumulative mass depth. This relationship can be described
as:

Cp = Cp - e AM/MAR, ¢ — (Eq. 2.17)

MAR

where Cp, is the specific activity of 210Pbys at a specific depth (Bq kg1), Co the 219Pby
specific activity at surface sediments (Bq kg!), A is the decay constant of 219Pb (0.0311
yr-!), m the cumulative mass (g cm2) and t the time since that layer of sediment was
deposited (yr). The MAR can be estimated by fitting this exponential decay to the
measured 210Pby, profile. For convenience, this relationship is often linearized by
taking the natural logarithm of 210Pby, activities and regressing them against
cumulative mass depth using least-squares fitting. Once the average MAR is
obtained, sedimentation rates (cm yr') can be calculated using dry bulk density
(DBD) (g cm), and ages can be assigned to each sediment layer based on cumulative
mass depth. In cores showing changes in slope in the 219Pb profile, separate fits can
be applied to different intervals, yielding distinct MAR values for different

depositional regimes.
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The Constant Rate of Supply (CRS) model (Appleby & Oldfield, 1978) (Eq. 2.2)
assumes a constant flux of 210Pby to the sediment surface, but does not require a
constant sediment accumulation, and therefore allows for calculations of variable
MARs. The basis of the CRS model is the inventory of 210Pby, that is, the total
amount of 210Pb,s accumulated per unit area in the sediment. If the atmospheric
supply of 219Pby to a site is constant, an expected total inventory can be defined,
which is equal to the 219Pby; flux divided by the decay constant (A). This reference
flux can be estimated in different ways, for example, from regional atmospheric
fallout data (Baskaran, 2011)or from well-preserved sediment cores that are assumed
to retain the full 2Pby inventory. At any given depth, the remaining inventory below
that horizon (Im) decreases as a function of time due to radioactive decay. This

relationship is described by:

Al Fq. 2.2
I, =1 e; MAR =22 (Fq. 22
Cm

Where I, is the inventory of 210Pby below a specific depth (Bq m), I the initial
inventory of 219Pby, at surface sediments (Bq m2), A the decay constant of 2!Pb
(0.0311 yr1), # the time since that layer of sediment was deposited (yr), and Cy, the
specific activity of 219Pby at that depth (Bq kg!). Thus, layer ages are obtained from
the proportion of the total inventory that remains beneath each horizon, and MAR
can then be calculated for each interval. Because the CRS model relies on them,
measured 2!0Pby inventories can also be compared with the expected one. If the
measured inventory is lower than expected, this may indicate sediment erosion or
incomplete recovery of the dated sequence. Conversely, inventories higher than

expected may reflect sediment focusing or enhanced local deposition.

Plum is a Bayesian 219Pb dating model that shares the same core assumptions as the
CRS model, namely a constant flux of 21°Pby but not necessarily a constant sediment
accumulation rate (Aquino-Loépez et al., 2018). Unlike CF:CS and CRS, which are
deterministic models that provide a single best-fit age-depth relationship, Plum
creates a probabilistic framework in which ages and sedimentation rates are
estimated as probability distributions. A key advantage of Plum is that it does not

require the explicit identification of an equilibrium depth where unsupported 2'°Pb
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reaches supported levels. Instead, supported 2!Pb is estimated as part of the
modelling process. This is particulatly relevant near the practical dating limit, where
unsupported 21°Pb activities approach background levels, and the identification of
an equilibrium depth becomes uncertain. By estimating supported 219Pb within the
model and propagating this uncertainty, Plum can provide more robust age estimates

for deeper sediment layers. (Aquino-Loépez et al., 2020).

The selection of the most appropriate 21°Pb dating model depends on the
characteristics of the sedimentary record and the validity of model assumptions. In
this thesis, both the CF:CS and CRS models were applied and compared where
appropriate. The CF:CS model was used for cores exhibiting an approximately
exponential decrease of 210Pby with depth, consistent with constant sedimentation
rates. In contrast, when deviations from exponential decay suggested variable
sediment accumulation or when age estimates appeared inconsistent at depth, the

CRS model was preferred, as it allows for temporal variability in sedimentation rates.

2.2.3 Radiochemical analysis of 2'°Pb and ??°Ra

The specific activity of 2!°Pb in the sediments was determined by alpha spectrometry
of its granddaughter isotope 21°Po (t1,2 = 138 days), assuming that secular equilibrium
had been reached between the two radionuclides. 2!°Po is analysed following the
method described in Sanchez-Cabeza et al, (1998). Briefly, sediments were
previously homogenized with a mortar and pestle or a coffee grinder, and major shell
structures and plant remains were removed. Between 150 and 300 mg of dry
sediment was added to 100 mL Teflon liners with 9 ml. of HNOj3, 3 mL. of HF, and
a known amount of 2”Po as an internal tracer, with an activity of 0.373 Bq g! (1 Dec
2013). These aliquots were microwave digested. Following the first digestion step,
after the addition of 15 mL of H3BO3, complex fluorides were broken down in the
analytical microwave. Samples were then transferred to Teflon beakers after rinsing
the liners with 1 M HCI, and evaporated. 1 mL of HCI (37%) was added to the
beakers three times, and the samples were evaporated again. Before plating, 100 mL
of 1 M HCI was added to the beakers and heated while stirring. Solutions were
transferred to glass beakers after rinsing, and heated and stirred again before adding
ascorbic acid (C¢HsOg) to reduce Fe3* to Fe?*. Silver disks, with one side lacquered

with urethane, were suspended in the solution by a nylon string. Po isotopes were
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plated onto the silver disks at approximately 90 °C while stirring, for 6-8h. Disks

were then air-dried.

Alpha spectrometry was conducted to analyse 21Po and 2Po on the silver disks
using Passive Implanted Planar Silicon (PIPS) detectors (CANBERRA, Mod. PD-
450.18 A.M.) and a GenieTM data acquisition software. Analytical blanks, reference
materials (IAEA315 and IAEA447), and replicates were recurrently measured

alongside the samples for quality control.

The specific activities of 2)Ra were determined in selected samples from each core
by gamma spectrometry of its daughter 214Pb at 295 and 351 keV using calibrated
geometries in a well-type high-purity germanium gamma detector (CANBERRA,
Mod. GCW3523). A homogenized subsample was placed and weighed inside a
sealed vial and measured a minimum of 21 days after sealing, to ensure that secular

equilibrium between 22°Ra and its daughters is reached.

2.3 Sedimentological analysis

Dry bulk density (g cm-3) was assessed by drying the whole core slices (either 1 cm
or 2.5 cm-thick) and dividing the net dry weight by the sample volume. Sediment
grain size fraction in each sediment core section was determined in unground
samples using a Horiba Partica LA-950v2 particle-size analyzer from the Institut de
Ciencies del Mar (ICM-CSIC) in Barcelona, with an accuracy of 0.6 % and precision
of 0.1 %. The contents of gravel (>2 mm, including shell fragments), sand (2 mm—

63 pm), silt (63—4 pm) and clay (<4 pm) were obtained for each sample.

2.4 Metal analysis

Metal analyses were conducted by two-step microwave total digestion using the same
acid additions as for 210Pb, in acid-cleaned Teflon liners. The digestate was then
filtered by 0.45 um nylon filters and analysed by inductively coupled plasma mass
spectrometry (ICP-MS; Agilent 7900 model), in the Servei d’Analisis Quimics in the
Science Faculty of Universitat Autonoma de Barcelona. Analysed metals comprised
Na, Al Si, Ca, Ti, Cr, Fe, Ni, Cu, Zn, As, Sr, Ag, Cd, and Pb. Standard reference
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materials (NIST 2702 and IAEA 457) were analysed for metal concentration
recovery factors (Table 2.1).
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Table 2.1 Certificate and measured concentrations for standard reference materials and recovery factors.

NIST 2702 IAEA457
Metal
(mg-kg or
%o¥) M d R fact M d R fact
Reference east;l:z;;verage ecov(c:;)})r actor Refetence easilr'lez;;verage eCOV(?)/l;})’ actor
Ag B i l 1.9+ 0.4 2.1+ 0.1 110
Al 8.4 + 0.2% 4.5+ 1.3+ 54 83,000 + 3,000 45,000 + 12,000 54
As 4542 40.5 + 0.1 90 10+ 1 10.5 + 0.1 110
cd 0.817 + 0.011 13402 160 1.09 + 0.08 12401 110
Cr 350 + 20 290 + 10 83 144 + 8 120 + 1 83
Cu - - - 370 + 20 350 + 4 95
Fe 7.9 + 0.2% 6.4+ 0.3* 81 41,000 + 2,000 38,000 + 1,100 93
Ni 75.4 + 1.5 60.6 + 2.7 80 53+ 3 48 + 1 91
Pb 132.8 + 1.1 130 + 2 98 105 + 7 110 + 2 100
Sr 120 + 3 48 + 17 40 137 + 10 50 + 20 36
Ti 0.8267 + 0.006 0.7+ 0.1 85 § § -
Zn 485+ 4 350 + 13 72 430 + 30 340 + 8 79
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2.5Carbon and nitrogen analysis

Carbon in coastal wetlands is present as a mixture of organic and inorganic forms.
To determine organic carbon (Cory), inorganic carbonates were removed prior to
analysis. Common approaches include acid fuming and direct acid treatments with
subsequent washing with deionized water (P. Kennedy et al., 2005). Acid fumigation
and direct acidification in the capsule were initially tested but did not completely
remove carbonates. Therefore, acidification with HCI in an external container was
applied to remove carbonates from the sediment. To do so, sediment samples were
placed in centrifuge tubes and weighed. Acid (1 M HCI) was added to the sample
and left to react overnight . After decantation, samples were rinsed with DI water
and centrifuged several times, in order to remove as much acidity as possible to
ensure the proper functioning of the elemental analyser. Sediments were then dried
at approximately 65°C and weighed again. The organic carbon fraction was estimated
from the mass difference between untreated (bulk) and acidified samples, assuming

that the loss of mass corresponds to the removal of inorganic carbonates (Eq. 2.3):

Macidified Eq. 2.3

Corg(%) = Cga x ——— (Fa-23)
Mpulk

Where Cga is the C(%) result from the elemental analyzer, macidifed is the mass of

acidified sediment (g), while mpui is the mass of untreated sediment (g).

Regarding nitrogen, both its organic and inorganic forms are of interest in
sedimentological analysis. We refer to this as total nitrogen (TN). Non-decarbonated

sediments were employed and encapsulated in tin for analysis.

Both Cey and TN contents, as well as 313C and 85N isotopic compositions, were
determined by running the encapsulated samples through an elemental analyzer (EA)
connected to an isotope ratio mass spectrometer (IRMS). During this process, the
EA combusts the samples to produce CO2 and Ny gases, whose isotopic ratios are
subsequently measured by the IRMS. For details on the specific models, labs and

used standards, refer to the method section in each chapter.
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2.6 Stable isotope results and mixing models

813C is the normalized ratio of the two most common carbon isotopes, '3C and 12C,
expressed in parts per thousand (%o) relative to the Vienna Pee Dee Belemnite
(VPDB) (Eq. 2.4). '3C is used as a tracer of organic matter sources because different
primary producers and carbon pools have distinct isotopic signatures. Variations in
313C values therefore allow the identification of terrestrial and marine contributions

to sedimentary organic matter, as well as changes in carbon sources through time.

/(13Csample> \
N\ Csamate)__ 1 1000 (Be- 24

13 —
8¢ =| 737
standard

12C
standard

815N is the normalized ratio of the two most common nitrogen isotopes, N and
14N, expressed in parts per thousand(%o) relative to atmospheric N as standard (Eq.
2.5). 85N is widely used as an indicator of nitrogen sources and biogeochemical
processes, as different nitrogen inputs and transformations produce distinct isotopic
signatures. Variations in sedimentary 8°N values can therefore help identify
contributions from anthropogenic nutrient sources (e.g. sewage, fertilizers) or trace

changes in nitrogen cycling processes (e.g. denitrification).

1SNsample
14 Noampte (Eq. 2.5)

——————1 |x 1000
( Nstandard)
14Nstandard

Carbon isotope ratios were corrected for 17O following standard IRMS procedures

81N =

(Brand et al., 2010). Isotopic accuracy was monitored through routine analyses of in-

house standards and calibrated against international standards.
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Mixing models use stable isotope data, both 83C and 8'SN to estimate the
proportion of sources contributing to a mixture. Historically, they have been widely
employed in several fields of ecology, especially diet studies, but have also been
widely applied to study soil and sediment composition (Catry et al., 2016; Cooray et
al., 2026). Conventional approaches made several assumptions such as fixed source
signatures that limited the application of these models. Recently, new models that
provide probabilistic approaches to the mixing systems have been proposed,
allowing uncertainty in the isotopic composition of sources and consumers to be
incorporated (Parnell et al., 2013). One of the most important advances was
accounting for concentration dependence, namely that concentration of carbon and
nitrogen differs between sources (Phillips & Koch, 2002). The first Bayesian mixing
model was MixSIR (Stock et al., 2018). MixSiAR is the most recently developed
framework that develops a Bayesian model based on the input data, which is
supported with an R package of the same name (Stock et al., 2018), and extends
carlier models by allowing greater flexibility through the inclusion of covariates,
hierarchical structures, and more complex error formulations. In this thesis, this R
package has been used to apply concentration-dependent mixing models. Input data
include 813C, 313N for all models, together with Coy and TN data when applying
concentration dependence, and temporal and spatial data as categorical fixed effects.
Uninformative priors were applied, using broad prior distributions that assign equal
probability to all potential sources, so that posterior estimates are primarily driven
by the observed isotopic data. The equations for non-concentration dependent (Eq.

2.6) and concentration dependent models (Eq. 2.7) are shown below.

n

Omix = Eﬁ-& (Eq. 2.6)
i=1

Yi=1 /i Gibi (Eq. 2.7)

S —&i=1Jt Ml
mix :1:1ﬁCL
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Whete 8y is isotopic value of the mixture, f; the fraction of source i (sum = 1),
0; the isotopic value of source i, and C; the concentration of the element of interest

(e.g., %C or %N in source i).

2.7 Estimation of stocks and accumulation rates

A stock represents the total amount of a substance stored in a given area or volume.
In the case of sediments, stocks are expressed per unit area, and can be calculated
based on a common depth, cumulative mass, or common age. In Chapter 3, metal
stocks have been estimated from 1900 until 2020, while in Chapters 4 and 5, Corg
stocks and TN stocks (g m=2 or Mg ha!) have been calculated at 30 and 22.5 cm and
for Chapter 4, at the dating horizon established by 21°Pb dating. 30 cm was chosen
because it is a commonly reported value in literature and allows for comparisons.
When continuous Coy of TN measurements did not extend to 30 cm depth,
concentrations were interpolated between measured intervals or extrapolated using

linear relationships with DBD when these showed a good fit.

Elemental accumulation rates (g m2 yr!) (Eq. 2.8), also referred to as burial rates,
describe the rate at which a substance or element accumulates in the sediment matrix.
Accumulation rates were calculated as the product of the sediment mass
accumulation rate (MAR) and the concentration of the element in the sediment.

These calculations have also been applied to Cor, TN, and metals:

ARy = MAR - C, (Eq. 2.8)

where AR, is the accumulation rate for a specific compound, MAR the sediment
mass accumulation rate, and Cy the fraction of constituent x in the dry sediment over
the dated depth.
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3. A Century of Sediment Metal
Contamination of Mar Menor, Europe’s
Largest Saltwater Lagoon

This chapter is based on:

A century of sediment metal contamination of Mar Menor, Europe’s largest
saltwater lagoon (2025). Alorda-Montiel, 1., Rodellas, V., Arias-Ortiz, A.,
Palanques, A., Bravo, A. G., Rodriguez-Puig, J., Alorda-Kleinglass, A., Green-Ruiz,
C., Diego-Feliu, M., Masqué, P., Gilabert, J., & Garcia-Orellana, J. Marine
Pollution Bulletin, 220, 118347. https://doi.org/10.1016/j.marpolbul.2025.118347
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3.1Introduction

Coastal lagoons are vulnerable to anthropogenic impacts because they favor the
accumulation of contaminants from the surrounding watersheds, especially in their
sediments, which act as long-term sinks and potential secondary sources (Forstner
& Wittmann, 1998). Metal contamination can be particularly relevant in lagoons
hydraulically connected to current and former mining sites (Fernandez et al., 2000).
This is the case of Mar Menort, located in the southeast of the Iberian Peninsula, the
largest saltwater lagoon in Furope. This ecosystem is included in the Ramsar
Convention for Wetlands and the European Natura 2000 network, in addition to
containing several regionally protected landscapes. Its climatic conditions and
natural resources have encouraged the development of economic activities that
menace the ecosystem's equilibrium, namely coastal urban development and
intensive agricultural practices, added to past mining exploitation (Conesa &
Jiménez-Carceles, 2007). These activities have affected important resources for local
livelihoods like fisheries, and highly valued ecosystem services such as tourism and
landscape (Perez-Ruzafa et al., 1991; A. M. Velasco et al., 2018).

Several studies have reported large metal contamination in sediments of the Mar
Menor coastal lagoon (Garcia & Mufioz-Vera, 2015; Marin-Guirao, Cesar, et al.,
2005; Pacheco, 2010; Pérez-Ruzafa et al, 2023; Serrano et al, 2019), with
concentrations as high as 5,700 mg-kg! for Pb, up to three times higher than in other
areas greatly affected by metal pollution, such as the industrial site of Venice lagoon
(Bellucci et al., 2002). The high concentrations reported in Mar Menor have been
linked to the former mining activities in the district of Sierra Minera de Cartagena-
La Unidn, located a few kilometers to the southwest of the lagoon, which started in
Carthaginians’ time and reactivated at an industrial level in the 19th century (Vilar
Ramirez & Egea Bruno, 1985), until ceasing in 1991. Other infrastructures that have
been pointed as sources of metals to Mar Menor are nautical activities related to the
eight yacht ports located on its shore due to the release of Cu contained in antifouling
paints (B. Jones & Bolam, 2007; Pérez-Ruzafa et al., 2023).

Most of the previous studies on sediment metal contamination in the lagoon have

solely focused on surface samples (Marin-Guirao, Cesar, et al., 2005; Pacheco, 2010;

Serrano et al., 2019), while those that have used dated sediment cores lacked high
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spatial resolution across the lagoon(Garcia & Mufioz-Vera, 2015; Pérez-Ruzafa et
al., 2023). To better understand the drivers of metal fluxes into the sediments and
their temporal evolution, historical reconstructions of metal contamination inferred
from multiple dated sediment cores can help identify the processes influencing metal
accumulation in sediments, such as sedimentation dynamics, land use changes like
urbanization (Garcia-Orellana et al.,, 2011), and policy changes like environmental
regulation (Palanques et al., 2017), in addition to tracing contaminant sources and

transport pathways (Heim & Schwarzbauer, 2013; Valette-Silver, 1993).

This study aims to examine the spatial distribution and decadal variability of
sedimentary metal concentrations, fluxes, and sources over time in Mar Menor by
using 219Pb dated sediment cores evenly distributed across the lagoon. In this study,
results will focus on Pb, Hg, As, Cu, Zn, and Ag due to their historical importance,
different potential sources, and ecotoxicological and health impacts (Harada, 1978;
Pérez-Ruzafa et al., 2023). This approach will help to comprehend one of the causes
of the environmental stress this location has endured in the past century, how it

relates to socioeconomic changes, and inform future management plans.

3.2Methods

3.2.1 Study site

Mar Menor is a hypersaline coastal lagoon located on the Iberian Peninsula
Mediterranean coast (Fig. 3.1). It spans over 135 km?, with average and maximum
depths of 4.5 and 6.5 meters, respectively (Baudron et al., 2015). It has only one
surface watercourse that maintains a regular flow of fresh water, the Albujén,
resulting from a water transfer that started in 1979 and a subsequent irrigation-
induced phreatic rising (Garcia-Pintado et al., 2007). The lagoon is connected to the
Mediterranean Sea by three main channels within the 22 km-long sandy bar known
as La Manga (Perez-Ruzafa et al., 1991). Water circulation in the lagoon is mainly
wind-driven (Pérez-Ruzafa et al., 2005), with a primary circulation gyre in the center
and two other circulation subsystems north of El Estacio channel and south of the
Barén and Perdiguera Islands (Fig. 3.1). Most of the lagoon sediment is currently

muddy and enriched in organic matter with percentages close to 25% in central
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surface sediments (Belando et al., 2021), and anoxic conditions at depth, while sandy
sediments can be found in the shallowest areas and close to Las Encafizadas inlet
(Pérez-Ruzafa et al., 2023). Most sediments present basic pH and are anoxic from
the most surface milimetres (Eh< 100 mV) except for some sandy areas with

vegetation with values between 100 and 200 mV (Alvarez Rogel et al., 2021).

Based on circulation patterns and characteristics, the lagoon can be divided into three
sections: the north (north of the main outlet to the sea, El Estacio channel), the
center (main circulation gyre, anticlockwise), and the south (south of the islands,
with downward currents from the Albujén and El Estacio circulating to the
southernmost part of the lagoon) (Fig. 3.1). The northern sector receives little runoff
from ephemeral streams, and it is influenced by the natural connection to the sea
(Las Encafiizadas). The central sector is mainly affected by the El Estacio channel
and the discharge of the permanent watercourse, the Albujon. Finally, the southern
sector of the lagoon has historically received mining tailings” debris through
ephemeral streams that carry water only after significant rainfall events. In this work,

the north-center-south division has been used to present and discuss our data.

The influence of human activities in the lagoon has lasted for more than three
millennia (Perez-Ruzafa et al., 1991). The mines from the Sierra Minera de
Cartagena-La Union started being exploited 3,500 years ago by the Carthaginians
and the Romans (Conesa & Jiménez-Carceles, 2007; Oen et al., 1975; Robles-Arenas
et al., 2006), mainly to obtain silver and lead from argentiferous galena (Manteca
Martinez, 1992). The Pb-Zn-Fe ores of the area occur in a zone with paragenenses
and in direct association with late-Tertiary subvolcanic rocks (Oen et al., 1975). Four
ephemeral streams connect the mining area to the southern portion of Mar Menor,
allowing mining debris to reach the lagoon (Cuevas et al., 2023). At the beginning of
the 19th century, the mining industry resurfaced through smallholder exploitations
(Garcia & Mufioz-Vera, 2015). Close to 1840, a more intense activity started in the
Sierra de Cartagena (Sanchez i Bassols, 2008), and by the end of the century, the
mining district had already become a national force as a lead producer (Vilar Ramirez
& Egea Bruno, 1985). Production was always centered on lead and silver, but zinc
and iron were also extracted (Manteca Martinez, 1992) with remarkably high

productivity until the mid-20* century (Cerda i Domenech, 2020; Conesa &
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Jiménez-Carceles, 2007). Mining activities started to affect the local environment in
the mid-19th century (Sanchez i Bassols et al., 2008).

As a consequence of a strong social mobilization (Pérez-Ruzafa et al., 1987), from
1955 onwards the authorities banned mining-derived spills in the lagoon, and ponds
were constructed to store sludges (Vilar Ramirez et al., 1991). While these measures
were implemented, open-pit mining started, majorly based on the exploitation of
lead and zinc (Garcia & Mufloz-Vera, 2015). This increased the number of processed
materials (Conesa & Jiménez-Carceles, 2007). In 1968, most of the subterranean
mining activities ended (Garcia & Mufioz-Vera, 2015), and in 1991 all mining ceased
(Marin-Guirao et al., 2007). However, mining tailings continued to be eroded and
metals reached the lagoon, particularly during typical Mediterranean torrential rains
(Maria-Cervantes et al., 2009; Marin-Guirao, Atucha, et al., 2005). In 2022, dams
were installed to stop the transport of these wastes to the lagoon (Ministerio de

Transicion Ecolégica y Reto Demografico, 2021, 2023).

Beyond mining activities, other important impacts in this ecosystem include
intensive agriculture since the 1990s and a far-reaching urban expansion fueled by
the tourism industry since the 1970s (Fig. 3.1), which have caused major ecological
changes such as the introduction of allochthonous species and turning the ecosystem
progressively more eutrophic, with biota mass mortality events happening
recurrently since 2016 (Garcfa-Pintado et al, 2007; Instituto Espafiol de
Oceanografia, 2020). In 2022, after a strong social mobilization, a Popular Legislative
Initiative (ILP) triggered the creation of Law 19/2022, which recognizes the lagoon’s
right to exist as an ecosystem and to evolve naturally, as well as its right to protection,
conservation, maintenance, and restoration (M.-C. Fuchs, 2023), being the first
European ecosystem to be acknowledged as such (Krimer, 2023). For further details

on the impacts of agriculture and urban expansion, refer to Chapter 4.
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Figure 3.1 Location of the sampled sediment cores and surrounding land uses
based on the CORINE land cover (2018) in the Mar Menor coastal lagoon, SE
Iberian Peninsula. Red lines represent watercourses that run through former
mining areas. The dashed grey line in the lagoon separates what is considered
as north, center, and south in this article. The blue arrows show the present
day lagoon circulation, based on Pérez-Ruzafa et al., (2023), and J. Gilabert

(personal communication, June 20, 2024).
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3.2.2 Sampling and sample processing

Twelve sediment cores were collected in December 2020 and June 2021 (Fig. 3.1).
Sampling sites for cores OPC9 and OPC10 were accessed from the beach by foot,
while the deeper cores were collected by divers. All cores were extracted by manual
hammering using clear PVC tubes (120 cm long, 8.5 cm internal diameter). Cores
have been grouped into three regions: north (OPC1 and OPC2), center (OPC3,
OPC4, OPC5, OPC6 and OPC9) and south (OPC7, OPC8, OPC10, OPC11 and
OPC12). Cores were sliced every 1 cm and processed following the procedures

described in Chapter 2.

Dry bulk density (g-cm3) of each slice was calculated by dividing dry weight per
sample volume. In this study, we display sediment profiles using accumulated mass
(g'cm?) instead of depth (in cm), since the former is not affected by compaction
processes (Gifford & Roderick, 2003; Wendt & Hauser, 2013).

3.2.3 Analytical and dating methods

Grain size fraction were determined following the procedures described in Chapter
2. Sediments were dated with two 219Pb dating models: Constant Rate of Supply
(CRS) (Appleby & Oldfield, 1978), and Constant Flux: Constant Supply (CF:CS)
(Krishnaswamy et al., 1971). For each core, the most appropriate model was selected
by comparing the results from both models and validating them (Arias-Ortiz,
Masqué et al., 2018; Smith, 2001). Sediment mass accumulation rates (MAR) (g'cm-
2-yr!) for the datable period were obtained for each complete core based on the

chosen model, using the excess 21°Pb horizon as a guide.

Bulk sediment metal concentrations (mg-kg') were determined by ICPM-MS after
total microwave digestion following the procedures described in Chapter 2.
Analyzed metals comprise Na, Al, Si, Ca, Ti, Cr, Fe, Ni, Cu, Zn, As, St, Ag, Cd, and

Pb. Reported results are not corrected.
Total Hg in sediment samples was determined by a thermal decomposition step,

followed by amalgamation and atomic absorption spectrophotometric detection
according to the U.S. EPA method 7473 (US EPA, 2007), and using AMA-254
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(Altec s.r.1., Czech Republic). The accuracy of measurements was repeatedly checked
by analyzing lake sediment reference material MESS-3 (National Water Research
Institute, Canada). The measured values were in the certified range for all analyses.

Precision determined by replicate analysis was better than 5%.

3.2.4 Enrichment factors and sediment quality guidelines

Enrichment factors (EF; Eq. 3.1) were calculated to estimate the relative level of
contamination shown by the metal concentrations in the sediment cores (Martinez
et al., 2023). EFs are used to normalize concentrations of metals (Me) concerning a
common element in the continental crust (T1 in this study). Ti has been used over
Al and Fe due to the low recovery factors obtained for Al (Table 2.1), and because
Fe is a product of the mining activities conducted in the region and therefore there
are substantial contributions of this element in the area, rendering it unsuitable as a
normalizing element (Boés et al., 2011; Sakan et al., 2015). EFs are calculated as

follows:

EF = [%] sample

N [%]background <3'1)
where [Me/Ti]ample is the normalized concentration of a metal in a sample, and
[Me/Ti]background is the normalized concentration of a metal in the background
samples. The background samples’ concentrations were considered as the metal
concentrations for the deepest layers of each core, which date before the 19th
century. The calculated results represent a conservative estimate since the maximum
depth of the collected cores (75 cm) might still be affected by smallholder mining

occurring at the time.

The measured metal concentrations were compared with sediment quality guidelines
(SQG) to estimate their potential ecotoxicological effects. The chosen SQG are the
Threshold Effect Level (TEL) and Probable Effects Level (PEL) (Long et al., 1995;
Macdonald et al., 1996), which are, respectively, the sediment metal concentration
below which adverse effects rarely occur in benthic organisms and the concentration

at which adverse effects are frequently observed in benthic communities. These
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values are indicated in Fig. 3.2 along with the metal concentrations in the sediment

profile.

3.2.5 Interpolation and statistical analysis

Inverse Distance Weighting (IDW) was used to explore the spatial distribution of
MARs, metal stocks, and metal concentrations within the study area (software QGIS,
default power value of 2). Spearman correlation analysis was conducted to evaluate
significant relationships between metal concentrations, dry bulk density, and grain
size fractions. Normality for metal distribution in each lagoon core and region
(north, center, south) was checked for with a Shapiro-Wilk test. Kruskal-Wallis’s
rank sum test was used to detect if metal differences by core or sector were
significant. Dunn test with Bonferroni correction was performed for pairwise
comparisons among cores and sectors and reported p-values were adjusted to this
correction. The suitability of the data for factor analysis was checked with the Kaiser-
Meyer-Olkin criterion (Kaiser, 1974). Major sources of metals were then identified
by a Principal Component Analysis (PCA) that included metal concentrations, grain
size, and dry bulk density variables. The R package rsbif? (Room et al., 2023) was used
to detect significant temporal shifts in Pb, As, Hg, Cu, Zn, and Ag sediment
concentrations with depth (i.e., time). STARS algorithm (Sequential T-test Analysis
of Regime Shifts) (Rodionov, 2004) was used for cases with a normal distribution
(significance level = 0.05, cut-off length = 3 cm, which can amount to 2 to 15 years).
The resulting Regime Shift Index (RSI) quantifies the size of the shift (the more
positive, the greater). Lanzante’s non-parametric L-Method (Lanzante, 1996) was
performed for non-normal distributions (significance level = 0.05). Its resulting p-

values also express the size of the shift.

The data supporting the analyses presented in this chapter are publicly
available through the dataset Replication Data for: A Century of Sediment Metal
Contamination of Mar Menor, Enrope’s Largest Saltwater Iagoon (Alorda-Montiel et
al., 2025; DOL: 10.34810/DATA1894).
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3.3Results

3.3.1 Sediment grain size and dry bulk densities

The dominant grain size fraction in most of the samples was silt, with an average
value of 65% and a maximum content of 89% (Fig. 7.2), except for samples collected
in shallow areas in front of the mouth of ephemeral streams (cores OPC9 and
OPC10), which had a greater sand content. This was specifically the case for the first
20 cm of OPCY (average sand proportion of 82%) and the entire OPC10 (average
value of 96%). The second most significant fraction was either clay or sand. Clay was
the second most prevalent fraction in the surface layers of OPC4 and OPC11, the
middle sections of OPC5, and all sections of OPC6 and OPC7. Sand was the second
most common fraction in some deep sections of OPC4 and OPC11, surface sections
from OPCS5, and all sections of OPC12. Cores in the north and center-west (OPC1,
OPC2, and OPC3) exhibited an increase in sand content from mid-depths (~15 cm)
downcore. The upper sections of these north-western cores presented a high silt

content (from 44 to 85%).

Generally, dry bulk density (DBD) (Fig. 7.3) increased with depth across most
sediment cores, from 0.19 g-cm3 to 3.2 g-cm3. Cores located nearshore close to
stream mouths (OPCY9 and OPC10) had greater DBD fluctuations along the
sediment profile and generally presented higher values, on average (1.6, as opposed

to 0.7 grecm for the rest).

3.3.2 Lead-210 dating

Lead-210 specific activities showed decreasing trends punctuated with deviations
from the general pattern until reaching constant values at depths from 8 to 26 cm
(approx. accumulated mass of 5 to 18 g'cm?). Average 22Ra specific activities were
24 + 4 Bq'kg! (n=2), 29 £ 10 Bgkg?! (n=0), and 12 £ 5 Bqkg'! (n=7) in the
northern, central, and southern sectors of the lagoon, respectively (Fig. 7.1). Some
mixing was present along the entire cores OPC2 and OPC7, as inferred by the 2'Pb
profiles. Cores located in front of ephemeral streams” mouths (OPC9 and OPC10)

showed no excess 21Pb specific activities, thus preventing the determination of age
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models. Since these cores are sand-rich and 219Pb is not scavenged by sand it cannot
be discarded that there has been sand accumulation over time. The 2!Pb-specific
activity profile for core OPC4, located close to the Albujon mouth (Fig. 7.1), showed
depleted activities in the upper sediment sections, which were also characterized by

higher dry bulk density values and higher sand content (Figs. 7.2 and 7.3).

Mean MARs derived from 21°Pb are depicted in Table 3.1. They averaged 0.059 *
0.011, 0.060 * 0.005, and 0.120 £ 0.017 grcm2yr! in the north, center, and south
of the lagoon, respectively. The highest MAR values are in the south, except for
OPC4.

Table 3.1 Sediment mass accumulation sediment rates (MAR in g-cm-2-yr) for the
dated cores in the lagoon.

Region Core MAR (g'ecm?-yr')
OPC1 0.045 + 0.002
North OPC2 0.073 + 0.018
OPC3 0.054 + 0.016
OPC4 0.13 + 0.02
OPC5 0.074 + 0.013
Center OPC6 0.052 + 0.007
OPC7 0.15 + 0.03
OPC8 0.09 + 0.04
OPC11 0.120 + 0.007
South OPC12 0.106 + 0.008
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3.3.3 Depth profiles of metal concentrations and accumulation
rates

Concentration profiles of Pb, Hg, As, Cu, Zn, and Ag with depth (expressed as
accumulated mass: grcm?) and time for representative cores of each sector are
presented in Fig. 3.2. Profiles for the rest of the cores can be found in Supplementary

Information for Chapter 3.

The highest sediment metal concentrations were found in the south, with levels
decreasing spatially toward the north. Preindustrial metal concentrations were similar
for all metals except Cu in the three sectors. Metal concentrations increased
significantly in all the regions from the late 19th century until the 1950s (See Regime
Shift Indices and p-values in Table 7.4). The highest concentrations for all metals
except Cu were found in the southern sector during this industrial mining period.
with values of 3400, 0.53, 100, 50, 3700, and 5.5 mg-kg-! for Pb, Hg, As, Cu, Zn, and
Ag.

After the 1950s, concentrations of most metals (except Cu) started to decrease
significantly in the center and, particularly, the south of the lagoon. However, some
metals followed different patterns. Mercury concentrations in the north of the
lagoon rose again significantly in the mid-1970s. In the south, after Hg
concentrations increased until the 1950s, they followed a significant decrease during
the 1980s. From the 1980s to the 2000s, there were small Hg increases in the north
and the center. Arsenic presented significant increases in the central sector during
the 1960s and 2000s. For Cu, significant increments were observed in the 1970s in
the north and the center. These concentrations stayed similar or increased, especially
in the northern sector at the beginning of the 21st century. Ag concentrations
increased in the southern sector during the 1980s and in the northern sector in the
2000s.

Metal accumulation rates (Fig. 3.3) consistently showed higher values in the southern
region than in the rest of the lagoon after 1920. Accumulation rates peaked in that
sector from the 1930s to the 1950s for Pb (3.0 £ 1.4 g'm™-yr™ "), Hg (0.5 £ 0.2
mg-m™2yr '), As (0.07 £0.03 gm™yr"),Zn 33+ 1.5gm > yr ") and Ag (52
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mg-m™2yr'). For Cu, the highest value occurred in the 2000s (0.04 * 0.02
g.m_Z.yr_l).
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Figure 3.2 Concentration profiles of Pb, Hg, As, Cu, Zn, and Ag of selected cores
representative of the different lagoon sectors (OPC1 in the north, OPCG6 in the
center, and OPCS8 in the south). Profiles for all the other cores are in Section F of
the Appendices. The dotted lines depict the Threshold Effects Levels (TEL) (Hg
= 0.13 mg-kg?'and Cu = 18.7 mg-kg!) and the dashed lines the Probable Effects
Levels (PEL) (Pb = 112 mg-kg, As = 17 mg-kg!, and Zn = 271 mg-kg).
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Figure 3.3 Pb, Hg, As, Cu, Zn, and Ag accumulation rates during the last century
for cores OPC1 (north), OPC6 (center), and OPC8 (south). Note that units are g-m-
2-yr! for Pb, As, Cu, and Zn and mg-m2-yr- for Hg and Ag. The shaded area
represents the associated error, derived from the uncertainties from the dating

models.
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3.3.4 Spatial distribution of metals

Metal concentrations in sediments are summarized in Table 7.2. As already observed
in the depth profiles, metals like Pb, Hg, As, Cu, Zn, and Ag showed the highest
concentrations in the south. In contrast, the highest concentrations of Ca and Sr
were found in the north, and the central part of the lagoon presented the highest
concentrations of Ti, Al, Ni and Cr. Significant differences (» < 0.01) (Table 7.3)
were observed among the lagoon sectors regarding Pb, Hg, As, Cu, Zn, and Ag

concentrations, with higher values in the south.

Metal stocks accumulated since the start of the industrial mining period (~1900)
were highest in the southern sector (Fig. 3.4), coincident with higher metal
concentrations and greater sediment accumulation rates. The highest values for these
stocks were 210 g-m-2 for Pb, 0.031 g'm-2 for Hg, 5.2 g'm for As, 4.6 g'm for Cu,
230 g'm2 for Zn and 0.29 g'm2 for Ag. Total stocks for the whole lagoon (135 km?)
accumulated during the last century were estimated to be 9,100, 1.6, 450, 270, 10,000,
and 12 tons of Pb, Hg, As, Cu, Zn, and Ag, respectively.
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Figure 3.4 Spatially interpolated sediment metal stocks of Pb, As, Hg, Cu, Zn, and
Ag accumulated from 1900 * 20 until 2020.
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3.3.5 Correlation and Principal Component Analysis (PCA)

The correlation analysis showed that the silt content was positively and significantly
correlated with most metals, with higher correlations for Cr, Ti, and Ni (r > 0.5) and
negatively and significantly correlated with St (r < -0.5) and Ca (r > -0.5) (Table 7.4).
Sand fraction content positively correlated with St (r > 0.5), Ca (r < 0.5), and
negatively correlated with Cr, Ni, and Ti (r < -0.5). Most metals correlated negatively
and significantly with DBD since metal content was typically higher in surface

sections, which tend to be less dense than their deeper counterparts.

A Principal Component Analysis (PCA) was computed with metal concentrations,
dry bulk densities, and grain size data from sections dated from 1900 to 2020. The
two principal components explained a cumulative variance of 60% (Fig. 3.5).
Principal Component 1 (Dim1, horizontal axis), explaining 39% of the variability,
was mainly influenced by Cu, Pb, Zn, Ag, Fe, As, Cd, and Hg with contributions
between 6% and 11% for each metal. Principal Component 2 (Dim2, vertical axis),
explaining 21% of the variance, was influenced by Sr, Ni, Cr, Ti, Si, sand, and silt

(contributions between 6% and 11%).
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Figure 3.5 Principal Component Analysis biplots for a) individuals (core sections)
and b) the sediment variables. Sections included dates from 1900 to 2020 (i.e., the
sections within the excess 2Pb horizon). Data used includes grain size and metal
concentration results. Superimposed on the a) plot are the confidence ellipses
(95%) for the lagoon sectors: north (grey circles), center (blue triangles), and south
(orange squares). In the b) plot, the variable contributions (%) represent the
percentage that each variable contributes to the cumulative (total) variance.

3.4Discussion

3.4.1 Last century sedimentation patterns in Mar Menor are
driven by inputs from streams and mining materials

Sedimentation processes in the Mar Menor coastal lagoon result from different
sediment delivery mechanisms and redistribution processes. The higher MAR values
in the southern sector indicate a combined influence of the proximity of inputs from
streams and the secluded southern circulation that promotes sediment accumulation
in the southeastern region (Fig. 3.1). Mining-derived sediments constitute a major
fraction of the depositional materials in this region, as evidenced by its high metal
concentrations and stocks. In the shoreline cores (OPC9 and OPC10), the absence
of excess 219Pb is produced by the negligible accumulation of fine sediment fractions
locally (Figs. 7.1 and 7.2). For core OPC4, located near the shore and the Albujon
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watercourse, the 210Pb depleted sections might be the result of a recent deposition
event (Burnett et al., 2023; Walsh & Nittrouer, 2004) from extreme storms (cut-off
lows) which transported large amounts of sediments to the lagoon (Machado
Toffolo et al., 2022). The event-corrected dating model indicated that the initial
sediment layer beneath the rapid deposit sections dates to 2016, coinciding with the
first cut-off low event that had relevant effects on the lagoon mass mortality

episodes.

Sandy materials in the lagoon have been associated with marine influences, such as
inputs from the sandy barrier that separates the lagoon from the Mediterranean Sea
(Garcia & Mufloz-Vera, 2015), and to shoreline sediments in front of watercourses.
In contrast, finer sediments, such as clay and silt, have been linked to terrigenous
inputs (Pérez-Ruzafa et al, 2023). Metals like Ti and Sr further highlight this
terrestrial or marine origin, respectively. St and Ca, probably originated from
calcareous organisms, presented their highest concentrations in the north (Table
7.2), suggesting a marine source through seawater inflow via sandbar channels rather
than fluvial inputs. High concentrations of metals like Ti or Al but also Cr and Ni in
the central sector were attributed to lithogenic sources and the runoff input from
the Albujon watercourse (Cuevas et al., 2023). In the southern sector, significantly
higher concentrations of Pb, As, Cu, and Ag were linked to the proximity to the
mouths of the mining-affected ephemeral streams, which would preferentially

deliver these metals, combined with the effect of lagoon circulation.

Natural and anthropogenic factors have influenced the sediment composition and
changes in metal concentrations in the Mar Menor coastal lagoon over the past
century. In the northwest of the lagoon, the sand-rich deeper sections of cores OPC2
and OPC3 suggested a higher influence of Las Encafiizadas sandy materials in the
past. The increase in silt content in recent (after 1910) core sections coincides with
an increase in metal concentrations and with the developing period of industrial
mining. Therefore, there might be a confluence of factors in the north that explain

this increase in sedimentation of finer materials from the late 19th century onwards.
Cores from the north and central sectors showed lower sedimentation rates and

thinner layers of mining contamination (upper 15 cm at most), with lower metal

concentrations and less variability, as indicated in the PCA biplots (Fig. 3.5).
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Southern cores, more affected by mining-derived materials, spanned over a larger
biplot area (Fig. 3.5a) and therefore showed a more diverse influence of the different
variables. Additionally, these cores exhibited higher differences in metal
concentrations before and after industrial mining. For instance, core OPC8 showed
concentrations of 120 mg-kg! for Pb before industrial mining, which increased to
3400 mg-kg! after industrial mining began. Conversely, core OPC1 (in the north)
presented concentrations of 43 mg-kg! for Pb in undated (before ~1900), deep

sediments, which increased to 870 mg kg1 after the onset of industrial mining.

The PCA generated two undetlying variables that explained the variability of our
data. Dim1 differentiated mining-derived materials (positive values) from other
sedimentary sources (negative values). Dim2 differentiated between terrestrial and
marine sediment inputs as it reflected grain size variations (a larger proportion of
finer materials for negative values) that could be linked to differences in terrestrial
as opposed to marine inputs. Ca, S, sand, and gravel were probably marine-sourced
(Abu-Zied et al., 2021) —either autochthonously produced or by marine inputs
through the channels of the sand bar.

This analysis indicated that Pb, Zn, Ag, Cd, Fe, and As, found in ores historically
mined in the Sierra Minera de Cartagena-La Unidn, were associated with finer,
terrigenous materials and mining runoff. Other metals not directly exploited in the
mining area, such as Hg, also shared this origin. Ni, Cr, Al, Si, and Ti, were mainly
influenced by the deposition of finer sediments but were not clustered with mining-
derived materials, indicating that they were primary lithogenic runoff components.
Cu presented an intermediate situation between the group of mining metals and the

lithogenic runoff components, suggesting multiple sources.

3.4.2 Metal contamination is caused by industrial mining and
recent anthropogenic contributions

The metal concentrations in the Mar Menor coastal lagoon sediments reflected a
complex interplay of historical and recent contamination sources, which included
mining and other anthropogenic activities. Mining metal concentrations followed
similar temporal trends across all sectors of the lagoon, closely tied to the history of

mining in the Sierra Minera de Cartagena-La Union. Their concentrations presented
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significant increases linked to the onset of industrial mining before and at the start
of the 20™ century. This increase in metal concentrations around 1900 has been
observed in similar coastal systems (Buckley et al., 1995) . Maxima occurring in the
first half of the 20t century. The significant decrease in most metal concentrations
around the 1950s and 1960s, particularly in the central and southern sectors, can be
explained by the 1955 ban on premeditated mining spills into the lagoon. After the
ban, torrential rain runoff from the mining area still delivered metals to the lagoon
(Marfa-Cervantes et al., 2009; Marin-Guirao, Atucha, et al., 2005). Similatly, to Pb
and Zn, As concentrations increased due to the development of large-scale mining
activities, but recent higher concentrations could be related to continuous inputs of
this metal even after the ceasing of mining activities. Inputs of As could be linked to
the sensitivity of this metal to redox conditions (Zitoun et al., 2024), facilitating As
leaching from soils after acidification and subsequent delivery to the lagoon through

stream discharge (Martinez-Lopez et al., 2020).

While mining has been a major contributor to metal contamination, other
anthropogenic activities have emerged as significant sources in recent decades. For
Hg, mining was the main contributor to its enhanced concentrations in sediments
throughout most of the 20th century. However, high concentrations in recent
sediments could be linked to non-mining sources, especially in the northern sector.
Its proximity to large population centers, such as San Pedro del Pinatar and San
Javier, may contribute to Hg contamination due to broad anthropogenic sources.
Furthermore, the presence of an airport and a water treatment plant in San Javier
and a landfill in San Pedro —infrastructures related to Hg emissions (Fang et al.,
2018) — could further increase the supply of Hg to lagoon sediments. Other

potential sources for Hg include agricultural wastes (Ruiz-Fernandez et al., 2009).

Urban expansion can explain the increase in Cu concentrations at the start of the
21st century. Antifouling paints are the most probable source of Cu (Costa et al.,
2016; J. Readman, 2000), especially near the large ports of Lo Pagan and La Manga,
and after the enlargement of El Estacio channel for sailing in 1973. Additional
sources of metals to the central and southern sectors could include fertilizer
application, which can trigger the remobilization of metals in soils due to
acidification (Krahforst et al., 2022). Although Ag accumulation through time is

mainly controlled by the mining industry activities, there were increases in the 1980s
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to the 2000s in the northern and southern basins that could be indicative of sewage
releases (Garcfa-Pintado et al, 2007) due to the use of Ag nanoparticles in

antibacterial consumer goods (Gallon & Flegal, 2015; Ravizza & Bothner, 1996).

As a consequence of the temporal variability of metal inputs and accumulation rates,
metal concentrations in surface sediments of the lagoon have changed during the
last 120 years. The characterization of the temporal evolution of surface sediments
is relevant as they are a good representation of the metal concentrations that were
readily available for benthic and planktonic organisms and prone to be mobilized to
the water column. This is particularly relevant for those metals presenting high
concentrations, such as those derived from mining activities. As shown before,
metal-entiched sediments have consistently deposited in all sectors of the lagoon,
but more prominently in the south, closer to the mouths of the streams from the
mining area, and where there is a circulation gyre that enhances sediment

accumulation.

Focusing on mining-derived metals and using Pb as an example (Fig. 3.0),
concentrations in surface sediments of the lagoon were relatively low and showed
minor spatial variability before industrial mining. At this period, the area in front of
the ephemeral streams draining the mining area (Sierra Minera de Cartagena-La
Unién), where OPC7 is located, already presented higher concentrations than the
rest of the lagoon. These higher concentrations are probably caused because these
watercourses run through the Sierra, which contains volcanic materials rich in
minerals that were historically exploited. The period with the highest metal
concentrations, which also contributes mote to the accumulation of metal stocks,
occurred during the 1920s and 1940s (Fig. 7.10 and Table 7.5). After the
establishment of industrial mining, the highest concentrations were always found at
the southernmost edge, due to the circulation gyre and the proximity of mining-
derived inputs. As observed in the distributions in the 1970s and 1990s, surface metal
concentrations in the lagoon started decreasing, particularly in the south, as a
consequence of the mining spilling ban in 1955. This decrease began to affect the
rest of the lagoon, especially the area in front of the ephemeral streams affected by
mining (OPC7 and OPC11) after the 1990s. Contamination has also preferentially
spread along the eastern coast of the lagoon, as shown in the maps for 1920, 1940,

and 2020 (Fig. 3.6). The current flowing to the northeast, which runs between the
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two main islands, could drag these materials, subsequently depositing them along the
southward current flowing along La Manga (Fig. 3.1). In contrast, the north-western
region, where cores OPC2 and OPC3 are located, might have been more influenced
by ephemeral streams and Mediterranean inputs that do not supply mining-related

metals.
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Figure 3.6 Pb surface concentrations (mg-kg) at different periods. The dotted line in
the ephemeral streams affected by mining indicates a minor influx of mining debris
into the lagoon, either from preindustrial mining or due to the spilling ban. Similarly,
the solid line in the Albujon watercourse signifies its permanency or intermittence.
The clear and dark mining sites areas indicate the lack or presence of industrial

exploitation.
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3.4.3 Metal concentrations surpass sediment quality
guidelines

Enrichment factors (EF) for Pb, As, Hg, Cu, Zn, and Ag before, during, and after
mining industrial exploitation are shown in Fig. 3.7. Values were, on average, higher
than 1.5 for the six metals during and after industrial mining, indicating accumulation
of anthropogenic inputs (X. Gao & Li, 2012). The metal that showed the major
enrichment was Zn, particularly during industrial mining times, followed by Ag.
After the closure of all mining activities, average enrichment factors for Pb, Zn, and
Ag decreased, with As being the closest to preindustrial values (EF close to 1). EF
values for Pb, Zn, and Ag were significantly different when comparing every defined
period (p < 0.01). For As, enrichment values did not show significant differences
between periods (p = 0.14). This further demonstrates that factors other than the
operational activity status of mining, such as recent leaching from mining
watercourses, also play a role in the enrichment of this metal. Regarding Hg and Cu,
the industrial mining and the post-mining periods were not significantly different,
whereas the preindustrial mining values differed significantly when compared to
mining and post-mining periods (both p < 0.01). This, again, underpins additional

anthropogenic sources of Hg and Cu after mining cessation.
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Figure 3.7 Enrichment factor values for a) Zn and b) Pb, As, Hg, Cu, and Ag in
the periods previous (before the second half of the 19th century), during (from then
to 1990), and after mining closure (post-1990), index H from Kruskal-Wallis
analysis (for Pb, Hg, Cu, Zn and Ag p < 0.01; for As p = 0.14) and the results of
Dunn’s test (adjusted p < 0.01) for the pairwise differences. The columns with
different letters (a, b, c) are significantly different from one another. Box comprises
the data between the 25t and the 75 percentiles. Whisker size represents 1.5-SD.

Preindustrial mining concentrations of Pb, Hg, As, Cu, and Zn already exceeded
TEL values, indicating pre-contemporary potentially toxic fluxes of these metals to
the lagoon attributed to inputs from the watershed and in agreement with previous
obsetrvations from Pérez-Ruzafa et al. (2023). Concentrations of Pb, As, and Zn
during the preindustrial period even surpassed PEL values, although As
concentrations only reached this level before the 20th century in the north and center
regions. During the industrial mining era, these metal concentrations further
increased, reaching up to 30, 6, and 14 times PEL values for Pb, As, and Zn, and 4
and 3 times TEL values for Hg and Cu, respectively. Current concentrations are still
above PEL for Pb, As, and Zn and above TEL for Hg and Cu. For Hg, surface
concentrations may soon show non-toxic values if the latest decreasing tendencies
persist. Even though a general, relatively low bioconcentration factor has been found
in most lagoon organisms, indicating effective metal retention by sediments (Pérez-
Ruzafa et al., 2023), such high concentrations could have negative impacts on biota

if their bioavailability changes.
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3.4.4 Mar Menor sediments present some of the highest metal
concentrations in coastal enclosed ecosystems

Metal sediment contamination in the Mar Menor coastal lagoon is notably high
compared to other reported values in lagoons within the Mediterranean region and
on a global scale (Table 3.2). Pb maximum concentrations in this study exceeded
those reported in many similar ecosystems, including the industrial area of the Venice
lagoon (Bellucci et al., 2002). This location was the only one that presented higher
maximum As, Zn, and Hg values than Mar Menor. Cu maximum concentration in
Mar Menor was of a similar magnitude to those reported in other lagoonal
ecosystems like Berre (France) —affected by industry— and Naukaumi —affected
by mining— (Japan) (Ahmed et al., 2010; Ontiveros-Cuadras et al., 2024), but
notably lower than Nador and Al-Shuaiba lagoons, which are impacted by a
combination of mining and urban pollution (Abu-Zied et al., 2021; Bloundi et al.,
2009). For Pb, As, and Zn, Naukami presented lower sediment metal concentrations
than Mar Menor (Ahmed et al., 2010). Ag maximum concentration was two times
higher in the Mar Menor coastal lagoon than in the Vistula Baltic coastal lagoon,
impacted by industry (Szefer et al, 1999). Lagoons affected by agricultural
contamination also exhibit generally lower metal concentrations in their sediments
than Mar Menor (Green-Ruiz & Paez-Osuna, 2001; Ontiveros-Cuadras et al., 2021),
highlighting the polluting potential of industrial mining.
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Table 3.2 Reported metal concentration ranges (mg-kg) for coastal lagoons and bays.

Site Sample type Pb Hg As Cu Zn Ag References
Mar Menor - this Sediment
study cotes 10 - 3,400 0.01-0.53 4.6 - 100 1.1-50 2.6 — 3,700 0.020 - 2.3  This work
Al-Shuaiba lagoon Grab sampler 2-270 - - 3-200 3-400 - Abu-Zied et al. (2021)
Altata-Ensenada Green-Ruiz & Piez-Osuna
lagoon system Grab sampler 46 —290 - - 56-064 19-170 1.6-7.0 (2001)
Berre Lagoon,
MedSea Grab sampler 18-82 0.15-0.40 4-10 11-48 50 - 150 - Accornero et al. (2008)
Laizhou Bay Grab sampler 16 - 32 - 8.1-17 7.0 - 34 46 - 91 - Dang et al. (2021)
Nakaumi lagoon Grab sampler 12-35 - 4-19 8-51 42 - 210 - Ahmed et al. (2010)
Nador lagoon, Sediment
MedSea cores 11 - 300 - 4-176 4-470 4—-1,200 - Bloundi et al. (2009)
Sediment
Terminos lagoon cores 6.9-19 - 09-11 13-23 40 - 66 - Ontiveros-Cuadras et al. (2024)
Venice industtial Sediment
site, MedSea cores 41-930 1.2-48 7-130 - 100 -8,300 - Bellucci et al. (2002)
Vistula Baltic coast
lagoon Grab sampler 24 - 80 - 4-20 18 -32 76 - 180 0.37—-0.81  Szefer et al. (1999)
Xola-Paramin Sediment
lagoon cores 9-15 - 1.8-5.6 6.1-28 37 -100 - Ontiveros-Cuadras et al. (2021)
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3.4.5 Enhanced resuspension could remobilize accumulated
metals to the water column

Despite generally decreasing trends in metal concentrations in recent sediments, it is
crucial to consider the substantial accumulation of metals in a vulnerable ecosystem
such as the Mar Menor coastal lagoon. The mobility and potential ecological effects
of these metals in sediments are influenced by various factors including grain size
(Horowitz, 1985), pH (Bourg & Loch, 1995), dissolved oxygen (Abu-Zied et al.,
2021), redox potential (Williams, 1992), iron-manganese oxides (Gonzilez et al.,
2007), organic matter content, salinity (Férstner et al., 19806), and the influence of

living organisms (Souza et al., 2015).

Metals can become available for biological uptake when they detach from mineral
oxides or clay coatings, a process enhanced by the oxidation of anaerobic sediments
(Chapman et al., 2011). This phenomenon is particularly notable at the oxic-anoxic
interface, which plays a dominant role in the fluxes of trace metals from sediments
to the water column (Salomons, 1987). During resuspension episodes, metals can be
exposed to oxygenated water layers and become more accessible for uptake (Caetano
et al., 2003; Santos-Echeandfa et al., 2023). Additional mechanisms such as diffusion,
porewater exchange, and submarine groundwater discharge through sediments can
also contribute to mobilizing metals from lagoon sediments to the water column
(Alorda-Kleinglass et al., 2019; Martinez-Soto et al., 2010).

Albeit metal concentrations in Mar Menor’s surface sediments exceed sediment
quality guidelines for metals like Pb, Hg, As, Cu, and Zn, a general, relatively low
bioconcentration factor is found in most lagoon organisms, indicating effective
metal retention by sediments (Pérez-Ruzafa et al., 2023). The rise in organic matter
fluxes to Mar Menor sediments due to agricultural activities and urban sewage
discharge could have impacted the lagoon sediment’s ability to absorb As and
contribute to its release (Martinez-Lopez et al., 2020) while retaining other metals in
the sediments. This retention is presently preventing their bioavailability and
mitigates potential ecotoxicological impacts (Zhang et al., 2017). However, there is
evidence that in the event of strong winds, resuspension increases metal
concentration in the water column for both the dissolved and particulate fraction
(Santos-Echeandia et al., 2023).
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Mediterranean coastal lagoons are particularly vulnerable habitats to future global
change scenarios. The expected rise in extreme precipitation events (like the ones
produced by cut-off lows in the region), more frequent in recent years in the western
Mediterranean due to climate change (Benabdelouahab et al., 2020; Kysely et al.,
2012), could lead to more recurrent runoff-induced episodic discharges from
contamination sources. Additionally, they could increase resuspension (Fong et al.,
2020), especially in shallow environments like coastal lagoons (C. Tang et al., 2020).
In Mar Menot’s case, this could affect the most polluted sediments from the last
decades (Palanques et al., 2020) and increase the availability of sediment-bound
metals upon exposure to oxygen, as shown in Bancon-Montigny et al., (2019),
potentially affecting the biota. Additionally, expected sea level rise from climate
change could contribute to flooding the contaminated watershed soils and increase

metal mobilization to the water column (Izaditame et al., 2022).

The 2016 and 2019 extreme precipitation events in the Mar Menor, could have
contributed to delivering mining-polluted sediments by runoff and conveyed high
organic matter and nutrient loads to the lagoon, which could contribute to metal
retention but at the same time trigger new eutrophication peaks. Additional
challenges, such as mass mortality episodes in benthic macrophyte meadows, could
hamper their contribution to sediment-retaining processes and further increase
resuspension events. Such delicate equilibrium in an already remarkably vulnerable
ecosystem requires more detailed studies, especially focusing on resuspension risk

and properly planned metal contamination monitoring programs.
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4. Land-use change and hydrodynamic
alteration reshape sediment carbon and
nitrogen burial in a coastal lagoon
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4.1Introduction

Nutrient burial in coastal sediments contributes not only to regulating nutrient
availability and mitigating eutrophication, but also to the long-term sequestration of
organic carbon, thereby linking nutrient cycling with the blue carbon function of
coastal vegetated ecosystems. Seagrass meadows and rooted macroalgae promote
sediment stabilization, enhance the retention of organic matter and nutrients, and
reduce sediment resuspension, helping maintain water quality and ecosystem
functioning (Bernardeau-Esteller et al., 2023; Brenner et al., 2006; Pérez-Ruzafa et
al., 2002). However, this buffering capacity can be compromised under increasing
anthropogenic pressure. Declines in seagrass meadows driven by eutrophication,
reduced water quality, physical disturbance, and climate change may reduce nutrient
retention and carbon burial, while shifts towards macroalgal dominance can alter the
quality and fate of organic matter reaching the sediments (Arias-Ortiz et al., 2018;
McGlathery et al., 2007; Orth et al., 2006; Serrano et al., 2016; Waycott et al., 2009).
These feedbacks may accelerate ecosystem degradation by weakening the natural

capacity of sediments to retain nutrients and organic carbon.

Despite the recognized importance of sediment nutrient burial as a crucial process
in coastal ecosystem functioning, there is a limited understanding of how
anthropogenic stressors, which are expected to continue or increase in the future
(Canuel & Hardison, 2016), affect and drive ecosystem shifts in vulnerable habitats.
A striking example of how anthropogenic stressors modify nutrient cycling is the
Mar Menor coastal lagoon, the largest saltwater lagoon in Europe and the Western
Mediterranean, which includes areas protected under the Ramsar convention (Ledn
& Bellido, 2016). After agriculture intensification and urban expansion in its
watershed, this ecosystem has experienced several eutrophication and partial
recovery cycles, with significant socioeconomic and ecological impacts, including
widespread mortality of marine fauna, the loss of most extensions of native seagrass
Cymodocea nodosa, the expansion of macroalgae Caulerpa prolifera, and a 43% reduction

in housing investment returns (Lamas Rodriguez et al.,, 2023; Zamora-Lopez et al.,
2022).
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Building on this context, this study investigates the evolution of sediment organic
carbon (Cor) and total nitrogen (TN) dynamics in the Mar Menor coastal lagoon
under increasing anthropogenic pressure in the 20™ and 21t centuries. Specifically,
we quantify burial rates of Cory and TN and evaluate changes in their sources to the
sediments using stable isotope mixing models, distinguishing among terresttial,
Mediterranean, and macrophyte-derived inputs. Together, the results allow elucidate
how human pressures have altered nutrient dynamics and ecosystem trajectories in
the lagoon and provide information to support future management and policy

strategies.

4.2 Methodology

4.2.1 Study site

Anthropogenic pressures on the Mar Menor lagoon have accumulated over
millennia, progressively reshaping its physical, chemical, and ecological functioning.
Early human impacts date back more than three thousand years ago, with mining
being the first to leave a detectable imprint in the lagoon’s sediments (Pérez-Ruzafa
et al., 2023). These activities intensified with industrialization, reaching their peak
during the 20th century and resulting in substantial accumulation of metals in lagoon
sediments (Alorda-Montiel et al., 2025). For further details on the impacts of mining,
refer to Chapter 3. From the 12th to the 19th centuries, land clearing and agricultural
activities in the watershed, Campo de Cartagena, increased sediment delivery to the
lagoon (Fig. 4.1). In the late 19th century, marine influence intensified when a series
of storms breached the natural sand barrier separating the lagoon from the
Mediterranean Sea, followed by the opening of two artificial channels—Marchamalo
(Perez-Ruzafa et al., 1991) and Gola del Charco (Garcia & Mufioz-Vera, 2015). The
widening of the El Estacio channel in the early 1970s further enhanced water
exchange with the Mediterranean (Perez-Ruzafa et al., 1991). This hydrodynamic
change moderated temperature extremes (raising winter minima from ~7.5 °C in
1970 to ~12 °C by 1988) and reduced salinity from around 53-54.7 to 40-51 (Pérez-
Ruzafa et al, 2012) in a system where evaporation typically exceeds freshwater
inputs. In 2021, the average flushing time of lagoon waters was 130 days (Rodriguez-

Puig et al., 2025), indicating that water remains in the lagoon for approximately four
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months before being renewed. Increased connectivity facilitated the spread of the
allochthonous macroalgae Caulerpa prolifera, which was first observed in the 1970s
and scientifically documented in the 1980s (Pérez-Ruzafa et al., 1987) and jellyfish
species such as Cotylorhiza tuberculata and Rhigostoma pulmo (Fernandez-Alias et al.,
2023). As a result, benthic habitats shifted from mainly sandy Cymodocea nodosa
meadows to muddier substrates dominated by mixed stands of C. profifera and C.
nodosa, leading to higher organic matter and sulfide production in sediments,
especially in central areas of the lagoon (Belando et al., 2021; Perez-Ruzafa et al.,
1991). Parallel to these transformations, rapid urban expansion from the 1970s until
the 2007 economic crisis, particularly along the sandbar, intensified pressures. The
sharp seasonal rise in population during the summers —approximately 1.3 times
higher than during the rest of the year— often led to direct wastewater discharges due

to overloaded or damaged water treatment infrastructure (Guaita-Garcia et al., 2022).

The commissioning of the Tajo-Segura transfer in 1979, a large-scale inter-basin
diversion that rerouted water from the Tajo River in central Spain to the Segura basin
for irrigation to the agricultural Mar Menor watershed, represented a major
hydrological shift (Jiménez-Martinez et al., 2016). Although the Tajo-Segura transfer
itself lies outside the study area shown in Figure 4.1, it supplies irrigation water to
the Campo de Cartagena, which drains into the Mar Menor coastal lagoon. As a
consequence, phreatic levels rose, and the Albujén stream became the only
permanent watercourse in the basin (Velasco et al., 2000), initiating a chronic input
of nutrient-rich runoff into the lagoon via both surface water inputs and
groundwater discharge (Alcolea et al., 2019; Rodriguez-Puig et al., 2026). During the
study period, its discharge ranged from 1.8 x 103 to 1.49 x 105 m? d-! (data retrieved
from the Mar Menor Environmental Monitoring System; Government of the Region
of Murcia, accessed on 23 June 2026), with suspended particulate matter
concentrations of approximately 0.3 g L. These nutrient inflows, particularly
nitrogen, contributed to the expansion of C. prolifera meadows (Garcia & Mufioz-
Vera, 2015). By the end of the 1990s, agricultural practices intensified, shifting from
low-input dryland farming to high-input irrigated agriculture with substantial
nitrogen fertilization, driving further nutrient loading to the lagoon (Garcia-Ayllon
& Miralles, 2014). Despite this, the lagoon exhibited remarkable resilience for two
decades, with no clear signs of eutrophication based on water quality indicators (Salas

et al., 2008). However, from the 2000s onward, intensive agriculture also expanded
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into the southern watershed, increasing nutrient loading pressures. Despite these
high nutrient inputs, eutrophication consequences were likely mitigated through two
mechanisms: a strong top-down control of phytoplankton by jellyfish and sediment
nutrient burial under benthic macrophytes (Fernindez-Alias et al., 2022; Pérez-
Ruzafa et al., 2002).

Late 19thcentury 1900 1950 1970 1980 1990 2000 2010 2020 Present
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Figure 4.1. Schematic timeline summarizing the major anthropogenic and
ecological changes in the Mar Menor lagoon from the late 19 century to the
present.

In 2016, an exceptionally dry year, the combined effect of high nutrient loads and
extreme summer heat triggered a long-lasting phytoplankton bloom that resulted in
the loss of 85% of macrophyte meadows (Belando et al., 2017), and socio-economic
distuption (Lamas Rodriguez et al., 2023). The lagoon partially recovered its
physicochemical conditions in 2018 (Pérez-Ruzafa et al.,, 2019). In September of
2019, a severe flash flood produced by an extreme precipitation event in (172 mm,
data from Sistema de Informacion Agraria de Murcia) transported large water and
sediment loads to the lagoon, triggering a strong stratification in the lagoon’s water
column (Machado Toffolo et al., 2022; Pereira et al., 2026), ending in renewed
eutrophication and anoxia, with the first fish mass mortality episode in the lagoon.
In the summer of 2021, another anoxic event occurred, with widespread fauna
mortality. Following these disturbances, C. nodosa meadows scarcely recovered,
whereas C. prolifera mats re-expanded due to their higher tolerance to low-light
conditions (GEAM IEO-CSIC, 2025). Fish assemblages and benthic polychaeta
communities have been modified due to the eutrophication collapses as well

(Sandonnini et al., 2022; Zamora-Lépez et al., 2022). The impacts of the lagoon
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collapse expanded beyond the ecosystem, triggering chronic stress and reduced
shoot size on the nearby Mediterranean Posidonia oceanica meadows, the most
extensive in south-eastern Spain (Jiménez-Casero et al., 2025). All of these major
events resulted in mobilizations that eventually led to the Mar Menor being legally
recognized as the first European ecosystem with a right to exist, to evolve naturally,
and to be protected, preserved, and restored (M.-C. Fuchs, 2023; Krimer, 2023).
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Figure 4.1 (a) Location of the Mar Menor coastal lagoon within Europe. (b-c) Land
uses according to the CORINE land cover dataset for 1990 (b) and 2018 (c) from
the Campo de Cartagena region and all the hydrological basins discharging to the
Mar Menor lagoon, SE Spain, and location of the sampled sediment cores. The
blue line represents the permanent Albujon river. In panel a, the dashed black lines
separate North, Center, and South regions of the lagoon and blue numbers (1, 2
and 3) are, respectively, the channels Las Encaifiizadas (including Gola del
Charco), El Estacio, and Marchamalo.
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4.2.2 Sampling and sample processing

Details for core sampling, subsampling and 21°Pb dating can be seen in Chapters 2
and 3. Cores were considered to belong to North, Center, South Cey, TN, and
carbon and nitrogen stable isotopic signatures (813C and 8N, respectively) were

analyzed in sediment subsamples.

To constrain the main potential sources of nutrients to lagoon sediments, samples
of vegetables, surface water algae, and benthic seagrass C. nodosa, and macroalgae C.
prolifera were collected. Vegetables comprised citrus leaves, lettuce, celery, and
almond tree leaves from the agricultural fields in Estacién Experimental
Agroalimentaria, Universidad Politécnica de Cartagena, which are some of the most
common crops in the Campo de Cartagena basin (Centro Regional de Estadistica de
Murecia, 2026). C. prolifera specimens were collected close to cores 1, 4, 5 and 8, while
C. nodosa specimens were sampled close to the sandbar, where there are some of its
remaining monospecific meadows (Fig. 4.1). All these samples were frozen after
collection, cleaned with deionized water, and seagrass and C. prolifera leaves were
scraped to remove epiphytes. Then samples were dried at 65 °C, ground with a ball

mill , and weighed before Cory and TN analysis.

Additionally, we analyzed Suspended Particulate Organic Matter (SPOM) from the
Albujén stream, the lagoon, and the Mediterranean Sea, which mainly consisted of
Posidonia oceanica scrapes, as an additional source of nutrients to lagoon sediments.
SPOM was sampled by filtering 2.5 to 11 L of lagoon, Albujén, and Mediterranean
water through Whatman GF/F filters (diameter = 124 mm). These filters had been
pre-combusted at 550 °C during 24 h to remove all previous organic contamination,
and right before filtering they were rinsed with deionized (DI) water to prevent
breakage and avoid salt accumulation. After filtering, they were wrapped in
aluminum foil and stored at -20°C. Before analysis, samples were oven-dried at 65
°C to constant weight, subsampled, and weighed for separate Cor and TN analyses.
Albujon SPOM was considered a proxy for terrestrial inputs from the agricultural
catchment, while Mediterranean P. oceanica was used as a proxy for Mediterranean

influence.
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4.2.3 Analytical methods

For Co and 813C analyses, subsamples were decarbonated by adding HCI 1M and
ensure only Cory was measured by an isotope ratio mass spectrometer IRMS) (P.
Kennedy et al., 2005). Sediments (0.1-0.3 g) were placed in 50 ml centrifuge tubes,
acid was added to fill the volume of the tube, and samples were left to react
overnight. After centrifugation and decantation, samples were rinsed with DI water
and centrifuged again. This procedure was repeated four times to ensure the sample
was at a neutral pH, after which they were oven-dried. Subsamples for TN and 85N

were not pretreated and were analyzed directly. All samples were encapsulated in tin.

Corz and TN contents were determined with a Costech Elemental Analyser (ECS
4010) connected to a Thermo Scientific™ Delta V Advantage isotope ratio mass
spectrometer at the Stable Isotope Biogeochemistry Laboratory (SIBL), at Durham
University (United Kingdom). Isotopic accuracy was monitored through routine
analyses of in-house standards, which were stringently calibrated against
international standards (e.g., IAEA-600, IAEA-CH-3, IAEA-CH-6, IAEA-N-1,
TAEA-N-2, NBS 19, USGS24, USGS40). International and in-house standards were
run daily and provided a linear range for 8'3C between —46 %o and +3 %o and in
315N between —4.5 %o and +20.4 %o. Analytical uncertainty in carbon and nitrogen
isotope analysis was typically £0.1 %o (2 sd) for replicate analyses of the international
standards and <0.2 %o (2 sd) on replicate sample analysis. Cory and TN data were
obtained as part of the isotopic analysis using the internal standard, glutamic acid
(40.82 wt% C, 9.52 wt% N).

4.2.4 Mixing model setup for source contribution to nutrients

We applied the model MixSIAR to a mixture data consisting of 8'*C and 3°N
isotopic values (n = 285) collected from 10 sediment cores comprising surface to the

210Pb dating horizon depth, which ranges from 15 to 30 cm of depth.
The model setup included core identity and age categories (Pre-1900, 1900-1950,

1950-1990, and 1990-2020) as categorical fixed effects, since these periods

correspond to major phases of environmental change in the watershed, including a
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period before the increased exchange with the Mediterrancan Sea, the early
urbanization process, and intensive agriculture and eutrophication dynamics.
Uninformative priors were applied, assigning equal weight to all potential sources.
Concentration dependence was integrated into the model to account for differences
in composition among sources, ensuring that contributions were weighted according
to their relative carbon and nitrogen content (Phillips & Koch, 2002), resulting in
different C:N ratios in every source (i.e. P.oceanica C:N ratio = 42.9, C.prolifera C:N
ratio= 14.2, Albujén SPOM C:N ratio= 12).

4.2.5 Spatial Interpolation and statistical analysis

Inverse Distance Weighting IDW) was performed using a power parameter of p =
2 to explore the spatial distribution of carbon and nitrogen stocks and nutrient
source contributions through the R package gstat (Pebesma, 2004). The obtained

representations may exhibit local artifacts in the vicinity of sampling locations.

Since the distributions of Cor, TN, 813C, and 8N deviated from normality,
differences between regions were tested using the Kruskal-Wallis test followed by
Dunn’s post hoc test with Bonferroni correction. Depth intervals within cores were
treated as individual observations; however, as these are not strictly independent,
results should be interpreted as indicative of spatial patterns rather than formal
statistical inference. The R package rshift (Room et al., 2023) was used to detect
significant temporal shifts in Cor, TN, 813C, and 313N sediment concentrations with
depth (i.e., time). STARS algorithm (Sequential t-test Analysis of Regime Shifts)
(Rodionov, 2004) was used for cases with a normal distribution (significance level =
0.05, cut-off length = 3 cm, which can amount to 2 to 15 years). The resulting
Regime Shift Index (RSI) quantifies the magnitude of the shift (the more positive,
the greater). Lanzante’s non-parametric L-Method (Lanzante, 1996) was performed
for non-normal distributions (significance level = 0.05), where the resulting p-values
also express the significance and magnitude of the shift. Differences in carbon
(CAR) and nitrogen (NAR) accumulation rates between time periods were evaluated
using paired Wilcoxon signed-rank tests, with sediment cores treated as different

samples from within each region.
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4.3Results

4.3.1 Depth profiles of Corg (%) and TN (%)

In all regions, the lowest Cop and TN concentrations occurred in the deepest
sections, corresponding to pre-20™ century sediments (Fig. 4.2), whereas maximum
values were observed at the surface. Surface concentrations reached 9% and 1.1% in
the north, 5.3% and 0.7% in the center, and 5.6% and 0.6% in the south for Cor and
TN, respectively. Therefore, maximum surface values were almost twice as high in

the northern region as in the rest of the lagoon.

The Cory and TN (%) profiles showed progressively increasing concentrations since
the start of the 20t century, based on the temporal scale inferred from the 210Pb-
derived age model. In the north of the lagoon, both Cor, and TN increased sharply
around 1900 and continued to rise toward more recent sediments. In contrast, the
central and southern cores showed a delayed increase, with concentrations rising
significantly in the mid-20™ century. Unlike the rest of the lagoon, the southern cores
showed fluctuating values of both Co and TN in the most recent surface layers,

indicating a different pattern than in the rest of the lagoon.

No significant variability was observed in Coy and TN mass-weighted mean
concentrations (%) among regions (p > 0.05) (Fig. 7.12). These values were, for Cor,
(%), 1.7 £ 0.3 in the northern region, 1.3 £ 0.7 in the central region, and 1.6 £ 1.3
in the southern region. Corresponding TN values were 0.2 £ 0.1, 0.2 + 0.1, and 0.2
0.2 %, respectively.

Alternatively, significant temporal differences were detected among periods (p <
0.05). Mass-weighted mean Cor concentrations increased from 0.6 £ 0.3 in pre-1900
sediments to 1.9 = 0.9 (1900-1950), 3.2 + 1.4 (1950-1990), and 3.9 £ 1.6 % (1990-
2020). Post hoc comparisons indicated significantly lower values in the pre-1900
period relative to both 1950-1990 and 1990-2020 sediments. TN concentrations (%o)
showed a similar pattern, increasing from 0.08 £ 0.03 in pre-1900 sediments to 0.2
+0.1,0.4 £ 0.2,and 0.5 * 0.2 in the 1900-1950, 1950-1990, and 1990-2020 periods,

respectively. Significant pairwise differences were detected between the pre-1900
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and 1950-1990 and 1990-2020. Additionally, significant differences in Cor and TN
contents were also observed between the periods of 1900-1950 and 1990-2020.
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Figure 4.2 C,;; and TN concentration profiles (%) of selected cores representative

of the different lagoon sectors (OPCl in the north, OPCS5 in the center, and OPC7
in the south). Profiles for the rest of the cores are provided in the Supplementary
Information for Chapter 4 (Figs. 7.13 and 7.14). Green shading indicates the period
of agricultural expansion. The dotted line indicates 30 cm of depth.
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4.3.2 Carbon and nitrogen stocks and accumulation rates

Carbon and nitrogen burial was evaluated using complementary metrics that capture
different aspects of sediment nutrient dynamics, including stocks integrated over
fixed depth (30 cm), stocks integrated over the last century and accumulation rates
derived from 2!9Pb dating. Spatial differences on Cory and TN stocks depended on
whether they were calculated for the upper 30 cm of sediment or for the last century
(Fig. 4.3). Stocks calculated over the standard upper 30 cm of sediment were highest
in the northernmost (53 Mg C ha™ and 6 Mg N ha™') and southwestern areas (~50—
52 Mg C ha™ and 6-7 Mg N ha™), whereas the southernmost and northwestern

regions presented the lowest stocks (C ~24-28 Mg ha™, N ~4 Mg ha™).

In contrast, when stocks were integrated over the 2!°Pb horizon (i.e. from ~1900 to
present), they were highest in the southwestern region (ranging from 24 to 47 Mg
Cha™ and 4 to 6 Mg N ha™), while the lowest values occurred in the northwest
(~20 Mg Cha™, ~3 Mg N ha™). This comparison highlights how stock estimates
vary depending on the integration framework applied (a time-integrated 2!9Pb
horizon versus a fixed-depth, in this case 30 cm). Values for Cery and TN stocks at
30 cm were approximately 30% higher than values for the last 100 years. While the
southwestern sector, with the highest sedimentation rates, consistently exhibited
high values under both approaches, the northern region ranked among the highest
when the fixed-depth was considered, reflecting differences between time-

dependent and depth-dependent estimates.

Mean carbon and nitrogen accumulation rates (CAR and NAR, respectively), derived
from 219Pb dating, ranged from 12.6 to 51.8 ¢ C m2 yr! and from 1.7 to 5.9 g N m-
2yr1). CAR and NAR were greatest in the cores exhibiting the highest sediment mass
accumulation rates (e.g., OPC7 and OPCS), in the south of the lagoon (Table 4.1).
When divided by periods (1900-1950, 1950-1990, and 1990-2020), CAR and NAR
showed a consistent temporal increase across most regions, with the highest values
generally occurring during 1990-2020 and the lowest during 1900-1950 (Table 4.2).
This pattern was particularly pronounced in the southern sector, where CAR
increased from ~18-37 g C-m2-yr! in 1900-1950 to ~51-89 g C-m=2-yr! in 1990-
2020, and NAR from ~2-5 g N m2 yr'! to ~8-12 ¢ N m2 yr-l. Increases were more

moderate in the central and northern regions, but still evident (e.g., CAR from ~4—
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15 to ~9-30 g C m2 yr'!), whereas the northern region exhibited lower rates overall.
Despite these regional differences, the temporal trend of increasing accumulation

toward the present was consistent across the lagoon.
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Figure 4.3 Spatial distribution of sediment C,;y and TN stock maps (Mg - ha)
across the study area. (a, c) Stocks integrated over the upper 30 cm of sediment;
(b, d) stocks accumulated over the last 100 years.
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Table 4.1 Carbon (CAR) and nitrogen (NAR) accumulation rates (g m-2-yr!) since 1900 for dated cores in the lagoon.

Region Core MAR (g sed m2yr?) CAR (g Corg m2yt) NAR (g TN m?yr?)
OPC1 450 + 40 175+ 1.4 11102
North
OPC2 730 + 180 13.7+ 3.4 1.9+ 0.4
OPC3 540 + 160 12.6 + 3.8 21106
OPC4 1270 £ 250 259 %51 3.6105
Center
OPC5 740 + 130 182 %33 28104
OPCo6 520 £ 70 240+ 3.2 33104
OPC7 2000 + 180 51.8 £ 44 6.8+ 04
OPC8 2000 % 200 47.7+5.0 8.0 £ 0.7
South
OPC11 1200 £ 100 36.2+ 2.1 51£02
OPC12 1100 £ 100 30.6 £ 2.3 41+03
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Table 4.2 Carbon (CAR) and nitrogen (NAR) accumulation rates (g m-2-yr?) for

different historical periods in dated sediment cores from the Mar Menor lagoon.

Region Core Periods CAR (g Corg m2yrt) NAR (g TN m2yr1)
1990-2020 347128 46*04
OPC1  1950-1990 253120 3.0£03
1900-1950 77106 24 %01
North
1990-2020 246t 0.1 3.7£09
OPC2  1950-1990 20.7 £5.1 2.8 +0.7
1900-1950 75118 1.0+ 03
1990-2020 8.6 £26 1.1+03
OPC3  1950-1990 102 £ 3.1 14104
1900-1950 58118 0.7 £02
1990-2020 36.6 £7.1 59+ 1.1
OPC4  1950-1990 355+ 11.1 62112
1900-1950 - -
Center
1990-2020 30.2 %+ 5.5 41%0.7
OPC5  1950-1990 22.6 + 4.1 2.8+ 05
1900-1950 39£0.7 0.4 %01
1990-2020 343145 46106
OPC6  1950-1990 27.5%3.6 37£05
1900-1950 14.8 £ 2.0 1.6+ 0.2
1990-2020 89.2+ 7.6 115+ 1.0
OPC7  1950-1990 48.2 £ 4.1 5.6%05
1900-1950 181+ 1.6 22102
1990-2020 594+ 6.2 8.7+09
OPC8  1950-1990 383140 6.1£0.6
1900-1950 37.0£3.9 49%05
South
1990-2020 74.6 £ 43 10.7 £ 0.6
OPC11  1950-1990 38.8 22 53104
1900-1950 13.8 0.8 1.7+ 0.1
1990-2020 51439 7.5%0.6
OPC12  1950-1990 29823 3.8%03
1900-1950 181+1.4 22%0.2
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4.3.3 Depth profiles of 5*C (%o) and &'°N (%)

Before 1900, 8"*C values showed pronounced spatial differences, with relatively
enriched values in the northern region (~-14%o0) and more depleted values in the
central (~-22%o) and south regions (~-20%o) (Fig. 4.4). During the 20th century,
3"C profiles displayed region-specific trajectories. In the northern region, 5*C
values increased progressively from the early 20th century, reaching maximum
enrichment in the 1990s (-11%o), before declining toward present-day values (-14%o).
In the central region, 8"*C values were strongly depleted in pre-1900 sediments,
followed by a rapid enrichment during the first half of the 20th century that
subsequently stabilized at less negative values in the upper layers. In the south region,
8'2C values were more variable before 1900, remained relatively stable until the mid-
20th century, and then showed a marked enrichment followed by a subsequent
decline toward recent values (-15%o). Across the lagoon, 8'*C values converged
toward similar compositions in surface sediments from the different regions (~ -

15%o), in contrast to the stronger differences observed in deeper layers.

815N profiles exhibited pronounced temporal variability across the lagoon, revealing
three distinct phases. Prior to the 20th century, 8'°N values were relatively low in the
northern region (around 1%o), higher in the central region (approximately 5%o), and
intermediate but variable in the south region (roughly 2.5-5%o), indicating spatial
differentiation between the three regions. During the first half of the 20 century,
8°N values declined in the northern and central regions, reaching minima in the
mid-century (0.9%o), while the southern region maintained relatively elevated values
(4%o). Around the 1970s, 8N increased sharply in the northern and central regions.
In the south, 8°N decreased progressively from 1960s until the 1990s, after which
the isotopic signature began to increase sharply. All regions ultimately converged
toward elevated 8'°N values in recent sediments (~ 4-5%o), though higher in the
south, suggesting intensified and spatially homogenized nitrogen enrichment during

the last decades.
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Figure 4.4 613C profiles and 8N (%) of selected cores representative of the
different lagoon sectors (OPCl in the north, OPCS5 in the center, and OPC7 in the
southwest). Profiles for the rest of the cores are provided in the Supplementary
Information for Chapter 4 (Figs. 7.15 and 7.16).
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4.3.4 Stable isotope mixing models

To characterize the sources of organic matter contributing to sediment nutrient
burial, multiple mixing model configurations were tested. These combined potential
endmembers representing the main organic matter inputs to the lagoon (i.e. sources):
SPOM from the Albujén stream (terrestrial proxy), water surface algae, C. prolifera
and C. nodosa in the lagoon, and P. oceanica in the Mediterranean Sea (Mediterranean
proxy). Model configurations evaluated are detailed in the Supplementary
Information for Chapter 4 and included configurations with and without
concentration dependence, as well as five-sources and reduced three-source models
(Albujon SPOM, C. prolifera, and P. oceanica). The final model with concentration
dependence retained all five endmembers, as this configuration best constrained the
isotopic space occupied by the sediment samples in the 8'*C and 8N crossplot (Fig.
4.5).

Sediment Cory and TN exhibited 8 13C and 8°N values consistent with a mixture of
sources mainly bounded by terrestrial organic matter (Albujon SPOM & 13C(%o) = -
26.2; 8N (%o) = 8.4) and Mediterranean-derived P. oceanica organic matter (8 3C(%0)
=-12.8 + 1.6; 8"*N(%o) = 1.3 % 0.3), with additional influence from other primary
producers such as C. prolifera (Fig. 4.5). The relative position of sediment samples
within this isotopic space varied with sediment age, indicating temporal changes in

source contributions.

Sediment samples predating the 20t century showed a wide range in §°C and 8°N
(.e., from -10 to -25%0 and from 0 to 6%o, respectively), which points to large
variability in source contributions. Additionally, they were most closely associated
with terrestrial isotopic signatures relative to later periods. Dated sediments from the
late 20t and 215t century showed closer isotopic values to Mediterranean sources and
C. prolifera. During the 1900-1950 period, 813C values became slightly less negative,
while 85N values remained comparable to eatlier ones. Between 1950 and 1990,
815N values decreased, and 313C values continued to become less negative. From
1990 to 2020, 8'°N values increased, whereas 8'3C values remained relatively stable.
A few post-2016 samples that showed signatures similar to the Albujén endmember

were from a core collected near the Albujon stream mouth and corresponded to a
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rapid deposition event and show the highest §'’N values (Alorda-Montiel et al.,
2025).
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Figure 4.5 Crossplots of 6°C and 65N values for sediment samples and sampled
endmembers. Values for sediment samples are coloured by period Pre 1900, 1900-
1950, 1950-1990, and 1990-2020. The subgroup of five 1990-2020 samples close to
Albujoén SPOM are the ones estimated to come from a rapid deposition event. All
collected endmember ranges are displayed in boxes. Grey boxes represent the
unused endmembers in the final model, while selected endmembers are shown in
light teal color (Surficial algae, C. prolifera, MedSea Posidonia, and C. nodosa).
The inset in the upper-right quadrant shows the central 50% of the values of each
period distribution.

Different model configurations showed consistent large-scale patterns. Terrestrial
contributions (represented by Albujén SPOM) and Mediterranean contributions
(represented by MedSea Posidonia) constituted the main sources of organic matter
to the sediments from all the represented endmembers (Fig. 4.6). Across the lagoon
and through all periods, Mediterranean contributions to nutrients dominated
sediment organic matter (68 to 77%), although its spatial distribution varied. General

terrestrial contributions ranged from 13 to 21%.
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Between 1900 and 1950, sediment organic matter derived from the Mediterranean
was particularly dominant in the northern sector where contributions exceeded 80%.
Lower Mediterranean influence (55-65%) and comparatively higher terrestrial
contributions (25-30%) were observed in the southern and southwestern lagoon,
indicating a marked north-south spatial gradient in source composition. Terrestrial-
derived organic matter generally accounted for 15-25% of the sediment pool across

the lagoon during this period.

From 1950 to 1990, Mediterranean contributions remained dominant throughout
most of the lagoon (> 65-80%), particularly in the north and central-eastern sectors,
while relatively greater terrestrial influence persisted near the western shore and
southern region. During this period, contributions from the macroalgae C. profifera
first appeared in the sediment organic matter pool, although they remained relatively

low (generally 1-6%) and spatially restricted to southern and southwestern areas.

During 1990-2020, Mediterranean-derived organic matter continued to dominate the
lagoon sediment pool, especially in central and eastern sectors not directly influenced
by fluvial inputs. However, terrestrial contributions increased again in areas affected
by the Albujén stream and the southern lagoon, where values commonly reached
20-30%. At the same time, C. prolifera contributions became more widespread and
increased in magnitude, particularly in southern and southwestern sectors where they
reached up to 8-11%. Overall, the mixing model results indicate a long-term
transition toward Mediterranean-dominated sediment organic matter, while retaining
localized terrestrial enrichment associated with fluvial influence and the recent

expansion of macroalgal inputs.
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Figure 4.6 Spatially interpolated C,; and N source contributions to the sediments
(%) of Albujon SPOM (Terrestrial contribution), P.oceanica (Mediterranean
contribution) and C. prolifera sources for 1900-1950, 1950-1990, and 1990-2020 for
the model with five endmembers and concentration dependence. Other model
configuration results can be found in Supplementary Information. Contributions
from C. prolifera are only shown for the 1950-1990 and 1990-2020 periods,
consistent with its introduction to the lagoon in the 1970s.
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4 .4Discussion

4.4.1 Human activities and derived stressors have reshaped
nutrient sources and sediment organic matter
composition

The 83C and 8'°N records illustrate how land use and hydrodynamic modifications
since the start of the 20th century altered the composition and sources of organic
carbon and nitrogen preserved in lagoon sediments. Before the 20% century,
sediments exhibited marked spatial heterogeneity in both isotopic ratios (Fig. 4.4),
suggesting stronger spatial separation of organic matter sources and nutrient
dynamics across the lagoon prior to the major hydrodynamic and watershed
transformations of the 20 century. Breaches of the sandbar in the late 19th century
(Perez-Ruzafa et al., 1991) may have contributed to the progressive Mediterranean

influence observed afterwards by enhancing lagoon-sea connectivity.

During much of the 20th century, 8'5N values decreased in the central and southern
regions, while 8'3C values became progressively less negative. It is important to note
that the stable isotope records and mixing model outputs primarily reflect the
sources of organic matter ultimately preserved in lagoon sediments. Consequently,
the estimated source contributions represent the fraction of nutrients that escaped
remineralization and became buried, rather than the total nutrient load entering the
lagoon or directly sustaining primary production in the water column. Therefore, the
dominance of Mediterranean-derived organic matter in the sedimentary record
during much of the 20th century should not be interpreted as evidence that matine
sources dominated the overall nutrient inputs to the ecosystem. Contemporary
cutrophication dynamics in the Mar Menor are instead strongly linked to terrestrial
nutrient inputs, particularly dissolved inorganic nitrogen associated with agricultural
runoff (Rodriguez-Puig et al., 2026).

In this context, these concurrent isotopic shifts indicate increasing Mediterranean
influence and enhanced water exchange. This evidence supports a transition from a
more hydrologically restricted lagoon toward a system increasingly influenced by
Mediterranean-derived organic matter and enhanced lagoon-sea exchange.

Hydrodynamic modifications further reinforced this shift. The widening of the
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Estacio channel in 1973 for navigation purposes, driven by increasing urban
development around the lagoon, altered circulation patterns (Lopez-Castejon et al.,
2026) and lowered salinities (Pérez-Ruzafa et al,, 1987). These modifications
enhanced water exchange with the Mediterranean Sea and reinforced the transition
toward a more marine-influenced system already underway during the early 20®
century. The isotopic evidence is also consistent with documented ecological
changes in the lagoon such as the introduction of C. pro/ifera during the late twentieth
century (Belando et al., 2021).

From the 1970s onward, 8'5N values increased consistently across the lagoon. This
rise reflects the growing influence of isotopically enriched nitrogen sources, which
could be C. prolifera (average 3'°N 5.3 + 1.0%o), increasing terrestrial inputs from
intensive agriculture, organic fertilizers delivered through the Albujon stream
(average 17.4 & 1.2%o; Choi et al., 2006), and sewage discharges (between 4 and 19
%o, Xue et al., 2009). Similar enrichments in coastal lagoons have often been linked
to raw household sewage discharges from expanding populations (Farias et al., 2024;
Marin-Guirao et al., 2008). In the Mar Menor, this isotopic changed aligns with
increasing anthropogenic nutrient loading due to agricultural activity and urban
pressures, which changed the ecarlier Mediterranean-driven isotopic —shift.
Simultaneously, the introduction and expansion of C. prolifera after the 1970s
modified the composition of the sedimentary nitrogen and organic carbon pool
mostly in the south and southwest of the lagoon, coinciding with the areas showing
the greatest macroalgal cover (Belando et al., 2021). Prior to this shift, the Mar Menor
lagoon was extensively covered by submerged seagrass meadows, including C. nodosa,
ZLostera marina, Zostera nana, and Ruppia maritima (Lozano, 1954; Simonneau, 1973).
The widespread occurrence of C. nodosa before the late twentieth century supports

its use as a representative marine endmember for the pre-eutrophication period.

The southern sector displayed a different trajectory. There, the 83C signature
remained relatively stable between 1900 and 1950 before shifting toward less
negative values, suggesting that terrestrial inputs remained comparatively important
for longer. Only after mid-century did 8'*C enrichment parallel that observed in the
northern and central sectors, indicating delayed but eventual integration into the

broader Mediterranean-influenced regime. This spatial heterogeneity highlights that
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hydrodynamic connectivity and internal productivity did not evolve synchronously

across the lagoon.

An additional and noteworthy outcome of these isotopic trends is the progressive
convergence of 8°C and 85N wvalues toward similar compositions in surface
sediments across the lagoon. Whereas pre-20th century sediments exhibited
pronounced spatial heterogeneity, recent deposits show reduced isotopic
differentiation among regions, suggesting increasing spatial homogenization of
nutrient sources and processing pathways, likely driven by system-wide

anthropogenic pressures.

This interpretation should, however, be considered in light of methodological and
diagenetic constraints. Down-core increases in Cory and TN concentrations may
partially reflect post-depositional alteration, as older sediments have been exposed
to longer periods of remineralization, which can preferentially remove labile organic
matter and reduce nitrogen contents through diagenetic processes. Furthermore,
differential preservation among organic matter sources may alter their relative
representation downcore, as more labile material is preferentially degraded while
more recalcitrant fractions are retained. Consequently, reconstructed source
contributions may partly reflect differences in preservation potential in addition to
changes in organic matter inputs through time. In addition, mixing model outputs
rely on the assumption of temporally constant source signatures, and the use of
present-day endmembers may bias reconstructed contributions, particularly for older
sediments. Although the isotopic composition of primary producers likely varied
through time in response to changing environmental conditions, published 8'3C and
815N wvalues, including relatively oligotrophic Mediterranean sites, are broadly
comparable to those measured in this study (H. Kennedy et al., 2010; Mascaré et al.,
2009). This suggests that the selected endmember falls within the range reported for
the species. This limitation may be particularly relevant for fertilizer 815N, as isotopic
signatures can vary substantially depending on fertilizer type, production pathway,
and the degree of transformation before reaching the lagoon. The mixing model also
assumes conservative isotopic mixing, while potential post-depositional
fractionation processes are not explicitly evaluated. For example, denitrification may

preferentially remove N and enrich the remaining sedimentary nitrogen pool in
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BN (F. Tang & Maggi, 2012), whereas methanogenesis under strongly reducing

conditions may also modify isotopic compositions (Whiticar, 1999).

Despite these limitations, the consistency of temporal trends across multiple cores,
together with known historical changes in land use and hydrodynamics, supports the
robustness of the observed long-term patterns. Differences between mixing model
configurations were most evident for the 1900-1950 interval, highlighting greater
uncertainty in reconstructing early nutrient sources, whereas trends in recent decades
were robust across models. The comparison also highlights the influence of
concentration dependence on estimated source contributions, suggesting that its
inclusion may improve the representation of organic matter mixtures in systems
where sources differ in elemental composition. Therefore, the mixing model results
are interpreted primarily as evidence of relative temporal changes in sedimentary
organic matter sources rather than as precise quantitative reconstructions of

historical source contributions.

4.4.2 Sediment nutrient stocks and accumulation rates reflect
different facets of nutrient storage and burial efficiency

Sediment nutrient stocks and accumulation rates in the Mar Menor lagoon diverge
spatially, revealing that areas of high Cory and TN storage do not necessarily coincide
with areas of efficient burial (Fig. 4.3). These patterns indicate that long-term
nutrient storage and contemporary burial efficiency represent complementary but

distinct aspects of sediment functioning within the lagoon.

High Cor stocks in the upper 30 cm provide information on potential remobilization
of nutrient-enriched surface sediments, which are particularly susceptible to wind-
induced resuspension. In the Mar Menor lagoon, this potential vulnerability is
particularly relevant in the northern lagoon and near the Albujén stream mouth,
where large stocks may pose a higher risk under enhanced resuspension conditions,
a process already identified as a major pathway for nutrient release (Morote-Sanchez
et al,, 2025).

Temporally, both CAR and NAR across the lagoon were significantly higher during
1990-2020 compared to eatlier periods (p < 0.05), with the largest differences
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observed between 1900-1950 and 1990-2020. This pattern indicates a clear
intensification of nutrient burial during recent decades, consistent with increased
sedimentation rates and enhanced external nutrient inputs. The southern sector
exhibited the largest accumulation rates, driven by high sedimentation, produced by
a combination of stream inputs and lagoon hydrodynamics (Alorda-Montiel et al.,
2025). These areas, therefore, represent the most efficient Cory and TN burial zones
within the lagoon, potentially reducing remineralization losses while contributing to
nutrient removal from the water column and partially buffering the eutrophication

processes experienced by many coastal lagoons under increasing nutrient loads.

Mean Ce burial rates (CAR) in the southern Mar Menor (30.6 £ 2.3 to 51.8 £ 4.4 ¢
C-m?2-yr!; median of 25 ¢ C m2 yr-!) were comparable to global burial rates estimates
reported for seagrass ecosystems (mean®SD: 44 + 80 g C-m2'yr!; median of 25 g
C-m?2-yr) (Arias-Ortiz et al., 2026). In the rest of the lagoon, CAR values were also
comparable or lower, reflecting reduced MARs and less focused sedimentation.
Mean nitrogen burial rates (NAR), ranging from 1.1 * 0.2 t0 8.0 £ 0.7 g N-m2-yr1,
were also within the range reported for other vegetated coastal ecosystems. A recent
global synthesis reported median accumulation rates of 7.52 ¢ N-m2'yr! (IQR of
4.12-13.61) in mangroves and 8.19 ¢ N-m2 yr-1 (IQR of 5.37 to 12.44) in salt
marshes (Langley et al., 2025). Additionally, NAR values observed in the Mar Menor
were comparable to those reported by de los Santos et al., (2022) for a sheltered bay
affected by urbanization and aquaculture with C. nodosa and C. prolifera monospecific
meadows. However, there is a significant lack of reported NAR values in the
literature, particularly in macroalgae-dominated systems, limiting broader
comparisons. and highlighting a critical gap in understanding long-term nitrogen

burial in coastal vegetated habitats.

This distinction between nutrient stocks and burial rates is particularly relevant in
blue carbon studies, which often focus on Cey stocks at fixed depths without
accounting for accumulation rates, despite burial efficiency ultimately depending on
sediment accumulation processes. Beyond the specific dynamics of the Mar Menor
lagoon, these findings also contribute to the broader discussion regarding the role of
macroalgae-dominated ecosystems in Co and nitrogen cycling. Historically,
macroalgae have been excluded from the blue carbon framework, which focuses on

seagrasses, mangroves, and salt marshes due to their well-documented capacity for
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long-term burial (Duarte et al., 2013). This exclusion is largely based on the
assumption that macroalgae grow predominantly on hard substrates, which prevents
them from developing Cor, sedimentary deposits (Duarte et al., 2013). However, this
assumption is likely not true for rhizophytic macroalgae like C. prolifera (Hendriks et
al., 2010), and there is increasing evidence that macroalgae support significant Cor
burial (Bellgrove, 2016; Hill et al., 2015; Krause-Jensen et al., 2018; Moreda et al.,
2024), Particularly, in Mediterranean shallow bays, C. profifera has been found to
significantly contribute to Cor accumulation, because of its dense canopy and root
systems (de los Santos et al., 2022; Moreda et al., 2024), and significant recalcitrant
fraction of Cor, (Yamuza-Magdaleno et al., 2024).

In the Mar Menor, where C. proljfera is presently the primary marine primary
producer (Belando et al., 2021; Terrados & Ros, 1991), 30-cm Cor, stocks under its
mats (25 — 53 Mg Cor - ha'l) overlap and in some cases exceed the interquartile range
values reported for seagrass ecosystems over the same depth (12 - 45 Mg Cor - ha'l
Krause et al., 2025). However, mixing models indicate that only a fraction of the
sedimentary nutrient pool (< 12%) is directly attributable to C. prlifera (Fig. 4.6),
suggesting that these elevated stocks reflect the accumulation of organic matter from
multiple sources rather than macroalgal production. Instead, C. pmlifera likely
contributes indirectly to the preservation of older Cor stocks by enhancing sediment

retention.

4.4.3 Multiple stressors drive nutrient dynamics and
ecosystem transitions

The Mar Menor coastal lagoon has already undergone two major ecosystem
transitions during the 20t and early 215 centuries, reflected in the sediment records
documented in this study. The first involved a gradual increase in the contribution
of Mediterranean-derived organic matter preserved in lagoon sediments, reflecting
enhanced lagoon-sea exchange, and was recorded in the sediment archive through
the progressive 8'°C enrichment and 8'°N decline observed primarily in the northern
and central regions during much of the 20t century. The second corresponded to
increasing anthropogenic nutrient loading associated with agricultural intensification

in the Campo de Cartagena watershed, reflected by renewed 8'°N enrichment after
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the 1970s together with increasing terrestrially-derived contributions in the 1990-

2020 mixing model outputs.

These transitions occurred at different temporal scales. The increase in marine
influence developed progressively throughout the 20th century as hydrological
connectivity with the Mediterranean Sea increased, whereas the shift from
oligotrophic to eutrophic conditions occurred more rapidly. The late-20% century
increases in 85N values across all regions, together with renewed terrestrial
contributions in the 1990-2020 mixing model outputs, indicate an accelerated
increase in anthropogenic nutrient loading preceding the 2016 collapse, mainly due

to the intensification of agriculture.

Since the 1990s, elevated anthropogenic nutrient inputs promoted the expansion of
C. prolifera meadows and enhanced phytoplankton activity (Instituto Espafiol de
Oceanografia, 2020; Lloret et al, 2005). Eventually, the lagoon’s buffering
mechanisms failed, and the ecosystem exhibited dynamics consistent with a tipping
point (Scheffer et al., 2001) in 2016. During this collapse, water quality deteriorated
sharply, and the lagoon entered a new eutrophic state that persisted until 2018, when
conditions temporarily returned to pre-2016 levels. However, full recovery did not
occur: C. nodosa monospecific meadows are now restricted to localized shallow areas,
while C. prolifera has become the dominant macrophyte species across most lagoon

bottoms (Instituto Espafiol de Oceanografia, 2020)

This shift reflects well-documented mechanisms of ecosystem phase transitions
from seagrass- to macroalgae-dominated states (Duarte, 1995), driven primarily by
elevated nutrient concentrations, increased turbidity, and reduced light availability,
all of which disproportionately affect seagrasses. Subsequent anoxic and eutrophic
episodes in Mar Menor lagoon in 2019 and 2021 further reflect the system’s
instability. The current dominance of C. prolifera, with its ability to grow under low-
light conditions and recover quickly, may enhance ecosystem resilience to

eutrophication.
This study identifies the southwestern sector of the lagoon as a particularly

vulnerable area. It exhibits the highest carbon and nitrogen accumulation rates,

together with some of the largest sedimentary nutrient stocks, reflecting intense
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depositional dynamics. Its proximity to the Albujén stream mouth and
hydrodynamic conditions characterized by relatively long water residence times
further increase its susceptibility to hypoxia, as nutrient-rich inputs and accumulated
organic matter can enhance oxygen consumption during periods of stratification.
These conditions exemplify potential feedback loops that could be triggered in the
event of a new highly eutrophic event. Macrophyte loss could enhance the
resuspension of organic-rich sediments, releasing large nutrient stocks and further
intensifying eutrophication and oxygen depletion in the water column (Morote-
Sanchez et al., 2025).

Potential additional consequences could include higher CO2 and CHy emissions
from the lagoon (Vallejo et al., 2021), the release of the toxic metal concentrations
stored in Mar Menor sediments (maximum of 3400 mg kg! of Pb) into the water
column (Alorda-Montiel et al., 2025; Santos-Echeandia et al., 2023), and an increased
formation of more harmful contaminant species such as methylmercury (Lavergne
et al., 2025). The convergence of these stressors could produce long-lasting impacts
on the lagoonal ecosystem. These effects could be amplified during extreme events
such as the 2019 extreme precipitation event, when nutrient and metal-enriched
runoff (Cuevas et al, 2025) could act synergistically with resuspension.
Consequently, reducing nutrient inputs to the lagoon, which has proven effective at
recovering seagrass populations (Greening & Janicki, 2006), remains the most urgent
and widely supported measure (Guaita-Garcia et al, 2022) to prevent further

degradation and aim for the recovery of the Mar Menor socioecological system.
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5. Response of soil carbon, nitrogen, and
greenhouse gas fluxes to tidal marsh
restoration
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5.1Introduction

The extent to which coastal wetland restoration reinstates biogeochemical
functioning remains uncertain, as recovery trajectories can take decades and vary
widely among sites (Kasak et al., 2026; Moreno-Mateos et al., 2012; Valach et al,,
2021), depending on vegetation establishment, latitude, and changes in hydrology
and disturbance. Restored coastal wetlands have been found to achieve 37-76% of
soil carbon and 43-83% of soil nitrogen compared to natural wetlands within
decades (H.-Y. Chen et al., 2025), yet full recovery of ecosystem functioning may
require longer timescales (Brown & Norris, 2018), and active restoration strategies

may be needed to accelerate successional trajectories (Allan et al., 2024).

These uncertainties highlight the need to understand better how soil processes
respond to restoration and how they translate into ecosystem-scale carbon and
nitrogen dynamics. Evaluating wetland restoration outcomes requires assessing how
key ecosystem functions, such as nutrient burial and greenhouse gas exchange,
respond over time (Billah et al., 2022). Soil-based measurements, including changes
in carbon and nitrogen stocks or accumulation rates, are widely used to assess
restoration effects, as they integrate long-term biogeochemical processes. Stock
changes or burial integrate the net result of carbon and nitrogen gains (e.g. net
ecosystem exchange, including allochthonous carbon and nitrogen deposition, and
nitrogen fixation) and losses (e.g. respiration as CO2 or CHa, denitrification, and
lateral exports of dissolved species of carbon and nitrogen) (Arias-Ortiz et al., 2021;
Bai et al., 2020). However, soil-based approaches do not account for CH4 emissions,
are limited in spatial scale and sampling frequency and the signal/effect of
restoration is often challenging to detect due to the slow nature of soil accretion
(Ballantine & Schneider, 2009). In contrast, eddy covariance (EC) measurements (D.
D. Baldocchi et al., 1988) provide continuous and spatially integrated observations
of the net vertical exchange of gases between ecosystems and the atmosphere,
capturing the variability of ecosystem responses before, during, and after restoration
interventions such as tidal reconnection (D. D. Baldocchi, 2020). While EC is
primarily used to quantify CO2 and CH4 fluxes, direct measurements of nitrogen
gases are less common (for N2O) or technically challenging (NH3) (Kroon et al.,
2010; Moravek et al.,, 2019). Additionally, EC cannot supply information on past

conditions or lateral fluxes between wetlands and adjacent water bodies, an
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important process in tidal contexts (Bogard et al, 2020; Y. Gao et al, 2018).
Therefore the combination of these approaches, often applied independently, offers
the potential for obtaining a more comprehensive picture of how restoration affects

carbon and nitrogen cycling in coastal wetlands.

Here, we combine high-frequency eddy covariance measurements of land-
atmosphere carbon fluxes with soil carbon and nitrogen stocks in an estuarine marsh
before and after tidal reconnection to assess the post-restoration trajectory of
wetland carbon and nitrogen cycling. Tidal reconnection is a widely implemented
wetland restoration strategy, increasingly promoted within blue carbon frameworks
for its potential to enhance carbon sequestration and reduce greenhouse gas
emissions (e.g. BlueCAM Australia, Lovelock et al., 2023). However, despite its
recognized climate mitigation potential, substantial uncertainties remain regarding
the temporal trajectory of ecosystem recovery and its short and long-term
biogeochemical implications. To address this, we characterize soil concentration
profiles and stocks of organic carbon and total nitrogen (sampled before and after
restoration in 2021 and 2024, respectively) and analyze temporal dynamics of CO»
and CHy fluxes via EC measurements conducted from seven months before tidal
reconnection to 4 years after. By combining soil and atmospheric data, we evaluate
whether tidal reconnection promotes a rapid recovery of carbon and nitrogen sink
function or if the ecosystem remains a net source. Additionally, we assess the extent

to which soil carbon dynamics are coupled with atmospheric fluxes.

5.2Methods

5.2.1 Study site

This study was conducted in a tidally reconnected wetland, the Hill Slough marsh
(Lat: 38.2368, Long: -122.0212; AmeriFlux ID: US-Hsm), located in the Hill Slough
Wildlife Area in Suisun Bay (California, USA), near the confluence of the
Sacramento and San Joaquin rivers (Fig. 5.1). The wetland covers an area of
approximately 2.6 km?, with elevation ranging from 0.7 to 2.1 m (NAVDS88) and is
characterized by a Mediterranean climate with wet, cool winters and dry, hot

summers (Knox et al., 2015). The area includes alluvial soils, inceptisols of minimal
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horizon development —typical of young geomorphic surfaces— in the upper areas
of the wetland, and histosols, rich in organic matter, at lower elevations (UC Davis
map of soils, 2020).

At the regional scale, tidal wetlands across the upper San Francisco estuary have
undergone extensive hydrological modification since the mid-19th century. In the
Sacramento—San Joaquin Delta, extensive tidal freshwater marshes historically
covered an area of ~2200 km? (Shlemon & Begg, 1975), much of which was drained
and converted to agriculture, leaving only about 10% of the original extent remaining
by 1950 (Callaway et al., 2011). In Suisun Bay, which is located downstream of the
Delta, wetlands were also extensively diked and hydrologically modified but were
more commonly managed as seasonal wetlands rather than fully converted to
agriculture (Moyle et al., 2014). As a result, before restoration, Hill Slough marsh
functioned as a managed seasonal wetland, experiencing ponding and waterlogging
during the rainy season (November - March), and remaining mostly dry during the

rest of the year, when it was primarily used for cattle and sheep grazing.
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Joaquin Delta system, California, USA. b) Sediment core sampling sites within the
wetland (blue) and the location of the eddy covariance tower (US-Hsm) (red).
White contour lines depict the tower footprint for the period 2021-2024. From
smallest to largest, they correspond to the 50, 60, 70, 80, and 90% upwind area that
contributes to the measured fluxes. The footprint was calculated following Hsieh
et al., (2000).

Restoration was carried out on 5 October 2021 by Ducks Unlimited through levee
breaching and lowering at five locations to reintroduce tidal exchange, promote
vegetation growth, and improve habitat conditions for wildlife (Kasak et al., 2026).
Following restoration, the site became influenced by a semidiurnal tidal regime,
resulting in regular inundation of low-lying areas. The current mean tidal range at
the site throughout the year is 0.70 £ 0.01 m. Low tides expose the soil surface, and
high tides reach 1.27 m above ground level (Busquets-Rubiés et al, under
preparation). The site is brackish, with salinity currently fluctuating from 0.5 in

winter to 12 in summet.

At present, much of the wetland consists of unvegetated or sparsely vegetated
mudflats covered by microbial biofilms that are inundated by tidal flooding.
Vegetation remains limited, and most of the wetland is open water during high tide,
although higher elevation zones outside of the average tower footprint are
increasingly being colonized by emergent species such as tule (Schoenoplectus spp.),

cattails (Dypha spp.), alkali heath (Frankenia salina), carled dock (Rumex crispus), and
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pickleweed (Salicornia spp.). Prior to restoration, vegetation was also sparse and

primarily dominated by pickleweed and salt grass (Distichlis spicata).

5.2.2 Soil sampling and analyses

Soil cores were collected in July of 2021 (before restoration) and June of 2024 (after
restoration) at the same locations (Fig. 5.1) by manually hammering cores up to 30
cm long into the sediment, with three to four replicates obtained at each site. Cores
wete transported to the laboratory, where they were stored at -20 °C until processing.
Using an extruding mechanism, cores were sliced every 2.5 cm. Each section was
weighed wet and then again after drying at 60 °C until a constant weight was
achieved. Vegetation remains were removed before sediment homogenization with
a mortar and pestle. Dry bulk density (DBD; g cm-3) was estimated as the sediment
slice’s dry mass divided by its volume in the core tube. Cumulative dry mass (g dry
sediment cm2) was calculated for each core by dividing the dry mass of each section
by the tube area sampled and cumulatively summing these values from the surface
to the base of the core. Because this metric is independent of soil compaction, all
depth profiles are expressed on a cumulative soil mass basis (g cm?) rather than a

depth (cm) basis.

Soil organic carbon (Coy), total nitrogen (IN), and their stable isotopes (8'3C and
815N) were measured in all samples at 2.5 cm resolution along one representative
core per location. Prior to analysis, samples were acidified to remove inorganic
carbonates. Pre-restoration samples (2021) were acidified with 6% H>SOj; applied
directly in silver capsules followed by drying at 60 °C, with the procedure repeated
twice to ensure complete carbonate removal. Post-restoration samples (2024) were
treated with 1 M HCL. in centrifuge tubes, followed by rinsing with deionized water,
driyng, and subsequent encapsulation. Although previous studies have reported
potential effects of acidification methods on stable isotope measurements (P.
Kennedy et al., 2005), no clear systematic differences in 8'*C and 8N values
associated with the different treatments were observed in this study. All samples
were analyzed using an elemental analyzer-isotope ratio mass spectrometry (EA-
IRMS) at the University of California, Santa Cruz, and the University of California,
Berkeley. Total nitrogen and 85N were additionally measured in non-acidified post-

restoration samples. Analytical precision, assessed from replicate measurements,
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showed standard deviations of 0.4% for Cor, 0.28% for TN, 0.11%o for 8'*C, and
0.22%o for 3'°N in 2021 samples, and 8.9% for Cor, 16% for TN, 0.086% for 8'°C
and 0.154%o for 8'°N in 2024 samples. Isotopic accuracy, evaluated using certified

reference materials, was better than +0.2%o for both 8!3C and 8!°N.

Organic matter content was determined in all cores, including replicates using loss-
on-ignition (LOI; 5h at 550°C), and Co was subsequently estimated using the
Corg:OM relationship derived from directly measured samples (Fig. 7.23). TN was
estimated for replicates using the Cor: TN relationship (Fig. 7.24). Replicates for
post-restoration samples are part of ongoing work. Organic carbon and nitrogen
stocks (kg m2) were calculated for a common depth for most cores, 20 cm. When

analytical data were missing (n= 2 cores), values were linearly interpolated.

5.2.3 Wetland-Atmosphere Carbon Exchange

We used the eddy covariance (EC) method to measure exchanges of CO2 and CH4
between the ecosystem and the atmosphere. An EC tower was installed on the
eastern side of the Hill Slough marsh on March 11, 2021. Predominant winds from
the southwest allowed for the tower footprint to fall within the wetland area (Fig.
5.1). Gas concentrations were measured using open-path infrared gas analyzers
installed in the tower (LI-7500 for CO; and LI-7700 for CH4; LI-COR Inc. Lincoln,
NE, USA). A Sonic anemometer was used to measure three-dimensional wind
vectors and speed of sound that together with gas concentrations were sampled at
20 Hz (WindMaster Pro 1352 or 1590, Gill Instruments Ltd., UK).

Fluxes were then calculated with the 30-min covariance between vertical wind speed
and each scalar concentration, following correction procedures and quality control
filters, which included high-frequency data despiking, 2-D coordinate rotations,
sensor separation distance, density corrections, and site-specific friction velocity (u*)
filtering (Knox et al., 2015; Leuning, 2007). Additional filtering of CO; fluxes for
spurious night-time uptake using covariance between signal strength and vertical
windspeed was applied, with values less than —0.01 m s filtered out as water

droplets are likely compromising the measurements.
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Daily net ecosystem exchange (NEE) and CHy4 fluxes were computed from the 30-
min data, and the net atmospheric carbon balance was estimated as the sum of NEE
and the flux of CH4 in g C-CO; d' and g C-CH4 d!, respectively. Atmospheric
carbon exchange was evaluated over two temporal scales each year: the growing
season and the annual period. The growing season comprised day of year (DOY)
70-273, corresponding to the period between tower installation in March of 2021
and tidal restoration in October of 2021. This interval is also characterized by lower
net CO;z and higher CHy4 fluxes at the site (Fig. 7.26). Annual atmospheric C
exchange was calculated using natural years, extending from October to September
rather than calendar years, aligning with California’s water year and allowing
conditions before and after tidal restoration to be separated without mixing both

periods into a single annual estimate.

Because EC measurements began in March 2021, fluxes for the missing period from
October 2020 to February 2021 were estimated by assuming that monthly fluxes
were similar to those observed in March 2021, prior to tidal restoration. To evaluate
the sensitivity of this assumption, annual atmospheric carbon balances for years with
complete datasets (excluding 2021) were recalculated by replacing January-February
and October-December daily fluxes with the average March flux. This approach
altered annual atmospheric carbon balances by an average of 5% relative to estimates
based on complete observations. Differences between the reference emissions
before restoration (2021) and the annual emissions for the remaining years during
2022-2024 were considered the emissions generated by the restoration efforts. The
selected period spans from 2022 to 2024, as these are the years in which pre-

restoration cores and post-restoration cores were sampled.

5.3Results

5.3.1 Depth profiles of sediment organic carbon and nitrogen

Prior to restoration, most sediment cores exhibited the highest surface Corp and TN
concentrations, with Cer, concentrations generally between ~10 and 25% and TN
concentrations between ~1 and 2.5%. This was followed by a progressive decrease
with increasing depth or cumulative dry mass (Fig. 5.2). Some cores showed minor

increases in Cory and TN in deeper sections. Cores 8 and 9, located in the upland
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ecotone, differed from the general trend. Core 8 showed low and constant Cor and
TN concentrations in the upper 25 g cm2, and increasing Cor, and TN below this
depth. Core 9, showed relatively high (24%, 2.1%) surface concentrations, followed

by a sharp decrease below the uppermost section.

After restoration, most cores showed lower surface Cop and TN concentrations
relative to pre-restoration conditions, followed by subsurface peaks between 0.9 and
4 ¢ cm2, and a subsequent decrease with depth. This pattern was observed across
most cores, except cores 7 and 9. Core 7 exhibited low and relatively homogeneous
concentrations in the upper 5 g cm followed by increasing values toward the base
of the core (~7 g cm?) instead of a subsurface peak. However, this pattern may
reflect the restored core capturing a shallower mass-equivalent depth. Upland core

9 presented the same pattern before and after restoration.
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Figure 5.2 a) Sediment organic carbon content (Co:g, %) and (b) total nitrogen
content (TN, %) as a function of cumulative dry mass (g cm-2) in cores collected
before (open light-blue circles) and after (filled dark-blue circles) restoration
across sites.

Prior to restoration, minimum sediment DBD values were generally observed in the
most superficial samples, with values increasing progressively with cumulative dry
mass. This vertical pattern shifted downward following restoration and rewetting,
when minimum DBD values (0.2-0.7 g cm3) were instead found in some shallow
surface layers and values again increased with cumulative dry mass to levels similar
to those observed prior to restoration (Fig. 5.3). This pattern was consistent across
most sites, although the cumulative dry mass at which minimum and maximum

values occurred varied among cores. Exceptions were observed at sites 7 and 9. The
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upland site 9 exhibited higher downcore DBD values after restoration, whereas site
7 showed lower downcore DBD values relative to pre-restoration conditions.
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Figure 5.3 Profiles of sediment dry bulk density (g cm3) as a function of cumulative
dry mass (g cm2) in cores collected before (open light-blue circles) and after (filled
dark-blue circles) restoration across sites 1, 2, 3,4, 7, 8, and 9.

5.3.2 Organic carbon and total nitrogen stocks

Organic carbon and total nitrogen stocks standardized to a depth of 20 cm presented
limited variability before and after restoration. Across sites, Cor stocks (Fig. 4a)
generally decreased after restoration, with an average reduction of 12%, except at
site 4, where an increase of 27% was observed. Total nitrogen (TN) stocks (Fig. 4b)
showed a similar pattern, with an average decrease of 20% between pre- and post-
restoration conditions, although increases were recorded at site 8 (0.4%). Mean Corg
stock changes between 2021 and 2024 (pre- and 3 years post-restoration) were -78 g
C m™. As a first-order estimate, this corresponds to an annualized decrease of 27 g
C m™ yr™'. Median TN stocks decreased by 0.034 g N m™, corresponding to an
annualized decline of 0.011 g N m™ yr™.
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Figure 5.4 Sediment a) C,, and b) N stocks (kg m2) down to 20 cm depth in cores
before (light blue) and after (dark blue) restoration. Error bars represent the
standard deviation of replicate sediment cores collected at four sites (n=3).
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5.3.3 ©&'"C and &'"°N endmembers and Principal Component
Analysis

The 8*C—8"5N signatures of sediments differed between pre- and post-restoration
conditions, with greater variability and a broader distribution of values after
restoration. The 6"C—3°N signatures of sediments are compared to potential
endmembers of the system (i.e., primaty producers of the area), as detailed in Cloern
et al., (2002). Marsh vegetation endmembers (e.g., tules, cattails, marsh gum, and
pickleweed) occupied a relatively narrow range of 8"*C values but displayed
substantial variability in 85N. In contrast, estuarine-marine phytoplankton and
benthic diatom endmembers showed a broader spread in 8'*C and comparatively
more constrained 3'°N values. During the pre-restoration period, sediment samples
were predominantly clustered between —28 and —24%o for §'*C and 2 and 6%o for
8N, overlapping in a greater extent with marsh emergent vegetation. In contrast,
post-restoration samples displayed a broader distribution, spanning over a wider
range of 8"*C (approximately —29 to —22%o) and generally higher 8°N (0 to ~10%o)
values (Fig. 5.5). This expansion showed greater overlap of the post-restoration

sediments with estuarine-marine phytoplankton and sources with higher 8'5N.

124



Pre ] I Post
Pickleweed
161 common cattail
14
Tule
12
Benthic dyatoms 2,
é Marsh gum Cumulative dry mass (g cm™)
9 10 0
;‘ 40
£ 81 i 30
z ' 20
- (] 10
w~ E_stuarlnemarlne phytoplankton
4 -
2
0
-30 -28 -26 24 22 -20 -18 -30 -28 -26 -24 22 -20 -18

5 '°C (%s) vs VDPB

Figure 5.5 6'*C and 6N biplot with all sediment samples as dots. Squares show
the main primary producers in the San Francisco Bay estuarine system, as detailed
in Cloern et al., (2002). The color gradient indicates core depth in cumulative dry

mass (g cm?) units.

Principal Component Analysis (PCA) results showed that PC 1 (PC1; 41.7%) and
PC 2 (PC2; 26.2%) explained identical proportions of variability in both pre and post
restoration periods (Fig. 5.6). Cumulatively, that accounted for 67.9% of the total
variance. Principal Component 1 (horizontal axis) was mainly influenced by Coxg (%0),
TN (%), and Cumulative dry mass (g cm2), with contributions between 15 and 30%
for before and after restoration. Principal Component 2 (vertical axis) was mainly
influenced by surface elevation, 31°N and C:N ratio before restoration (contributions
between 15 and 40%) and by 8N and C:N ratio after (contributions between 20
and 50%). Although samples were broadly dispersed across the PCA under both
conditions, the distribution of samples post-restoration showed an inverse
association between 8°C and C:N ratio (Fig. 7.25), indicating change in organic
matter sources following restoration. Additionally, 31°N gaining relevancy in the
PCA results post-restoration also indicates possible source change. The wider

dispersion of samples in the post-restoration period reflects increased heterogeneity.
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Figure 5.6 Principal Component Analysis biplots for a) pre restoration cores and
b) post restoration cores. Variables used include C.g (%), TN (%), '3C, §'*N, C:N
ratio, cumulative dry mass (g cm2), here expressed as Acc_mass, and surface
elevation (m NAVDSS).

5.3.4 Greenhouse gas flux evolution and annual budgets

Carbon fluxes measured through eddy covariance showed interannual variability for
both CO, (NEE) and CHy4 (Fig. 5.7). The wetland was a net CO; source throughout
the study period except during the peak of the growing season in 2025, 4 years after
tidal restoration, showing net uptake for a short period of time. NEE (Fig. 5.7 and
Fig. 7.27) followed a seasonal pattern across the year, with the lowest, albeit generally
positive, values (-0.2 to 1.2 g C-CO> m2d!) from April to August (DOY 100 to 240),
and highest values (0.3-2.1 g C-CO2 m?2d") from August to March. Immediately
after tidal reconnection in 2021, a pronounced spike in CO2 emissions was observed,
lasting for several months before progressively stabilizing and transitioning into a
more regular seasonal pattern. The first full year after restoration (2022) showed the
weakest seasonal variability in NEE, whereas the amplitude of seasonal fluctuations

increased progressively in subsequent years.
y Y

A similar increase in seasonal amplitude was observed for CHy fluxes, although with
an opposite seasonal dynamic to COz. Methane (CH,4) emissions (Fig. 5.7 and Fig.
7.27) were minimal before flooding. Following tidal reconnection, an initial increase

in emissions was observed. Afterward, CH4 fluxes increased progressively over the
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following years, with a marked amplification of the seasonal cycle, which was
practically absent before restoration. The years following restoration, emissions
remained consistently low during winter and eatly spring, increased around DOY
120 to 150, and peaked during mid to late summer. Compared to NEE, CH, fluxes
showed greater relative interannual variability in the magnitude of peak emissions.
Notably, years with higher CH, emissions (2023 and 2024) exhibited more
pronounced and sustained peaks, whereas other years maintained lower and more

stable fluxes throughout the growing season (2021, 2022, and 2025).
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Figure 5.7 Daily sums of net ecosystem exchange a) (NEE; g C-CO; m2d!) and
methane fluxes b) (CH4; g C—-CH4 m™ d™*) across the period 2021-2025, smoothed
using a 15-day centered rolling means to account for spring—neap tidal variability.
Shaded areas indicate *1 standard deviation around the smoothed values. The
years when core sampling was conducted (2021 and 2024) are depicted with darker
colors. The dashed vertical line represents the date of tidal restoration and flooding
in October 2021. The dashed horizontal line represents the threshold where NEE
and CH4=0, with positive values indicating net carbon release to the atmosphere,

whereas negative values indicate net carbon uptake.

The growing season (GS) atmospheric carbon balance varied more markedly
across years than the annual balance (Fig. 5.8a and 7.27). The initial post-
restoration increase in atmospheric carbon emissions was primarily driven by
higher net ecosystem exchange (NEE), while CH, represented a smaller but
consistently positive contribution to the overall balance. Following this initial
peak, GS atmospheric carbon emissions declined in subsequent years (Fig.

5.8b). By the final year of the study, 2025, the atmospheric carbon balance
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had shifted towards a net carbon sink relative to pre-restoration baseline.
Despite this progressive decline in total atmospheric carbon emissions, the
temporal dynamics of CO, and CH, differed markedly. CO, emissions
progressively declined throughout the study period, indicating a gradual
increase in ecosystem carbon uptake over time, although the net ecosystem
exchange was still dominated by respiration. In contrast, CH, emissions
increased substantially after restoration relative to pre-restoration conditions.
This increase was initially moderate, but emissions later reached a maximum
during 2023 and 2024 before declining slightly in 2025, while remaining well

above pre-restoration levels.
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Figure 5.8 a) Atmospheric C balance (g C m-2) for the growing season (GS) of all
studied years. b) Increment of the growing season atmospheric C balance with
respect to 2021 values (g C m2).

The annual atmospheric carbon balance remained positive throughout the study
period, indicating that the wetland acted as a net carbon source before (320 g C m™)
and after restoration (290 — 350 g C m™2) (Fig. 7.27). Similar to the growing season
dynamics, annual atmospheric carbon emissions peaked during the first full year
following restoration (2022) and progressively declined afterwards. This decline was
primarily driven by progressively lower CO» emissions through time, whereas CH,4
emissions remained consistently elevated relative to pre-restoration conditions.

Comparisons relative to the 2021 baseline further showed that reductions in annual
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COz emissions became progressively larger through time, while the post-restoration
increase in CH4 emissions stabilized after 2023 (Fig. 7.27). By 2025, decreases in
annual CO; emissions more than compensated for the sustained increase in CHy4
emissions, resulting in annual atmospheric carbon emissions slightly below pre-
restoration levels. Relative to pre-restoration conditions, the net C balance became
negative only four years after restoration, indicating that the wetland had transitioned
into a net C sink relative to the baseline. However, CHy has a much higher radiative
efficiency than CO; and is therefore a particularly powerful greenhouse gas, with a
warming potential approximately 30 times greater than the same mass of COa.
Accordingly, when applying the sustained-flux global warming potential framework
of Neubauer & Megonigal (2015) over a 100 year horizon, radiative forcing of the
restoration action remains positive of about 3.1 kg CO»-eq m2. The contribution of
CHy, to the net restoration-induced SGWP exceeded 100%, reflecting the fact that
the COz; component was negative relative to the pre-restoration baseline and

therefore partially compensated for the positive CHy forcing.

5.4Discussion

5.4.1 Sediment carbon and nitrogen dynamics reflect early-
stage biogeochemical changes after restoration

Tidal restoration led to a reorganization of sedimentation dynamics, reflected in
changes to the vertical distribution of Co and TN. Prior to restoration, most cores
exhibited surface-enriched profiles with concentrations decreasing with depth. In
contrast, post-restoration profiles showed lower surface values and the development
of a subsurface peak. This may indicate a shift in the balance between organic matter
production, accumulation, decomposition, and transport. Isotopic data further
support this shift, as post-restoration samples occupied a wider '*C—8'°N space,
indicating a greater diversity and variability of organic matter sources, including
benthic and pelagic primary producers as well as marsh-derived material, following
tidal reconnection. Similar patterns have been reported in other restored wetlands,
including brackish tidal marshes restored by dyke removal, where changes in
hydrology, vegetation, and connectivity promote the coexistence of multiple

production pathways and organic matter sources (Drexler et al., 2020).
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In parallel to the changes observed for Cory and TN, dry bulk density (DBD) profiles
showed a change in patterns before and after restoration. Prior to restoration, DBD
increased monotonically with depth, whereas post-restoration sediments showed a
decrease in the upper layers followed by an increase below the subsurface minimum.
Rewetting of previously drained organic-rich sediments can trigger substantial
chemical transformations, including organic matter loss, which may contribute to

altered carbon and nitrogen storage trajectories after restoration (Anthony & Silver,
2020).

The absence of significant increases in surface TN and Co, contents, together with
change in DBD three years after restoration, suggests that Hill Slough has not yet
developed the surface sediment characteristics typically associated with mature tidal
wetlands, with higher sediment carbon and nitrogen content (Kasak et al., 2020).
These results indicate that such changes may require longer timescales to emerge and
that the system likely remains in an eatly stage of post-restoration adjustment, during
which geomorphological and biogeochemical processes are still reorganizing
following tidal reconnection. Unlike active restoration approaches which often
involve the prior construction of channel networks and revegetation, restoration at
Hill Slough relied on a more passive strategy, allowing natural tidal hydrodynamics
to progressively reshape the site (Ducks Unlimited, 2016). Hydrodynamic modelling
conducted prior to restoration predicted substantial increases in flow velocities
within the wetland, particularly near breach zones, where erosion and sediment
redistribution were expected to occur. Such active sediment reworking may delay the
accumulation of organic-rich, low-density surface sediments during the first years

after restoration.

The observed reduction in surface TN could also reflect enhanced nitrogen losses
through denitrification exceeding nitrogen accumulation in newly deposited
sediments, or the incomplete recovery of plant-microbe interactions in recently
restored systems (i.e., mutualistic symbionts such as nitrogen-fixing bacteria and
mycorrhizal fungi), which can remain absent for decades following restoration
(Moreno-Mateos et al., 2012). Reduced nitrogen availability may, in turn, constrain
primary productivity, as nitrogen limitation can slow plant growth and delay carbon
accumulation in restored wetlands (van Groenigen et al, 2006). However,

chronosequence studies in restored wetlands suggest that these properties may
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recover progressively over longer timescales. For example, older restored freshwater
marshes in the Florida Everglades generally exhibited higher nitrogen contents than
younger wetlands (Q. Wang et al., 2015), while a recent global meta-analysis of
restored wetlands estimated that sediment nitrogen contents in restored wetlands
reached only a fraction of values observed in natural wetlands after several decades
(H.-Y. Chen et al,, 2025). Given the strong coupling between nitrogen availability
and carbon accumulation (L. Yu et al.,, 2017), these findings suggest that carbon
sequestration capacity at Hill Slough may increase as the system continues to mature,
a process linked to the NEE evolution and that would be enhanced if CO; uptake
becomes a more important process, a dynamic already starting in 2025. This
interpretation is consistent with previous studies showing that tidal reconnection can
enhance long-term carbon accumulation compared to other restoration approaches
(H.-Y. Chen et al, 2025), even when short-term recovery of surface sediment

properties remains limited.

Despite these changes, the main environmental drivers of sediment composition
appear to remain similar, as indicated by multivariate analysis. The proportion of
variance explained by PC1 and PC2 remained similar before and after restoration,
suggesting the same environmental gradients continue to structure the sediment
composition. This is consistent with an early-stage reorganization of sediment
dynamics without a full transition to a newer system, a pattern typical of transitional
or rehabilitated systems (Hemes et al., 2018). In these systems, hydrological
reconnection rapidly increases spatial heterogeneity and diversifies organic matter
sources and pathways, but does not immediately restore pre-disturbance
biogeochemical functioning of the wetland (Drexler et al., 2020). Similar transitional
trajectories have been described in restored or rehabilitated wetlands, where physical
and compositional responses can occur rapidly, whereas the recovery of microbial
communities, vegetation structure, sediment processes, and carbon and nitrogen
stocks may require decades (Berkowitz & White, 2013; Emsens et al., 2020; Kreyling
et al.,, 2021; Yu et al., 2017).

Tidal and riverine wetlands, linked to larger hydrological regimes, have been shown
to recover biogeochemical functions and biological structure within approximately
20 and 30 years, respectively, whereas non-tidal depressional wetlands fed by

precipitation or groundwater have not reached reference conditions even after 50
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years of restoration (Moreno-Mateos et al., 2012). More recently, a global synthesis
of restored tidal marshes reported that most ecosystem service indicators
approached or exceeded reference conditions within five years of restoration,
although soil carbon stocks generally remained below reference values even after 30

years, despite increasing significantly with restoration age (Rowland et al., 2024).

This interpretation is also consistent with observations from restored tidal marshes
where passive hydrological reconnection does not immediately lead to the
development of organic-rich, low-density marsh soils. For example, in a restored salt
marsh in the Nisqually River Delta (Washington, USA), a formerly diked marsh
restored by levee removal remained largely unvegetated six years after restoration
and accumulated predominantly inorganic sediments with higher bulk density and
lower organic carbon contents than nearby reference marshes (Drexler et al., 2019).
Such patterns suggest that passive tidal restoration, particularly in subsided or
strongly reworked systems, may initially promote sediment redistribution and
vertical accretion before vegetation-driven organic matter accumulation becomes

dominant.

5.4.2 Greenhouse gas fluxes indicate a system functioning as
a carbon source the first years after restoration

The atmospheric carbon balance remained positive throughout the study period,
indicating that the wetland functioned as a net source of carbon to the atmosphere
in all years considered. Total emissions consistently exceeded 300 g C m™ yr™", with
respiration as CO; representing the dominant contribution. When evaluated relative
to the 2021 baseline, 2022 showed the largest increase in atmospheric carbon
emissions, driven by elevated CO, and CHj fluxes. In subsequent years (2023-2025),
total emissions progressively decreased relative to the 2022 peak, primarily due to
lower CO; emissions. However, atmospheric carbon emissions remained above
2021 levels until 2025 (Fig. 5.8), when the wetland becomes a C sink compared to
the baseline emissions. Despite this decline, respiration still dominated over CO»

uptake over the annual scale.

This contrasts with other restored tidal wetlands in the Delta and San Francisco Bay
Estuary, including sites restored using both passive and active approaches (Kasak et

al., 2020), in which their net ecosystem carbon balance is strongly negative and
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dominated by CO; uptake even shortly after restoration. This is the case for Dutch
Slough (AmeriFlux ID: US-Dmg), a restored brackish tidal marsh, which ranks
among the most productive wetland ecosystems globally, with maximum annual CO»
uptake exceeding -800 g C m-2 yr! (Arias Ortiz & Baldocchi, 2026; D. Baldocchi et
al., 2018). However, restoration design differed substantially between sites. At Dutch
Slough, restored included earthmoving to achieve elevations for a gradually sloping
marsh plain, the construction of a complex network of tidal channels, and site
revegetation prior to levee breaching. The site was then maintained as a non-tidal
wetland for two growing seasons prior to levee breaching, allowing vegetation and
carbon uptake capacity to become established before tidal reconnection. Similar
rapid transitions to carbon sink conditions have also been observed in restored non-
tidal wetlands within the Delta, where vegetation recovery can occur within one or
two growing seasons (Hemes et al., 2019). In contrast, restoration at Hill Slough
relied on a more passive approach, with no active revegetation or tidal channel
construction. Following hydrological reconnection, vegetation establishment and
tidal channel formation were left to develop naturally through tidal processes and
ecosystem reorganization. The reduction in CO» emissions may reflect reduced net
respiration or increased carbon uptake during the growing season. Similar patterns
have been observed in non-tidal restored wetlands, where the first year after flooding
was characterized by elevated respiration and neutral or positive NEE, driven by
incomplete vegetation establishment and enhanced decomposition of previously
accumulated organic matter (Hemes et al., 2019; Kasak et al., 2026; Knox et al.,
2015).

Methane emissions increased after restoration, particularly during the growing
season, indicating enhanced methanogenic activity under more reducing conditions
and consistent with the temperature sensitivity of this process (R. Conrad, 2023).
Prior to restoration, Hill Slough remained largely dry during summer months, and
therefore CH4 emissions were likely negligible under pre-restoration conditions
(Kasak et al., 2026). The post-restoration increase in CHy4 emissions likely reflects
the establishment of prolonged inundation and anaerobic conditions following tidal
reconnection. However, annual CH4 fluxes remained relatively low (2-14 g C m™ yr
1) compared to many freshwater restored wetlands and were at the lower end of the
range reported by the FLUXNET-CH4 network. This is consistent with

observations from other tidal wetlands, where saline conditions suppress
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methanogenesis through sulfate reduction and other competitive microbial pathways
(Arias-Ortiz et al., 2024; Poffenbarger et al., 2011). Methane emissions in other
restored wetlands of the Delta, including both tidal and non-tidal ecosystems, also
show strong seasonal dynamics linked to plant productivity and hydrological
conditions, and are substantially higher than those observed under other land uses
(Knox et al., 2015). Similar post-restoration trajectory have been reported in restored
freshwater wetlands, where methane emissions increase sharply following flooding
and decline over subsequent years as ecosystem structure and function develop
(Bartolucci et al.,, 2021; Bortolotti et al., 2016; Delwiche et al.,, 2025). In these
systems, the control on methane production and transport can also shift through
time as vegetation, hydrology, and microbial communities progressively reorganize

after restoration (Delwiche et al., 2025).

At Hill Slough, we observed a divergence in NEE and CHj flux trends during 2022-
2023, with an initial increase in both CO2 and CH4 emissions in the first year
following restoration, followed by increasing CH4 emissions and lower net CO»
emissions. These different responses between NEE and CHj4 fluxes are commonly
observed in rewetted wetlands, where anaerobic decomposition and methane
production are promoted (Bridgham et al., 2013; Knox et al., 2015), while CO»
uptake has been reported to become dominant once restored wetlands reach
approximately 55% vegetation cover, based on a synthesis of 21 restored freshwater
and brackish wetlands (Valach et al., 2021). The revegetation process increases the
production of labile organic matter and root exudates, which can promote CHs
production (Waldo et al., 2019).

The interannual variability in NEE and CH4 fluxes is characteristic of restored
wetlands during the first years after restoration, when ecosystem processes are still
adjusting to new hydrological conditions. This highlights the importance of multi-
year measurements, as short-term observations may capture only transient post-
restoration conditions rather than the long-term trajectory of ecosystem recovery
(Delwiche et al., 2025). At Hill Slough restored marsh, greenhouse gas flux
monitoring indicate that the ecosystem-scale carbon exchange remains in a
transitional state following restoration, with carbon dynamics still dominated by

emissions before longer-term recovery of sink function.
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Although CHy represented a smaller fraction of the total carbon mass emitted, its
climatic importance increased substantially when emissions were expressed as CO»-
equivalents using the 100-year sustained-flux global warming potential (SGWP1¢0)
(Neubauer & Megonigal, 2015). However, because the ecosystem is still in transition,
current emissions are unlikely to represent long-term conditions and represent an
eatly stage of ecosystem recovery, and the time required for the system to shift from
a net GHG source to a sink may decrease as vegetation and biogeochemical
functions develop (Delwiche et al., 2025), which will be observable as monitoring

continues.

Efforts to enhance carbon sequestration in wetland restoration projects may
therefore be accompanied by increased greenhouse gas emissions during the first
years following restoration, potentially delaying the realization of net climate benefits
(Arias-Ortiz et al., 2021; Hemes et al., 2019).

5.4.3 Sediment and atmospheric carbon dynamics are partially
aligned across spatial scales

Both sediment carbon and nitrogen profiles and atmospheric fluxes reflect the
existence of a transitional phase following restoration, during which the ecosystem
remains in the early stages of adjustment. Throughout the monitoring period,
atmospheric fluxes and soil stocks changed in the same direction, with restoration
initially increasing net carbon losses relative to the pre-restoration baseline through

increased carbon emissions to the atmosphere and a reduction in soil stocks.

The median reduction in Cer stocks was of 180 g C m=2. Over the same period, the
cumulative difference in atmospheric carbon balance relative to the pre-restoration
baseline was 220 g C m2. Assuming that stock reduction is linear during sampling
years, the median annual difference in Coy stocks would be of 62 ¢ C m=2 yr,
comparable in magnitude to the median annual increase in atmospheric carbon
fluxes estimated from eddy covariance (71 g C m2yr!). Although this comparison is
approximate, both approaches therefore indicate a net carbon loss following

restoration.

The comparison between changes in atmospheric carbon fluxes and sediment

carbon stocks should, however, be interpreted with caution, as it relies on several
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assumptions. Each method captures different pathways and scales of carbon cycling.
Sediment inventories integrate changes in sediment stored carbon at discrete
sampling locations, while eddy covariance integrates ecosystem-atmosphere
exchange over a larger and spatially heterogeneous footprint, which may include not
only emissions from the wetland sediments and vegetation, but also respiration from
the water column and carbon exchanges associated with hydrological transport of
adjacent estuarine waters. The spatial heterogeneity of the marsh may further
contribute to these differences, as the eddy covariance footprint is dominated by
lower-elevation areas (0.6 — 1.0 m), including frequently inundated mudflats and
sparsely vegetated zones, whereas sediment cores were collected at a broader set of
clevations (0.6 — 2 m). The observed changes in surface carbon stocks were spatially
heterogeneous across cores, with most locations showing decreases averaging ~12%,
while one location exhibited an increase of ~27%. The coefficient of variation (CV)
of surface carbon stocks was 24% before restoration and 36% after restoration,
indicating substantial spatial variability across the wetland. Given that the magnitude
of the observed stock reductions was of similar order to the spatial variability
represented by the CV, part of the detected differences may reflect natural
heterogeneity in sediment properties and deposition patterns in addition to
restoration-driven changes. Increasing the number of replicate cores would improve
characterization of spatial variability and allow a clearer separation between natural

variability and real changes in sediment carbon stocks following restoration.

One important process that we have not accounted for is the contribution of lateral
carbon export and imports, which would entail additional hydrological and
biogeochemical measurements. In addition to vertical burial and mineralization,
carbon can be exchanged as dissolved or particulate organic carbon, a process widely
documented in wetlands influenced by hydrological connectivity and tidal exchange
(Bogard et al., 2020; Z. A. Wang et al., 20106). Tidal restoration likely altered not only
vertical sediment processes but also the pathways through which carbon is

redistributed within and beyond the system.

Together, these findings suggest that hydrological restoration does not necessarily
lead to an immediate recovery of carbon sink function but instead initiates a
transitional phase. However, the absence of net carbon sequestration in the first

years after restoration does not imply that the restoration process is not delivering
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benefits in other ecological functions. Habitat provision, and increased biodiversity
are all relevant services that the restored wetland is already providing (Mitsch et al.,
2015).

Finally, these results highlight the importance of combining sediment and
atmospheric approaches to assess post-restoration carbon dynamics. The reduction
in surface sediment Corg stocks observed after tidal reconnection could be interpreted
as evidence of enhanced CO; emissions, but it may also reflect the redistribution of
organic matter within the wetland or lateral carbon losses through tidal export. In
this study, atmospheric measurements showed a consistent initial increase in carbon
emissions following restoration, supporting the interpretation that the observed
sediment carbon losses were at least partially associated with enhanced ecosystem
respiration during the early restoration phase. However, continuous eddy covariance
measurements also reveal that the system has only recently begun to show signs of
recovering carbon sink capacity during parts of the growing season, a signal not yet
detectable in the sediment stocks. Together, these findings illustrate the different
temporal and process-based perspectives captured by soils and atmospheric
measurements and demonstrate that combining both approaches provides a more
complete understanding of restoration trajectories and carbon dynamics in restored
wetlands. A combined approach is therefore necessary to fully resolve carbon
budgets in restored wetland systems and provides a more complete assessment of
restoration consequences. Tracking vegetation development, porewater chemistry,
and sediment geochemistry could improve interpretation of restored wetland carbon

and nitrogen dynamics (Anthony & Silver, 2020; Delwiche et al., 2025).

This is an ongoing work and 2P dating, organic matter replicates and core sampling

representativeness using randomized accumulation curves will be added to it.
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6. Conclusions and future perspectives
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We can still explore the overgrown verges of our blasted landscapes.

Anna Tsing
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6.1 Conclusions

The aim of this thesis was to reconstruct how anthropogenic pressures have altered
sediment, nutrient, and metal fluxes to coastal wetlands through the study of
sedimentary archives, and to evaluate how these impacts have shaped ecosystem
functioning. Specifically, the research goals included 1) reconstructing the evolution
of sedimentary metal concentrations, fluxes, and sources into the sediments of a
coastal lagoon, and linking them to the development of the mining industry and
other anthropogenic activities; 2) evaluating how anthropogenic nutrient inputs
derived from agriculture and urban expansion altered carbon and nitrogen cycling in
the sediments of a coastal lagoon; and 3) assessing the effects of tidal wetland
restoration on carbon and nitrogen dynamics in sediments and greenhouse gas fluxes
in a tidal marsh. Each one of these objectives is addressed in a different thesis

chapter. The main conclusions derived from these chapters are summarized below.

In Chapter 3, the fluxes of metals over the last century to the sediments of Mar
Menor, Europe’s largest saltwater lagoon were reconstructed to evaluate how the
development of the mining industry in the Sierra Minera de Cartagena-La Unién
shaped metal accumulation and contamination patterns in the lagoon. As a
consequence, lagoon sediments are enriched in Pb, As, Zn, Hg, Cu, and Ag in
concentrations that surpass sediment toxicity thresholds and are generally higher
than values reported in other marine coastal enclosed ecosystems affected by metal
contamination. The southern sector of the lagoon, closest to the mining mountain
range, has accumulated the highest metal stocks. The mining industry is responsible
for the increase in metal concentrations everywhere in the lagoon from the start of
the 20th century until the 1950s. Since then, the general decline in metal
concentrations can be largely attributed to the 1955 ban on mining spills and the
cessation of mining activities in 1991. After mining activities ceased, leaching from
the watershed soils continued to supply metals to the sediments. Additional
anthropogenic sources, such as antifouling paints and sewage discharges, also
delivered Hg, Cu, and Ag to the lagoon. Nowadays, surface metal concentrations
still exceed sediment quality guidelines, and although sediments appear to be
effectively retaining these metals, changes in the lagoon conditions could alter this
situation and promote their mobility. Extreme precipitation events driven by climate

change and eutrophication episodes might increase the resuspension risk of
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historically accumulated contaminated sediments, favoring their bioavailability, and
endangering biota. Marine ecosystems affected by historical metal contamination
and vulnerable to resuspension risks, could experience renewed effects of this legacy
pollution. Therefore, studies focused on metal contamination from the source and
remobilization perspectives are crucial for developing future management plans for

marine coastal ecosystems.

In Chapter 4, sedimentary carbon and nitrogen records were used to reconstruct
how agricultural intensification, hydrodynamic modifications, urban development,
and the expansion of the non-indigenous macroalgae Canlerpa prolifera reshaped
nutrient dynamics and sediment organic matter composition in the Mar Menor
coastal lagoon throughout the 20th and early 21st centuries. Sedimentary 8'*C and
8'°N records documented a progressive shift from a hydrologically restricted system
toward one increasingly influenced by Mediterranean-derived organic matter and
terrestrially derived nitrogen inputs. This shift was mainly derived from i) the
widening of the lagoon-sea connection (Estacio channel) in 1973 and, ii) the growing
anthropogenic inputs from sewage discharge and intensive agriculture from the
1970s onward. Prior to the 1970s, the lagoon exhibited a stronger spatial
heterogeneity in sedimentary nutrient concentrations and accumulation patterns,
whereas the increase in anthropogenic nutrient inputs progressively homogenized
nutrient sources across the lagoon, promoted C. prolifera expansion, increased
phytoplankton productivity, and eventually contributed to the 2016 ecosystem
collapse and transition toward a eutrophic, macroalgae-dominated state. Carbon and
nitrogen burial rates increased significantly after 1990, reflecting intensified nutrient
loading. The highest accumulation rates occurred in the southern sector, where
values were comparable to global seagrass estimates, while nutrient-rich surface
sediments in the northern lagoon and southwestern sector contain high nutrient
stocks vulnerable to resuspension and subsequent remineralization. Although only a
small fraction of sedimentary organic matter derives directly from C. prolifera, the
species likely contributes indirectly to carbon preservation by enhancing sediment
retention. Sediment remobilization of the areas with larger stocks under future
eutrophic or extreme climatic conditions could intensify oxygen depletion and

eutrophication feedbacks.

142



In Chapter 5, the responses of a tidal wetland to hydrological restoration were
studied, both analyzing sedimentary changes as in Chapters 3 and 4, and adding the
evolution of greenhouse gases between the ecosystem and the atmosphere. Tidal
restoration at Hill Slough marsh initiated an early-stage reorganization of sediment
biogeochemistry and ecosystem carbon dynamics following hydrological
reconnection. Post-restoration sediments showed lower surface Coy and TN
contents, and changes in DBD profiles, indicating shifts in sediment accumulation.
Stable isotope data also reflected an increased diversity of organic matter sources
after restoration, associated with enhanced hydrological connectivity and the
coexistence of benthic, pelagic, and marsh-derived inputs. However, three years after
restoration, the wetland had not yet started to accrue sediment Cor and TN stocks
above the pre-restoration baseline, suggesting that geomorphological and
biogeochemical adjustment is still ongoing. Passive tidal reconnection may have
promoted sediment redistribution from localized erosion and deposition, while the
vegetation cover is not sufficiently developed for CO; uptake to dominate ecosystem
carbon exchange. These results are consistent with chronosequence or space-for-
time studies and meta-analyses showing that the recovery of carbon and nitrogen
stocks often requires decades after restoration. Greenhouse gas fluxes measured
through eddy covariance further indicate that Hill Slough remained in a transitional
state Emissions increased immediately after restoration, particularly during 2022,
before progressively declining in subsequent years as vegetation and ecosystem
functioning developed. Methane emissions also increased after tidal reconnection
due to wetter and more reducing conditions, although fluxes remained relatively low
under saline conditions. By 2025, however, the system showed carbon sink
conditions relative to the pre-restoration baseline. Both sediment inventories and
eddy covariance measurements captured signals of net carbon loss following
restoration, although each method reflected different components and
spatiotemporal scales of ecosystem carbon cycling influenced by vegetation,
inundation patterns, respiration, and hydrological transport. Sediment stocks
integrate localized changes in long-term carbon storage, whereas atmospheric flux
monitoring capture ecosystem-scale exchanges at annual and subannual scales, thus
expanding the available tools to study ecosystem impacts. Together, these findings
show that hydrological restoration does not necessarily produce an immediate
recovery of carbon sink function, but instead initiates a transitional phase

characterized by complex and evolving carbon pathways.
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Overall, this thesis demonstrates that sediment archives are powerful tools to
reconstruct past changes in metals, and nutrient fluxes in coastal wetlands and to
identify the anthropogenic drivers controlling their evolution through time. By
integrating sediment dating with geochemical proxies and greenhouse gas flux
measurements, this work shows how human activities operating at the watershed
scale, including mining, agriculture, urbanization, hydrological modification and
wetland restoration, strongly influence sedimentary accumulation processes and
biogeochemical cycle. These results also reveal that ecosystem responses to
environmental change operate over different timescales, with some impacts
persisting for decades despite management actions, while other biogeochemical
responses can occur rapidly following environmental change. Coastal wetland
recovery should therefore be understood as a long-term trajectory shaped by
watershed-wide effects, internal feedbacks, buffering mechanisms, and indirect
anthropogenic pressures. These insights are particularly relevant in the context of
growing environmental pressure, where understanding how multiple stressors
interact will be critical for designing effective management, conservation, and

restoration strategies.

6.2Future perspectives

Despite substantial progress in recent decades, major uncertainties remain regarding
the role of coastal wetlands in global biogeochemical cycles and their response to
increasing anthropogenic pressure. As multiple stressors intensify and co-occur,
advancing our understanding of these systems will require more integrative and

interdisciplinary approaches.

A key priority is the development of multiproxy and high-resolution
reconstructions to better constrain the timing and drivers of ecosystem change
through sedimentary processes. Combining geochronological techniques and
geochemical proxies with emerging tracers, such as environmental DNA (eDNA)
(Thomsen & Willerslev, 2015), would allow linking sedimentary records to specific
biological communities and ecosystem shifts. Expanding sediment analyses to
include other nutrients such as phosphorus and silicon, would also provide a more

complete picture of the evolution of eutrophication dynamics and nutrient cycling,
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particularly on systems where algal blooms are dominated by diatoms, such as the

Mar Menor coastal lagoon.

Resuspension processes in coastal wetland sediments have been identified as key
mechanisms controlling the transfer of nutrients, metals, and other contaminants
from sediments to the water column (Liu et al., 2024). However, the tracers and
methodological approaches required to quantify these processes remain
underdeveloped. Future research should therefore focus on improving the
identification, characterization, and quantification of sediment resuspension
dynamics and their implications for the mobilization and bioavailability of

contaminants and nutrients.

Further attention should be given to nutrient burial processes, particulatly nitrogen,
which remains pootly quantified at the global scale despite its importance as a
buffering mechanism against eutrophication (Langley et al., 2025). While sediments
can act as effective nutrient sinks, nitrogen-rich sediments may also become soutces
of this nutrient to the water column under changing environmental conditions, such
as enhanced remineralization or resuspension. Generating broader datasets of
nitrogen burial rates across different coastal wetland types would substantially
improve global assessments of their role in nutrient retention and ecosystem

resilience.

In the context of blue carbon, improving the quantification of carbon sequestration
requires distinguishing between labile and recalcitrant organic matter fractions, as
well as accounting for their biological degradation susceptibility, which differ from
thermal degradation, and refining estimates of long-term burial, especially under
future climate change scenarios (Sun et al., 2023). In addition, the potential role of
macroalgal systems, such as Cawlerpa-dominated habitats, as blue carbon ecosystems

remain largely unexplored and deserves further investigation.

Future research should further explore the application of concentration-
dependent stable isotope mixing models in sedimentary organic matter source
determination studies. Stable isotope mixing models are usually used without
employing concentration-dependent approaches, even though potential sources of

organic matter to sediments often include a highly diverse array of materials, such as
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dissolved and particulate organic matter from terrestrial and marine origin,
macrophyte biomass (i.e., seagrasses, macroalgae, and saltmarsh vegetation),
phytoplanktonic contributions, and microbial contributions. Because these sources
usually present different proportions of Cu and TN contents (Lamb et al., 2000),
approaches that do not account for concentration dependence may bias estimated
source contributions. Integrating the widespread use of concentration-dependent
models may therefore be the most suitable approach to more accurately determine
the origin of the organic matter being deposited in sediments, particularly in complex
coastal systems characterized by heterogeneous and shifting organic matter sources
over time. Additionally, future studies should aim to bridge the gap between source
determination and flux quantification by developing models for each nutrient. Such
approaches could provide quantitative estimates of the contributions of specific

organic matter sources to long-term Cory and TN burial fluxes.

A major gap persists in the integration of sediment processes with greenhouse
gas fluxes and their future trajectories. Quantifying carbon burial alongside CO»,
CH,4, and N, O emissions is essential to determine whether coastal wetlands function
as net carbon sinks or sources, particularly in degraded or restored systems.
However, beyond present-day quantifications, a critical challenge lies in forecasting
how these fluxes will respond to ongoing environmental change. Predicting the
future greenhouse gas balance of coastal wetlands requires a detailed understanding
of the interactions between carbon accumulation, nutrient cycling, and
environmental drivers such as temperature, salinity, hydrodynamics, and sea-level

rise.

Finally, the increasing co-occurrence of multiple stressors on coastal wetlands
(Newton et al., 2020) additionally demands a more holistic research and management
framework. Future studies should explicitly address interactions between
contaminants, nutrient enrichment, hydrodynamics, and climate change, while also
accounting for the human activities that drive these pressures. In this context,
integrating local and ecological knowledge with scientific research can improve both
the interpretation of environmental changes and the effectiveness of management
strategies (Albuquerque et al., 2021). Moving beyond one-size-fits-all conservation
approaches toward adaptive, context-specific solutions that involve local

communities in decision-making processes will be essential (Macreadie et al., 2020)
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to ensure that conservation and restoration efforts deliver both ecological and

societal benefits.
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7. Appendices

7.1 Supplementary Information for Chapter 3

7.1.1 Coordinates for sampled cores

Table 7.1 Geographic coordinates of sediment cores collected in the Mar Menor
lagoon reported in decimal degrees (WGS84).

Core Latitude (°N) Longitude (°E)
OPC1 37.79362 0.78102
OPC2 37.7588 0.80345
OPC3 37.73748 0.82937
OPC4 37.7062 0.8325
OPC5 37.71538 0.79613
OPC6 37.73971 0.76807
OPC7 37.68908 0.81547
OPC8 37.64905 0.74179
OPC9 37.6983 0.83944
OPC10 37.65036 0.77346
OPC11 37.68834 0.80692
OPC12 37.67878 0.75476
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7.1.2 Specific activity profiles of 2'°Pb
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Figure 7.1 Total 2°Pb (in black) and ??6Ra (in orange) specific activity profiles
for all cores.
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Figure 7.2 Grain size percentage distribution by depth for all sampled cores.
Note that Gravel includes shells and biogenic remains.
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Figure 7.3 Dry bulk density (g:cm3) profiles.
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7.1.4 Summary of metal concentrations

Lowest and highest metal concentration value for each circulation sector.

Metal Lowest values Highest values
(mg-kg!
or g'kg
1)
North Center South  North Center South

Al* 8.0 18 11 18 43 31

Ag 013 021 0.18 0.82 1.9 5.5
As 18 14 19 35 43 100
Ca* 170 100 140 310 170 200
Cd 013 035 0.10 9.6 9.5 14
Cr 18 36 25 36 67 53
Cu 6.1 13 7.7 57 39 50
Fe* 6.7 14 8.4 12 25 60
He 0.041 0050  0.053 0.31 0.19 0.53
Na* 8.5 8.7 10 130 29 36
Ni 11 21 12 25 35 37
Pb 76 180 200 870 1,500 3,400
Si* 35 81 60 93 140 210
St 1,900 910 1,600 3400 2300 3,500
Ti 770 1300 870 1,400 2,060 2,020
Zn 26 85 130 1,400 1,600 3,700
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7.1.5 Results for statistical tests

Table 7.3 H values and Z values (p < 0.01) for Kruskal-Wallis and Dunn tests for

differences between lagoon regions.

Pb Hg As Cu Zn Ag
66
H values 63 67 50 66 83
Z. for North-
Center - -2.9 - - - -
Z for North-
South -5.1 -3.2 -4.4 -4.2 -3.8 -6.5
Z. for Center-
South -7.7 -7.9 -8 -6.8 -8.1 -8.2
7.1.6 Metal concentration profiles for all cores
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Figure 7.4 Pb concentration (mg-kg') profiles for cores. The dashed line
represents the Probable Effects Level (PEL) concentration, 112 mg-kg-.
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Figure 7.5 Hg concentration (mg-kg) profiles for cores. The dotted line represents

the Threshold Effects Level (T'EL) concentration, 0.13 mg-kg-1.
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Figure 7.6 Arsenic concentration (mg-kg-') profiles for cores. The dashed line
represents the Probable Effects Level (PEL) concentration, 17 mg-kg-.
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Figure 7.7 Cu concentration (mg-kg') profiles for cores. The dotted line represents
the Threshold Effects Level (TEL) concentration, 18.7 mg-kg-.
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Figure 7.8 Zn concentration (mg'kg?) profiles for cores. The dashed line
represents the Probable Effects Level (PEL) concentration, 271 mg kgL
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7.1.7 Sequential T-test Analysis of Regime Shifts (STARS) results

Table 7.4 RSI and p-values. for cores OPC1 (North), OPC6 (Center) and OPC8
(South).

Metal Year RSI or p-vals*
Pb Before 20th century 2.2
North 1900s 1.7
Hg Before 20th century 1
1980s 1.1
As Before 20th century 1.5
1900s 1.5
Cu 1900s 1.7
1920s 0.041
1970s 1.4
2000s 1.4
Zn 1900s 33
Ag Before 20th century 1.1
1920s 1.5
2000s 0.2
Pb Before 20th century 2.7
Center 1960s 1.4
Hg Before 20th century 2.9
1900s - 1920s 1
1960s 1.6
1990s 0.73
As Before 20th century 2.2
1960s 0.52
2000s 1.4
Cu Before 20th century 1.7
1960s 0.99
1970s 0.05
Zn Before 20th century 3.9
1960s 1.2
Ag Before 20th century 3.7
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1960s

0.95

South

Pb

Hg

Cu

Ag

Before 20th century
1900s - 1910s
1960s
Before 20th century
1910s - 1920s
1980s
Before 20th century
1900s — 1910s
1960s
1980s
Before 20th century
1900s - 1910s
1900s - 1910s
Before 20th century
1920s - 1930s
1980s
1990s

2.7
2.8
0.15
3.8
1.2
1.3

1.6
0.8
1.3
2.6
2.7
0.037%*
1.8
1.9
0.0024
0.3
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7.1.8 Metal correlations with dry bulk density and grain size

Table 7.5 R correlation coefficient (Spearman) between dry bulk density, grain

size, and metal concentrations in sediments.

Dry bulk Clay (%) Silt (%) Sand (%)  Gravel (%)

density

(grem?)
Ag -0.59** -0.17* 0.34%* -0.19* -0.053
Al -0.30%* 0.26** 0.26%* -0.30%* -0.090
As -0.31%* -0.32%% 0.10 0.056 -0.028
Ca 0.37%* 0.043 -0.40%* 0.30%* 0.30%*
Cd -0.55%* 0.19* 0.33%* -0.14 0.024
Cr -0.43** 0.37** 0.57%* -0.55%* -0.33%*
Cu -0.75 0.033 0.58** -0.44%* -0.13
Fe -0.23%* -0.13 0.21%* -0.12 -0.27+*
Na -0.87 0.05 0.54%* -0.46** 0.12
Ni -0.47 0.34%* 0.59%* -0.55%* -0.31+*
Pb -0.48* -0.29+* 0.25%* -0.067 -0.051
Si 0.16* -0.13 -0.038 0.072 -0.13
St 0.38%* -0.42%* -0.55%* 0.61%* 0.39%*
Ti -0.50%* 0.32%* 0.63%* -0.54%* -0.35%*
Zn -0.42%* -0.39%* 0.21%* -0.013 -0.09
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7.1.9 Accumulated Pb stocks
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Figure 7.10 Pb accumulated stock for cores OPC1 (North), OPC6 (Center), OPCS8
(South). A period corresponds to 1920-1940, when industrial mining was
expanding, B to 1940-1960, when the exploitation reached its peak, and C to 1960-
1980, following the implementation of spilling bans to Mar Menor.

Table 7.6 Accumulated Pb by periods and core for each area.

Accumulated Pb (g'm2) North  Center South
A: 1920-1940 7.4 17 41
B: 1940-1960 7.9 15 48
C: 1960-1980 4.5 7.3 38
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7.2Supplementary Information for Chapter 4

85N (%o)

Source n TOC (%) TN (%) C:N 6"2C (%o)
-28.35

Lemon tree leaves 4 40.73 £ 1.69 1.84 £0.23 26.0 £2.2 0.84 6.33 + 0.67

Lettuce 1 43.32 3.83 13.2 -28.19 8.62
-29.34 £

Celery 3 42.03 £ 2.06 4.74 £ 0.33 104 +1.2 0.23 4.75 £ 2.99
-26.95 +

Almond tree leaves 2 43.26 £ 0.16 2.09 £0.11 243113 0.32 1.30 £ 0.25
-19.13 £

Floating algae 3 29.94 + 2.21 3.34 £ 0.09 10.5+ 0.5 0.58 9.48 +0.47
-14.68

Caulerpa prolifera 15 44.64 £1.97 3.82+0.72 142+ 3.5 0.68 5.05 + 1.00

Cymodocea nodosa 3 41.19 £ 0.33 2.87 £ 0.02 16.7 £ 0.2 -6.14 £ 033 4751 0.52

Posidonia oceanica -12.78

(Mediterranean) 3 27.63 + 2.19 0.75 £ 0.04 429 £ 5.1 1.54 1.30 £ 0.29
-16.41 £

Albujén SPOM 2 0.64 £ 0.02 0.053* 12.0* 0.43 8.40*
-22.86 £

Coastal lagoon SPOM 4 0.21 £ 0.03 0.010 £ 0.003 22.0 £5.7 2.11 3.45 + 0.46

Mediterranean SPOM 1 0.51 0.013 38 -15.7 2.9
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Figure 7.11 Boxplots for Corg, TN, 6'*C and 6N grouped by lagoon sector (North,
Center, South). Points represent individual sediment samples, boxes represent the
interquartile range (IQR), horizontal lines indicate medians, and whiskers extend
to 1.5 x IQR. Letters denote statistically significant differences among sectors

(Dunn’s post hoc test, p < 0.05).
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Figure 7.12 Mass-weighted mean boxplots for C, TN, 6'*C and 8N grouped by
lagoon sector (North, Center, South). Points represent individual sediment
samples, boxes represent the interquartile range (IQR), horizontal lines indicate
medians, and whiskers extend to 1.5 x IQR. Letters denote statistically significant
differences among sectors (Dunn’s post hoc test, p < 0.05).
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7.2.2 Corg (%), TN (%), 5°C (%) and 5N (%) depth profiles

Corg (%)
0 2 = 6 8 0 2 4
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Accumulated mass (g-cm?)

OPC10 OPC11 OPC12
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Figure 7.13 C,.; concentration profiles (%) of the cores not shown in the main text. Cores

are grouped by region: north (OPC2), center (OPC3, OPC4, OPC6), and south (OPC8,
OPCY, OPC10, OPC11, OPC12).
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Figure 7.14 TN concentration profiles (%) of the cores not shown in the main text.
Cores are grouped by region: north (OPC2), center (OPC3, OPC4, OPC6), and
south (OPC8, OPC9, OPC10, OPC11, OPC12).
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Figure 7.15 6'*C profiles (%o) of the cores not shown in the main text. Cores are
grouped by region: north (OPC2), center (OPC3, OPC4, OPC6), and south (OPCS,
OPC9, OPC10, OPC11, OPC12).
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Figure 7.16 6N profiles (%0) of the cores not shown in the main text. Cores are
grouped by region: north (OPC2), center (OPC3, OPC4, OPC6), and south (OPCS,
OPrCY, OPC10, OPC11, OPC12).
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Figure 7.16 6"*C and 85N profiles (%o) of all cores.
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7.2.3 C:N ratios depth profiles

C:N ratio
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Figure 7.17 C:N ratio profiles of selected cores representative of the different
lagoon sectors (OPC1 in the north, OPC5 in the center, and OPC7 in the
southwest).
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Figure 7.18 C:N ratio profiles of the cores not shown in the main text. Cores are

grouped by region: north (OPC2), center (OPC3, OPC4, OPC6), and south
(OPCS, OPCY, OPC10, OPC11, OPC12).
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7.2.4 Mixing model without concentration dependence and 5
endmembers

1900-1950 1950-1990 1990-2020
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Figure 7.19 Spatially interpolated nutrient contributions (%) of Terrestrial,
Mediterranean, and Caulerpa prolifera sources for 1900-1950, 1950-1990, and 1990-
2020 for model configuration without concentration dependence and 5
endmembers: the aforementioned ones, C. nodosa and sutrficial algae. For
representation purposes, categories are different from the figure in the main text.
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7.2.5 Mixing model with concentration dependence and 3
endmembers
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Figure 7.20 Spatially interpolated nutrient contributions (%) of Terrestrial,
Mediterranean, and Caulerpa prolifera sources for 1900-1950, 1950-1990, and 1990-
2020 for model configuration with concentration dependence and these three
endmembers. For representation purposes, categories are different from the figure
in the main text.
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7.3 Supplementary Information for Chapter 5
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Figure 7.21 Cumulative dry mass (g cm) profiles by depth for collected cores
before (open light-blue circles) and after (filled dark-blue circles) restoration.
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Figure 7.22 a) 8BC (%o) and (b) 8'*N (%o) as a function of cumulative dry mass (g
cm?) in cores collected before (open light-blue citcles) and after (filled dark-blue
circles) restoration across sites.
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Figure 7.23 Relationship between organic matter (OM, %) and organic carbon
content (Corg, %) in Hill Slough sediment samples from before restoration. Points
represent individual samples collected across all cores and sampling periods. The
solid line represents the linear regression fit, and the shaded area the 95% confidence
interval.
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Figure 7.24 Relationship between sediment organic carbon (Corg, %) and total
nitrogen (TN, %) concentrations in sediment samples. The solid black line
represents the linear regression fit, while the shaded area indicates the 95%

confidence interval.
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Figure 7.25 Relationship between sediment C:N ratio and 6"*C values before (Pre)
and after (Post) tidal restoration at Hill Slough. Solid lines represent linear
regressions for each period. No significant relationship between C:N ratio and
6"2C was found. A sample with C:N ratio over 20 was considered an outlier for the
post-restoration samples and is not displayed in this graph nor accounted in the
linear regression.
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Figure 7.26 a) Net ecosystem exchange (g C-CO2, m?2 d") and b) CH4 (g C-CHy m-
2 d-1) flux evolution over the period 2021-2025. The black dot indicates the flooding
moment in 2021. Dark blue and dark green lines apply to the soil sampling years
(2021, 2024).
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